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• Isotopically enriched 109Ag and Au
nanoparticles (NP) were spiked to a
pilot wastewater treatment plant
(WWTP).

• Exposure of aquatic invertebrates at
environmentally realistic conditions for
availability assessment

• Isotopic enrichment allowed to track
NPs fate in WWTP matrices and exposed
amphipods against high background.

• Reduced uptake of 109Ag and Au after
the NP passed through a WWTP

• Brackish exposure conditions alone
reduce the uptake of pristine NP.
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A B S T R A C T

Wastewater Treatment Plants (WWTP) are a major repository and entrance path of nanoparticles (NP) in the
environment and hence play a major role in the final NP fate and toxicity. Studies on silver nanoparticles (AgNP)
transport via the WWTP system and uptake by aquatic organisms have so far been carried out using unrealis-
tically high AgNP concentrations, unlikely to be encountered in the aquatic environment. The use of high AgNP
concentrations is necessitated by both the low sensitivity of the detection methods used and the need to
distinguish background Ag from spiked AgNP.

In this study, isotopically enriched 109AgNP were synthesized to overcome these shortcomings and charac-
terized by a broad range of methods including transmission electron microscopy, dynamic and electrophoretic
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light scattering. 109AgNP and gold NP (AuNP) were spiked to a pilot wastewater treatment plant fed with
municipal wastewater for up to 21 days. AuNP were used as chemically less reactive tracer. The uptake of the
pristine and transformed NP present in the effluent was assessed using the benthic amphipod Hyalella azteca in
fresh- and brackish water exposures at environmentally relevant concentrations of 30 to 500 ng Au/L and 39 to
260 ng Ag/L. The unique isotopic signature of the 109AgNP allowed to detect the material at environmentally
relevant concentrations in the presence of a much higher natural Ag background. The results show that the
transformations reduce the NP uptake at environmentally relevant exposure concentrations. For 109Ag, lower
accumulation factors (AF) were obtained after exposure to transformed NP (250–350) compared to the AF values
obtained for pristine 109AgNP (750–840). The reduced AF values observed for H. azteca exposed to effluent from
the AuNP-spiked WWTP indicate that biological transformation processes (e.g. eco-corona formation) seem to be
involved in addition to chemical transformation.

1. Introduction

The increasing production and use of nanomaterials (NM) inevitably
leads to an increased release into the environment (Nowack and Bucheli,
2007; Gottschalk and Nowack, 2011; Sun et al., 2017; Rajput et al.,
2020). Markus et al. reported for 2013 that in the Netherlands alone 46
mg of silver nanoparticles (AgNP) per person, as one of the most pro-
duced NM, are released yearly into the wastewater (Markus et al., 2013).
By this, it is not surprising that between 2014 and 2018 AgNP concen-
trations of up to 2.1 (Norway), 2.2 (Sweden) and 3.3 μg/L (UK) were
measured in the wastewater entering wastewater treatment plants
(WWTPs) (Johnson et al., 2014; Östman et al., 2017; Polesel et al.,
2018). According to Mahapatra et al. (2015), in the USA alone, an
estimated 1.3 t of gold nanoparticles (AuNP) from pharmaceutical use
entered the sewage system in 2015 (Mahapatra et al., 2015).

Even though the majority of NM form hetero-agglomerates with the
biomass during the activated treatment and accumulate in the sludge, a
small fraction of NM still reaches the aquatic environment through the
WWTP effluent. Due to this, the main entry path of NM into the envi-
ronment is via wastewater and finally through the WWTP matrices such
as sludge and effluent (Kaegi et al., 2011; Lowry et al., 2012). Once NM
are in contact with wastewater they are subjected to physicochemical
transformations, such as sulfidation, hetero-agglomeration, dissolution
and biomolecule binding, which can alter their physicochemical prop-
erties and influence their behavior and fate. For AgNP in particular,
these transformations have been well studied, especially in the context
of the WWTP process (Kaegi et al., 2011; Lowry et al., 2012; Kaegi et al.,
2013; Ma et al., 2014).

Due to the altered physicochemical properties, both pristine and
transformed NM should be considered for more realistic exposure sce-
narios and (eco-)toxicological studies to avoid over or underestimation
of potential hazard. Although few studies have addressed this issue by
using transformed NM in exposure and effect studies some limitations
exist, due to the use of artificial effluents, the application of artificial or
chemical ageing methods for the NP, or the use of high NM concentra-
tions to overcome the high background concentrations of elements of
interest in the wastewater (Muth-Köhne et al., 2013; Kühr et al., 2018;
Hartmann et al., 2019; Zeumer et al., 2020a; Hund-Rinke et al., 2021;
Georgantzopoulou et al., 2020; Georgantzopoulou et al., 2018; Poynton
et al., 2019).

In the current study, isotopically enriched AgNP (109AgNP) were
synthesized allowing to trace them despite the high background of Ag in
the wastewater (Benn and Westerhoff, 2008) and in the organisms. A
pilot WWTP operating with municipal wastewater was spiked with
AuNP and 109AgNP for a period of up to 3 weeks in two independent
experiments. In this study we not only use real urban wastewater, but
also environmentally relevant NP concentrations that are significantly
lower than in comparable studies.

To investigate the fate of the NP within the WWTP, anaerobically
digested sewage sludge and effluent from the spiked WWTP was
collected over time. The WWTP effluent was used to investigate the
uptake and accumulation of transformed compared to pristine NP.
Additional uptake experiments with 109Ag+ ions were performed (ionic

control). The benthic freshwater amphipod Hyalella azteca was used for
the uptake studies, as it is considered to be one of the most suitable
invertebrates for NP bioaccumulation assessments and is currently being
discussed as an alternative to the OECD fish test for bioaccumulation
studies with NP (Kuehr et al., 2021a; OECD, 2024). Moreover, the up-
take, elimination, and detoxification strategies for metals in H. azteca
are well known (e.g. Poynton et al., 2019; Kuehr et al., 2021a; Borgmann
et al., 1993; Kuehr et al., 2020a; Kuehr et al., 2021b).

AuNP were also incorporated in this study due to the low natural and
anthropogenic background of Au and were used as a chemically con-
servative tracer, although we acknowledge, that also AuNP become
reactive below a certain size (Avellan et al., 2020; Wielinski et al.,
2021).

2. Material and methods

2.1. Nanoparticles

AuNP with a nominal diameter of 50 nm and a polyvinylpyrrolidone
(PVP) coating (Econix - Gold Nanospheres) were purchased from
nanoComposix.

Enriched 109Ag (99.7 %) in metallic form was purchased from Isoflex
USA. Isotopically enriched AgNP (109AgNP) were synthesized from the
metal using a modified protocol for seeded growth by Bastús et al. 2014
(Bastús et al., 2014). 109AgNP were citrate-stabilized as from synthesis
and not additionally coated. A detailed description of the 109AgNP
synthesis is provided in the supporting information (SI).

2.2. Characterization of the nanoparticles

The synthesized 109AgNP were characterized by transmission elec-
tron microscopy (TEM), analytical centrifugation and ultraviolet–visible
spectrophotometry (UV–Vis). The AuNP were characterized by TEM by
the provider nanoComposix (Fig. S1). The hydrodynamic diameter and
zeta potential (ζ-potential) of Au and 109AgNP were determined by dy-
namic light scattering and electrophoretic light scattering (ELS) in MQ
water, culture media (freshwater and brackish media) and WWTP con-
trol effluent, to assess the impact of the different exposure matrices on
the NP characteristics. Themetal content in the 109AgNP stock, as well as
in the ultra filtrate (to estimate the 109Ag ionic fraction present) was
measured by Inductively coupled plasma - mass spectrometry (ICP-MS).
A description of the characterization methods and additional results not
presented in the main document (e.g., analytical centrifugation, UV–vis
extinction spectra and size distributions from DLS) can be found in the SI
(Figs. S2–6).

2.3. Test organisms

All amphipods (Hyalella azteca) used in this study were obtained
from cultures at the Swiss Federal Institute for Environmental Science
and Technology (Eawag, Dübendorf, Switzerland) and the Norwegian
Institute for Water Research (NIVA, Oslo, Norway), derived from the
same strain (originally provided by Fraunhofer IME, Schmallenberg,
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Germany). The culture procedure described in (Kuehr et al., 2020b) was
adapted using 6 L glass aquaria filled with 5–6 L culture media (CM)
(Borgmann, 1996) containing approximately 1′000 individuals.

2.4. Pilot wastewater treatment plant and spiking experiments

A pilot WWTP (Fig. 1) fed with municipal wastewater from the sewer
network in Dübendorf, Switzerland after passing a primary clarifier was
operated at Eawag (Dübendorf, Switzerland). The WWTP was operated
with a wastewater flow of 16.8 L/h. A detailed description of the WWTP
operation is provided in the SI. The given setup resulted in a sludge age
of 22.3 days.

Gravimetric measurements of the total suspended solids (TSS) in
activated and digested sludge were carried out after drying aliquots at
105 ◦C overnight (values presented in Table S1). Parameters including
ammonium (NH4

+), nitrite (NO2
− ) and nitrate (NO3

− ) concentrations and
the chemical oxygen demand (COD) of the inflowing wastewater and the
effluent were measured photometrically using cuvette kits (Hach
Lange™) at least twice per week to monitor the performance of the
WWTP. The mean reduction of COD was calculated based on the COD
values of 0.45 μm filtered samples to exclude biological oxygen demand
from microbes (Table S2).

Prior to the start of the first experiment, the effluent and digested
sludge were collected and served as control samples for the subsequent
experiments. A separate WWTP spiking experiment was conducted for
each NP type, and the WWTP was completely cleaned after each
experiment. After restarting the WWTP, an equilibration period of at
least 2 weeks was allowed before the NP were spiked into the WWTP.
During the experiments, Au or 109Ag NP were spiked continuously into
the nitrification unit (②, Fig. 1) and once per day, for 10 min during the
mixing event, also into the thickener (④, Fig. 1). The spiking solutions
were created by dilution of the initial NP stock dispersions with ultra-
pure water (MQ water). Table S3 provides detailed information about
the concentrations and spiking rates of the respective spiking disper-
sions, which were freshly prepared every 72 h. Information about sta-
bility tests for the spiking dispersions are presented in the SI. Figs. S6 &
S7 present the size distribution of hydrodynamic diameters before and
after the spiking period. The spiking dispersions were stirred using a
stirring plate and protected from light. Spiking was performed with
peristaltic pumps (ISMATEC) and BPT tubing (Pharmed®). The flow
rates and volumes of spiking dispersions required to achieve the target

concentrations in the dried digested sludge were calculated treating the
WWTP a continuously stirred tank reactor (Kaegi et al., 2011).

The spiking concentrations were calculated to result in environ-
mentally realistic equilibrium concentrations in the sludge, but to be
high enough to allow the quantitative detection of the respective iso-
topes against the background concentrations. The target concentrations
in the dried digested sludge were 1 mg/kg for Au and 10 mg/kg for
109Ag, dry weight (dw) and exceeded the respective limits of quantifi-
cation by factors of about 10× to 20×, with the latter estimated from
analyses of non-spiked samples. To achieve the desired concentration
levels in the sludge within a reasonable time, higher flow rates
(Table S3) of the NP stock suspensions were used during the first 72 h of
the spiking (initial spiking) to load the sludge with a certain amount of
NP. After the first 72 h spiking rates decreased to match the target
concentration in the sludge (equilibrium spiking period). For the
digested sludge, additional spiking with the NP into the thickener sludge
mixed with primary sludge from the primary clarifier was performed
once per day (④, Fig. 1). During the spiking experiment samples were
collected from the denitrification unit (①, Fig. 1) and the effluent
leaving the secondary clarifier (③; Fig. 1) every 2 h for the first 72 h of
spiking and then at least once a day for up to 19 days to examine the NP
or related isotope concentration by ICP-MS. Digested sludge was
sampled once per day from the anaerobic digestor (⑤, Fig. 1). The
digested sludge was collected, once the initial 72-h spiking phase was
completed and stored at room temperature in 50 L plastic barrels. On the
same days the effluent for the exposure experiments was collected
during a 3 h period and stored in closed 25 L plastic canisters at 4 ◦C in
the dark. The experiment continued until sufficient digested sludge was
collected over the following days (up to 21 days). Details about the
processing of the digested sludge are provided in the SI.

2.5. H. azteca uptake experiments with AuNP and 109AgNP

The experiments were performed according to Kühr et al. (2018)
(Kühr et al., 2018) with slight modifications (a schematic overview of
the study can be found in Fig. S7). Adult animals between one and two
months old were exposed for 7 days under static conditions with ad
libitum feeding (milled fish food flakes, Tetramin®). Each treatment
(Table 1) consisted of 5 replicates, each with 15 individuals in 500 mL
exposure medium in a 600mL glass beaker. The organisms were exposed
to two concentrations of 109AgNP-containing WWTP effluent (undiluted

Fig. 1. Schematic overview of the pilot WWTP. ①: Denitrification unit; ②: Nitrification unit; ③: Secondary clarifier; ④: Thickener; ⑤: Anaerobic digestion unit.
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and two times diluted with control effluent). Culture media and control
effluent were included as controls. The concentration of Au in the
effluent of the AuNP spiked-WWTP experiment was below detection
limit. Thus, the AuNP exposure media were prepared from diluted
(x1000, x2000) activated sludge collected during the AuNP spiking
experiment. This strategy was chosen because the NP that will end up in
the effluent of a WWTP will be bound to sludge flocs and are expected to
be present at a concentration approximately 1′000 times lower
compared to the activated sludge. To compare the bioavailability of
pristine versus transformed NP, the organisms were also exposed to
pristine 109AgNP or AuNP spiked in culture media and control WWTP
effluent. Additional experiments using 109AgNO3 were carried out to
allow a comparison of the nanoparticulate and ionic form of 109Ag from
exposure at comparable concentration levels.

As in some countries like Norway, WWTPs discharge the effluent into
brackish water or marine systems (Tayeb et al., 2015; Al Aukidy and
Verlicchi, 2017; Weigel et al., 2004), exposures under brackish water
conditions were also performed. The survival rate of H. azteca was first
determined in an initial test at different salinities (3 PSU – 15 PSU).
Natural seawater (0.22 μm filtered, 35 PSU) collected from the outer
Oslofjord was used to prepare the culture medium. The seawater was
then diluted with MQ water-based culture medium to reach different
salinity levels. Finally, the brackish exposures were performed at a 5
PSU salinity.

Exposures were carried out in the same way as for the WWTP ef-
fluents. Dried and ground digested sludge and the brackish culture
medium (salinity 5 PSU) were used to prepare the respective brackish
exposure media. Table 1 provides an overview of the treatments used in
the study. The target concentrations were based on previous

measurements of the effluent (e.g., 170 ng/L for 109Ag) or activated
sludge (e.g. 1.5 μg Au/L) from the spiked WWTP experiments.

At the start and end of the exposure, the pH and oxygen content of
the media (mg/L and saturation in %) were determined (HQ30d flexi,
HACH). At the end of the exposure, the animals were sampled, gently
rinsed with MQ water, blotted dry, weighed, and euthanized by snap
freezing in liquid nitrogen. The animals were then air-dried overnight at
40 ◦C in an incubator and stored at room temperature until further
processing for analysis by ICP-MS.

2.6. Determination of total metal concentrations for WWTP matrices,
synthesized NP stock suspensions, exposure media and test organisms

The determination of total Au for the WWTP matrices (activated
sludge, effluent, digested sludge) during the WWTP experiment, as well
as in the dried and milled digested sludge, and samples from the
H. azteca freshwater exposure was carried out at Eawag (Dübendorf,
Switzerland). Measurements of Ag in the WWTP matrices during the
spiking experiment with 109AgNPwere also performed at Eawag for both
107Ag and 109Ag to allowmonitoring of both isotope concentrations. The
samples (triplicates) were digested using a microwave-assisted acid
digestion system (MLS Germany). Further information on the digestion
methods can be found in the SI. Measurements at Eawag were performed
by ICP-MS using an Agilent 7700 ICP-Q-MS (Agilent Technologies) ac-
cording to Wielinski et al. (2021) (Wielinski et al., 2021).

All other ICP-MS measurements for the isotope concentration
determination and for Au in the test media and animals from the
brackish treatments of the H. azteca uptake tests were performed at the
Norwegian University of Life Science (NMBU, Ås, Norway). For the

Table 1
Overview of the AuNP and 109AgNP treatments in the uptake tests with H. azteca.

Treatment Exposure scenario

Au NP

C Culture medium control
EC Control effluent (non-spiked WWTP, undiluted)
AuNP 1 & 2 Pristine AuNP in culture medium conc. 1 and 2
AuNP EC 1 & 2 Pristine AuNP spiked in control effluent conc. 1 and 2
AuNP S 1 & 2 Activated sludge from AuNP-spiked WWTP diluted in control effluent conc. 1 & 2

Au NP - brackish conditions (5 PSU)

C Brackish medium control
CS Control Sludge: Digested sludge from non-spiked WWTP in brackish medium
AuNP 1 & 2 Pristine AuNP in brackish medium conc. 1 and 2
AuNP S 1 & 2 Digested sludge from AuNP-spiked WWTP experiment in brackish medium conc. 1 and 2

109AgNP

C Culture medium control
EC Control effluent (from non-spiked WWTP, undiluted)
CS EC Control Sludge: Sludge from non-spiked WWTP suspended in control effluent
109AgNP 1 & 2 Pristine 109AgNP in culture medium conc. 1 and 2
109AgNP EC 1 & 2 Pristine 109AgNP spiked in control effluent conc. 1 and 2
109AgNP EF 1 & 2 Effluent from 109AgNP-spiked WWTP experiment conc. 1 and 2

109AgNP - brackish conditions (5 PSU)

C Brackish culture medium control
CS Control Sludge: Digested sludge from non-spiked WWTP suspended in brackish medium
109AgNP 1 & 2 Pristine 109AgNP in brackish culture medium conc. 1 and 2
109AgNP S 1 & 2 Digested sludge from 109AgNP-spiked WWTP experiment in brackish medium conc. 1 and 2

109Agþ

109Ag+ 1 & 2 109AgNO3 in culture medium conc. 1 and 2
109Ag+ EC 1 & 2 109AgNO3 spiked in control effluent conc. 1 and 2

109Agþ - brackish conditions (5 PSU)
109Ag+ 1 & 2 109AgNO3 in brackish medium conc. 1 and 2

S. Kuehr et al.
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determination of Ag, the digested and diluted samples were measured
four times using an Agilent 8900 instrument in oxygen reaction mode
with 115In as internal standard. The settings used for the determination
of the Ag isotope concentration in the samples (Table S4), a schematic
overview of interference removal during the determination of 107Ag and
109Ag concentrations, respectively (Figs. S10 & S11) and information on
the calibration and isotope correction for the 109Ag measurement are
presented in the SI. The Au measurements were performed in oxygen
reaction mode and Pt was used as internal standard at mass 195 (details
of sample preparation are provided in the SI).

2.7. Data analysis

For the ICP-MS measurements, at least three analyses were per-
formed for each sample and standard and the mean concentration was
determined by the ICP-MS software (Agilent MassHunter V. 5.1).

The body burden (Cexp animal) as result of the uptake, determined for
the respective metal/ isotope of each sample (in triplicates) from the
exposed animals was corrected for the natural background (Cnat), as
determined from analyses of animals from the culture media controls.
The average corrected body burden (Ccorr = Cexp animal – Cnat) of a
treatment, was divided by the mean concentration (triplicates) of the
respective metal/isotope in the exposure (Cexp) to obtain the accumu-
lation factor (AF = Ccorr/Cexp) (Kühr et al., 2018; Kuehr et al., 2020a).

Data and statistical analysis was performed using the software
GraphPad Prism (version 9.4.1, San Diego, CA, USA). Data were assessed
for normal distribution by a Shapiro-Wilk test. Significant differences
between treatments were analyzed with one-way ANOVA followed by
Tukey's multiple comparison test.

3. Results and discussion

3.1. Synthesis and characterization of 109AgNP

3.1.1. TEM analysis
TEM images were analyzed with ImageJ/FIJI using a custom script

(Sperling, n.d.) and revealed a few aggregates and other image artefacts
that were excluded by minimum criteria for circularity (< 0.8) and size
(d < 5–8 nm). A small number of rods were visible on the images and
excluded from analysis (percentage of rods/ non-spherical particles was
in a range of approx. 1–2 %). 1475 particles from 5 images were used to
determine the mean diameter. 109AgNP of near-spherical shape were
synthesized with a mean diameter of 28.2 ± 6.8 nm (Fig. 2). These

results were confirmed by analytical centrifugation using an optical
detector operating at 405 nm wavelength (Fig. S1 & S2).

3.1.2. ICP-MS measurements
The 109Ag concentration of the synthesized 109AgNP suspension was

85 ± 1.1 mg/L. Analyses of the filtrate from the ultrafiltration showed
that only 26 ng/L, or <0.01 %, of the 109Ag in the stock suspension was
present in dissolved form (≤ 10 kDa molecular weight cut-off) showing
the suitability of the synthesis method. Details on the ultrafiltration
method for ion separation are provided in the SI.

3.1.3. Dynamic light scattering (DLS) analysis
The hydrodynamic diameter of AuNP remained between 70 nm and

80 nm independent of the dispersion media (Table 2, Fig. S4). The size
changes in the exposure media are <4 % compared to the mean value
determined in MQwater. Considering the standard deviation, there is no
clear difference in the hydrodynamic diameter of the AuNP between the
freshwater and brackish media. According to the Derjaguin-Landau-
Verey-Overbek (DLVO) theory, a high ionic strength (as in the
brackish medium and the WWTP effluent) compresses the electrical
double layer and reduces the surface charge of the particles, resulting in
formation of agglomerates (Derjaguin et al., 1987; Quik et al., 2014;
Lodeiro et al., 2016). The effect of the media on the ζ-potential is clearly
visible: while the AuNP inMQwater have a negative ζ-potential of about

Fig. 2. Left: A representative TEM image of the synthesized 109AgNP used to determine the mean size of the particles. Right: Histogram build from five TEM images
including the examination of 1475 particles presenting the size distribution: Given values like mean, minimum (min) and maximum (max) sizes are in nm.

Table 2
Mean Z-average, Polydispersity Index (PDI) and ζ-potential values obtained for
AuNP and 109AgNP determined by DLS in different media at a concentration of
0.5 and 0.8 mg/L for AuNP and 109AgNP, respectively. The values represent the
mean of triplicates (n = 3) ± standard deviation (SD).

Matrix mean Z-average
[nm]

mean PDI mean ζ-potential
[mV]

AuNP
MQ water 76.5 ± 0.8 0.087 ± 0.004 − 19.3 ± 1.0
Culture medium 73.8 ± 0.4 0.076 ± 0.012 − 4.4 ± 0.4
Brackish medium 74.2 ± 0.8 0.085 ± 0.017 − 9.2 ± 1.3
CTRL effluent 78.1 ± 0.3 0.062 ± 0.004 − 3.4 ± 0.4

109AgNP
MQ water 22.0 ± 0.2 0.542 ± 0.00 − 48.6 ± 1.5
Culture medium 51.4 ± 0.7 0.314 ± 0.031 − 17.9 ± 0.4
Brackish medium 320.6 ± 29.3 0.387 ± 0.017 − 18.2 ± 0.5
CTRL effluent 280.7 ± 14.6 0.285 ± 0.010 − 20.1 ± 0.8

S. Kuehr et al.
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− 19 mV, this is much less pronounced in all other media and is only
about − 3.4 mV in the control effluent which should result in an increase
in the particle diameter due to aggregation. García- Negrete et al. (2013)
and Sikder et al. (2018) described the aggregation of AuNP in seawater
and showed that aggregate formation is strongly correlated with the
AuNP concentration (García-Negrete et al., 2013; Sikder et al., 2018).

As our analyses were conducted at a AuNP concentration several
times lower (0.5 mg/L) than the 30 mg/L used by García- Negrete et al.
(2013), at shorter incubation periods and lower salinity (5 PSU versus 35
PSU of seawater (Millero et al., 2008)), no strong aggregation was
observed in this study. The presence of the AuNP in a narrow size dis-
tribution (only non-aggregated AuNP) is also indicated by the values of
the polydispersity Index (PDI as square of the light scattering poly-
dispersity, Table 2) (Malvern Panalytical, 2017). Furthermore, it has
been shown that natural organic matter (NOM) such as humic and fulvic
acids, which are expected to be present in wastewater and seawater, can
enhance or generate the electrostatic repulsive forces and steric effects
by formation of a NOM corona. This finally leads to a reduced tendency
for (homo)aggregation (Tan et al., 2023). The different exposure media
had a stronger influence on the hydrodynamic diameter of 109AgNP
(Table 2, Fig. S5). From about 22 nm in MQ water, the hydrodynamic
diameter of the particles more than doubled in the culture medium (51
nm). In the brackish culture medium and in the control effluent the
diameters were >10 times larger than in MQ water, indicating the for-
mation of aggregates, as expected based on the DLVO theory and in
agreement with previous observations (e.g., (Stuart et al., 2013)). A
decrease in the 109AgNP ζ–potential from − 49 mV in MQ water to − 18
and − 20 mV in culture medium or brackish medium (5 PSU) and CTRL
effluent, respectively (Table 2) was observed which is in agreement with
the DLVO theory.

3.2. Wastewater treatment plant spiking experiments

3.2.1. WWTP stability and performance
The stability and performance of the wastewater treatment plant was

evaluated by regularly monitoring the COD, the NH4
+, NO2

− , NO3
− con-

centrations in the influent/wastewater and effluent, and the TSS content
in the activated and digested sludge (Sundara Kumar et al., 2010) during
both the equilibration and spiking phases of the experiments.

The measured values of <0.2 mg/L NH4
+ and NO2

− and 20.4 mg/L
NO3

− in the effluent obtained during the test period (Table S2), show that
the oxidation of NH4

+ in the WWTP was complete.
On average, the WWTP achieved a COD reduction in the wastewater

of approximately 86 % compared to the average COD values in the
influent and effluent of the WWTP (Table S2). The treatment perfor-
mance of the system was not affected by the spiking experiments with
AuNP or 109AgNP (Table S1).

3.2.2. Spiking of AuNP
During the first 3 days, the Au concentration in activated and

digested sludge increased as expected (Fig. 3). From the initial con-
centrations of around 1 μg Au/L in the liquid activated sludge (Fig. 3 A)
and around 3 μg/L in the liquid digested sludge (Fig. 3 B), the Au con-
centrations increased to 1.6 μg/L and 9.5 μg/kg, respectively, during the
72 h initial spiking phase (Fig. 3 B).

During the subsequent equilibrium spiking period, the Au concen-
tration in the activated sludge remained relatively constant at around 1
to 1.5 μg/L (Fig. 3 A). A stable concentration of approximately 14 μg/kg
was measured in the digested sludge with a delay of 24 h after the end of
the initial spiking period (Fig. 3 B), as the AuNP from the spiking of the
thickener arrives in the digested sludge only after the thickened acti-
vated sludge has been transferred to the digester.

A concentration of 2.57 ± 0.03 mg Au/kg (dw) was measured in the
final dried digested sludge. If the natural/anthropogenic background of
0.57 mg Au/kg (measured in the dried control digested sludge) is sub-
tracted, the spiking of the WWTP resulted in an additional Au

concentration of 2 mg/kg in the dried digested sludge. This is a factor of
2 higher than the target concentration of 1 mg/kg (dw) and this dif-
ference might be explained by the TSS content of the liquid digested
sludge (see SI).

The spiking calculations were based on TSS measurements of fresh
digested sludge from the WWTP “ARA Neugut-Dübendorf”
(Switzerland) which was used to inoculate the anaerobic digester.
However, as reported in the SI, the TSS content of the digested sludge
decreased during the course of the experiments, which may have
resulted in a higher load of AuNP per g of TSS in the digested sludge.
Nonetheless, the measured AuNP concentration is still up to 2500 times
lower than that used in comparable studies (e.g. (Hund-Rinke et al.,
2021; Schlich et al., 2021)). The Au concentration in the effluent was
below the detection limit of 0.1 ng/L throughout the WWTP experiment.
This suggests that all Au was bound to the sludge particles and that
sludge flocs were not significantly released via the effluent at the time of
effluent sampling.

3.2.3. Spiking of 109AgNP
The 109Ag concentrations in the activated sludge, digested sludge

and effluent increased as expected during the initial 72-hour spiking
period (Fig. 4). During the initial spiking phase, the 109Ag concentra-
tions in the activated sludge increased from initially 4.8 μg/L to 25–30
μg/L (Fig. 4 A). The relative concentrations of the two Ag isotopes are
initially in the natural ratio but as the spiking process progresses the

Fig. 3. Au concentration in μg/L (n = 1) measured in samples from (A) the
liquid activated sludge (nitrification unit) taken during the course of the AuNP
spiking experiment and (B) the digested sludge (before drying). The dashed
lines represent the end of the 72 h initial spiking and start of the equilibrium
spiking period.
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109Ag concentration increases while the 107Ag concentration remains at
a stable and low level (5 μg/L). After 4 h, the relative abundances of the
two Ag isotopes were clearly different from the natural ratio. The same
behavior of increasing 109Ag and corresponding stable 107Ag concen-
trations was also seen for the digested sludge (Fig. 4 B). At the end of the
experiment the final concentration of 109Ag was around 300 μg/L in the
liquid digested sludge and 19.9 ± 0.1 mg/kg in the dried digested
sludge. Similarly to the AuNP spiking experiment, the measured con-
centration in the digested sludge was about two times higher than the
target concentration of 10 mg 109Ag /kg, and this can again be explained
by differences in the TSS content of the digested sludge. Comparing the
data with the measured particulate Ag concentrations of 3–14 mg/kg
(dw) determined in British WWTPs between 2014 and 2018, the con-
centration is still within an environmentally realistic range (Johnson
et al., 2014). This is particularly valid given the increase in the pro-
duction and use of AgNP in recent years (Inshakova and Inshakov, 2017;
Hou et al., 2017).

The 109Ag concentration in the effluent increased from an initial
concentration of about 4 ng/L to about 200 ng/L within the first 12 h.
After 36 h (Fig. 4 C), it fluctuated between 220 and 276 ng/L and
dropped down to 170 ng/L within the first hours of the equilibrium
spiking phase. The 109Ag concentrations of the effluent collected for the
uptake test and the control effluent were 152.3 ± 5.7 ng/L and below
the detection limit (< 6.8 ng/L), respectively. According to previous
studies, the modeled Ag concentrations in WWTP effluents were about
40 ng/L (Gottschalk et al., 2009) while analyses of river water collected
near a WWTP showed Ag levels of about 70 ng/L for nanoparticulate
silver alone (Wimmer et al., 2019). It should be noted that whilst the
samples were taken close to the WWTP discharge point, dilution of the
effluent by the river water had already occurred at the point of collec-
tion. Thus, 109Ag concentration in the effluent collected during the 109Ag
WWTP spiking experiment is at an environmentally relevant level.

3.3. H. azteca uptake studies

At the start and end of the uptake test, the pH, oxygen concentration
and saturation were quantified to ascertain that the exposure did not
encompass conditions that could have a deleterious impact on the ani-
mals and consequently influence their physiology or behavior. The pH
values observed across the treatments of the tests ranged between 7.5
(109AgNP EF 1) and 8.3 (C- 5PSU, Au study). The oxygen concentration
and saturation levels were in a range of 7.94 mg/L (92.4 %; AuNP1) and
8.24 mg/L (97.3 %; 109AgNP EF 2). The data indicates that the animals
were not affected by these parameters. This is also reflected by the low
mortality rates (8–11 %) observed in all treatments and controls.

3.3.1. AuNP uptake – freshwater conditions
Approximately 10 ng/L of Au were measured in the media of the

control WWTP effluent treatment (EC). The tissue concentrations of the
respective animals after 7 days of exposure were, like the natural
background (determined from the “C” treatment animals), below LOD
and therefore no AF was calculated.

Pristine AuNP in freshwater media (AuNP 1& 2) at concentrations of
35 ± 5 and 64 ± 3 ng Au/L resulted in AF values of 61 and 54 (Fig. 5 A),
respectively. These results indicate a lower uptake and accumulation
than previously observed in a comparable exposure of H. azteca to AuNP
by Kuehr et al. (2020b) in the same media, where AF values of 166 to
424 were determined after 7 days of exposure to 700 and 85 ng Au/L,
respectively (Kuehr et al., 2020b).

However, the AuNP used in our study have a more negative
ζ–potential (Kuehr et al., 2021b; Kuehr et al., 2020b). For AuNP,
clathrin-mediated endocytosis is considered as the main route of AuNP
uptake into tissues (Shukla et al., 2005; Chithrani and Chan, 2007;
Nativo et al., 2008). Increasing negative ζ–potentials significantly
reduce the rate of endocytosis, and this may explain the reduced uptake
and accumulation of Au in the current experiment (Harush-Frenkel

Fig. 4. Ag concentration in μg/L ± SD (n = 3) measured in samples collected
from the WWTP during the 109AgNP spiking experiment. The dashed lines
represent the end of the 72 hlasting initial spiking and start of the equilibrium
spiking period. Ag concentration in the (A) activated sludge (nitrification unit)
in μg Ag/L ± SD (n = 3), (B) digested sludge (before drying) in μg Ag/L ± SD
(n = 3) and (C) effluent in ng Ag/L ± SD (n = 3).
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et al., 2007). This is also supported by the results of Cho et al. (2009),
who found that the uptake of AuNP with a positive ζ–potential by breast
cancer cells was 5–10 times higher than that of negatively charged
AuNP, with neutral AuNP also being taken up more rapidly (Cho et al.,
2009).

Exposure of H. azteca to media containing AuNP from the activated
sludge of theWWTP (treatments AuNP S 1 (54 ng Au/L)& 2 (114 ng Au/
L)) resulted in AF values of 20 and 13 (Fig. 5 E), respectively. Surpris-
ingly, these values are lower than those obtained for pristine AuNP
(AuNP 1 & 2, Fig. 5 E) despite the similar measured Au exposure levels.
Due to the inert nature of Au, no chemical transformation, which could
be responsible for the altered uptake, is expected. However, it has been
shown that AuNP acquire a corona of NOM when added to wastewater
media. This can occur either by adsorption onto an existing coating, such
as PVP (overcoating), or directly onto the particle surface by replacing

the existing coating (displacement) (Surette et al., 2019; Surette et al.,
2021).

Such corona formation affects the physical properties, and thus the
aggregation and sedimentation behavior of the AuNP but also the uptake
and potential accumulation due to the altered particle size and surface
properties (Ding et al., 2018). The altered surface charge also affects the
adhesion of NPs to biological membranes, which can lead to reduced
adhesion-induced uptake, as described by Cheng et al. in 2015 (Cheng
et al., 2015).

The DLS analyses, however, provided no evidence for the formation
of large AuNP aggregates (Table 2). Exposure to AuNP spiked to control
effluent (AuNP EC1 & 2, Fig. 5 E) led to similar AF values compared to
pristine AuNP.

Surette et al. (2019) showed that, depending on the NOM composi-
tion, different coronas with different properties are formed that can

Fig. 5. Overview of results obtained with the 7-day H. azteca uptake test with AuNP in freshwater (A, C, E) and brackish (B, D, F) exposures. Au concentration in
exposure media (A, B) [ng/L] ± SD, n = 3; Au concentration in H. azteca tissue (C, D) [μg/kg] ± SD, n = 3 (20 animals per replicate); Au accumulation factors (D, F).
There was no measurable Au in the culture medium (A, B) and respective animals (C, D). Therefore, no AF values were calculated for these treatments. Different
lowercase letters denote significant differences among treatments.
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influence the NP behavior in different ways (Surette et al., 2019). It has
been previously shown that exposure of H. azteca to polystyrene NP via
the protein- and polysaccharide-rich pseudo-feces of mussels led to
significantly higher AF values due to the presence of attached macro-
molecules, than the exposure to the pristine counterparts (Kuehr et al.,
2021b).

The microbial composition of a matrix and its aquatic chemistry have
a significant influence on the NOM composition (Sheng et al., 2010;
Dignac et al., 1998; Zeng et al., 2016). For COOH-functionalized AuNP,
it was shown that different aggregates were formed in the distinct
matrices of the nitrification and denitrification stages of a wastewater
treatment plant. That was explained by variations in the extracellular
polymeric substances (released by microbes) that were forming the
corona (Surette et al., 2019).

Together, these findings help to explain the significantly different AF
values determined for the pristine AuNP and the AuNP S 1 & 2 treat-
ments. The AuNP from the AuNP S 1 & 2 treatments likely had a

different corona compared to the pristine AuNP spiked in the control
effluent (C AuNP EC 1 & 2), as they originated from the activated sludge
of the nitrification unit. However, this could not be confirmed via DLS,
as DLS measurements could only be performed with AuNP spiked into
the filtered (0.45 μm) control effluent but not with the activated sludge
containing AuNP due to the high load of TSS.

3.3.2. AuNP uptake – brackish conditions
The impact of the high ionic strength of the brackish media on the

uptake of the AuNP was investigated.
For pristine AuNP in brackish media AF values of 21 and 18 were

obtained (AuNP 1& AuNP 2, Fig. 5 F). While the aggregation of AuNP in
seawater was previously described, it has also been suggested that sur-
face coatings such as PVP could counteract their aggregation behavior
(García-Negrete et al., 2013; Stakenborg et al., 2008). As discussed
above for the freshwater conditions, the uptake of AuNP can alterna-
tively be altered by the formation of a corona. Dissolved NOM, such as

Fig. 6. Overview of results obtained with the 7 day H. azteca uptake test with 109AgNP and 109Ag ions in freshwater (A, C, E) and brackish (B, D, F) exposures. 109Ag
concentration in exposure media (A, B) [ng/L] ± SD, n = 3;.109Ag content in H. azteca tissue (C, D) [μg/kg] ± SD, n = 3 (15 animals per replicate);109Ag accu-
mulation factors (E, F). The concentration of 109Ag in all control media (C, EC; CS EC and CS; A, B) and respective animals (C, D) were below the detection limit.
Therefore, no AF values were calculated for these treatments. Different lowercase letters denote significant differences among treatments.
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extracellular polymeric substances from microbes and algae, that were
not removed by seawater filtration (0.22 μm) could have led to corona
formation, explaining the reduced uptake of AuNP in all brackish
treatments.

The presence of an Au background in the digested control sludge
resulted in an Au exposure concentration of about 60 ng/L and an AF of
29 for the non-spiked control sludge treatment (CS, Fig. 5 B & D). No
statement can be made about the characteristics of the Au already pre-
sent in the untreated wastewater and hence in the control sludge. The Au
uptake routes, or incorporation processes are therefore unconstrained,
but a simple explanation would be uptake of Au or AuNP by the am-
phipods through consumption of the digested sludge. The use of sewage
sludge as a food source by H. azteca was previously reported and sludge
was visible in the digestive tract of organisms from this and previous
experiments (Kühr et al., 2018; Kuehr et al., 2020a). A simple uptake
process by ingestion of digested sludge may also explain the measured
body burden of H. azteca exposed to digested sludge from the spiked
WWTP in brackish media (AuNP S 1 & 2; Fig. 5 D). To address the
bioavailability of Au (and thus the incorporation of Au into the tissue of
the animals), the kinetics of the body burden during an elimination
phase should be investigated in future studies.

3.3.3. 109AgNP uptake – freshwater conditions
A particular advantage of the isotope labeling approach was that we

were able to specifically study the fate and uptake of 109Ag from the
109AgNP that were spiked into the WWTP and subsequently used for the
uptake experiments. Exposure to pristine 109AgNP at 40 and 90 ng/L
(Fig. 6 A) led to similar AF values of 830 and 750 for 109Ag (Fig. 6 E).

Exposure to 109AgNP-containing WWTP effluent (109AgNP EF 1 & 2)
or 109AgNP spiked in control effluent (109AgNP EC 1 & 2; Fig. 6 A) led to
2 times lower AF compared to the exposure to pristine 109AgNP
(250–440 vs 750–830; Fig. 6 E). Particle aggregation induced by the
higher ionic strength of the effluent (109AgNP size of 280.7± 14.6 nm in
effluent according to DLS measurement, Table 2) and corona formation
and sulfidation due to the presence of NOM and sulfides in the waste-
water matrices, respectively can cause a reduction in Ag+ release and
reduced uptake (Kaegi et al., 2013). The highest AF were observed upon
exposure to 109AgNO3 in culture media at similar concentrations as for
the 109Ag measured in the effluent collected from the 109AgNP spiked
WWTP. The AF values obtained for 109Ag+ with 50 ng/L (109Ag+ 1:
1480) and 60 ng/L (109Ag+ 2: 2540, Fig. 6 E) were 2 to 3 times higher
than those determined for 109AgNP spiked into culture media with 40
ng/L (109AgNP 1: 570 & 2: 480, Fig. 6 E). The higher AF values for
109Ag+ compared to 109AgNP are in agreement with previously reported
results from H. azteca bioconcentration tests that used AgNO3 and AgNP
(prepared from natural Ag) and the same media (Kuehr et al., 2020b).

The uptake of dissolved Ag in the form of Ag+ ions or dissolved Ag
complexes is considered to be the major uptake pathway for Ag during
exposures of H. azteca and other aquatic species to AgNP (Kuehr et al.,
2020a; Kuehr, 2021). However, the particles themselves are potentially
also available via the mechanisms discussed above for the AuNP (e.g.
dietary uptake and protein transport). However, ions are also released
by oxidation of Ag0 from the AgNP in the aqueous environment,
potentially increasing the metal uptake (Wimmer et al., 2020).

Ag+ can then be taken up by most species via Na+ channels and Cu
transporters and this uptake routes seem to be more efficient and faster
than those for particles (Wang and Wang, 2014; Lee et al., 2002; Ber-
tinato et al., 2010).

Exposure of H. azteca to 109AgNO3 spiked into the control effluent
(109Ag+ EC 1 & 2) resulted in AF values that were (i) 3–4 times lower (at
600 and 640) compared to exposures where 109AgNO3 was added to the
culture media (109Ag+ 1 & 2; AF of 1480 & 2540; Fig. 6 E) and (ii)
comparable to the AF values obtained with the pristine 109AgNP in
culture media (109AgNP 1 & 2; AF of 840 and 750; Fig. 6 E). Several
processes may be responsible for the reduced uptake of the ionic 109Ag
during the exposure via the control effluent. On one hand, this may

reflect that 109Ag ions can bind to the organic matter present in the
effluent and they can also precipitate as Ag2S resulting in strongly
reduced uptake of the Ag (Kühr et al., 2018; Georgantzopoulou et al.,
2020; Georgantzopoulou et al., 2018; Kuehr et al., 2021b; Kampe et al.,
2018; Zeumer et al., 2020b). On the other hand, it may be related to the
formation of secondary AgNP, that may be produced following reduc-
tion of Ag+ ions to Ag0 by humic acids (Ding et al., 2019).

Surprisingly, the pristine 109AgNP that were spiked into the control
effluent (109AgNP EC 1 & 2) had similar or slightly lower AF values (of
250 and 360, Fig. 6 E) compared to those observed for 109AgNP that had
passed through the WWTP (109AgNP EF 1 & 2, AF values of 440 and
390), for exposures conducted at comparable concentrations (Fig. 6 E).
In studies using artificial wastewater, Ag from AgNP that passed through
aWWTPwas taken up less than Ag from AgNP that were only spiked into
the WWTP effluent shortly prior to the exposure (Kühr et al., 2018;
Zeumer et al., 2020b). The composition of the effluent and the micro-
biome within the WWTPs, and thus the different forms of macromo-
lecular coronas that are formed, are most likely responsible for these
observations. However, also differences in temperature, pH or Eh values
cannot be excluded as the cause of different transformations and their
extend. This indicates that the use of real or artificial wastewater in
exposure experiments can affect the extent of AgNP transformations and
resulting changes in the uptake of NP and potential ions released from
them.

3.3.4. 109AgNP uptake – brackish conditions
For the brackish control media (C and CS) (Fig. 6 B) and in the

corresponding organisms (Fig. 6 D) the 109Ag concentrations were below
the detection limit.

Brackish media appear to eliminate the differences in the uptake of
pristine and transformed 109AgNP. In detail, a lower 109Ag uptake
compared to the freshwater media, resulting in AF values ranging from
200 to 410, was observed for all 109AgNP treatments in brackish media
(Fig. 6 F). The most pronounced reduction in 109Ag uptake was observed
for exposures with 109AgNO3 in the brackish as opposed to the fresh-
water treatments (109Ag+ 1&2), with resulting AF values of 570 and 480
for the brackish treatments 109Ag+ 1 & 2 (with exposure concentrations
of 100 and 200 ng 109Ag/L, Fig. 6 B). This observation is in agreement
with previously obtained results for H. azteca exposed to AgNO3 in the
presence of digested sludge (Kuehr et al., 2020a).

Thermodynamic calculations suggest that whilst Ag species such as
AgCl, Ag2S and Ag0 are dominant in freshwater environments, AgClx(x-1)

is the main Ag form in seawater systems due to the high concentration of
Cl− ions (Levard et al., 2012). The latter complexes are well soluble and
therefore more bioavailable compared to Ag2S (Levard et al., 2012). The
sparingly soluble AgCl will only be present at low salinities but even at a
salinity of 5 PSU (as in our brackish treatments), the Cl− concentration is
2.8 g Cl− /L, thus resulting in a strong excess of Cl− over Ag. This means
that media with a salinity of 5 PSU favor the formation of AgClx(x-1)

complexes. Thus, in the 5 PSU exposure scenario, the dissolution of
AgNP may be the dominant fate of AgNP compared to the formation of
aggregates. This is supported by the results of Toncelli et al. (2017), who
found that the presence of NOM or the sulfidation of AgNP does not
prevent the dissolution of AgNP in seawater, with about 76 % of Ag2SNP
dissolved after 3 h and about 91–99 % after 72 h (Toncelli et al., 2017).

However, the formation of AgClx(x-1) complexes in brackish media still
reduces the uptake of Ag compared to freshwater conditions. Negatively
charged Ag species such as AgClx(x-1) complexes are difficult to be taken
up by Na+ channels or high-affinity Cu transporters, which favor posi-
tively charged Ag species (Lee et al., 2002; Bertinato et al., 2010; Evans
et al., 2005). Similar arguments hold true for uptake mechanisms
working for neutral Ag species (Bury and Hogstrand, 2002; Hogstrand,
2003). At even higher Cl− levels, for example in seawater with a salinity
of around 35 PSU, the formation of negatively charged AgClx(x-1) com-
plexes would be even more pronounced, most likely resulting in an even
lower uptake than observed in this study.
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3.4. Conclusion and environmental significance

Ionic silver Ag+, is one of the most toxic metals to aquatic biota. It
has therefore found widespread use as a fungicide and in numerous
antimicrobial formulations including in textiles. The nanoparticulate
form of Ag makes the application more efficient because it allows slow
release of Ag+. Most of the AgNP utilized in different products end up in
WWTP sludge, as this and previous related studies have shown. Studies
on the fate and toxicity to aquatic biota of WWTP-based AgNP at envi-
ronmentally relevant Ag concentrations are challenging because the
effluent already contains relatively high Ag concentrations from
different sources. Thus, the previous studies have resorted to using high
concentration levels of AgNP in combination with synthetic wastewater.
In this study, we overcame this challenge by using isotopically enriched
109AgNP. The use of enriched 109AgNP allowed us to use environmen-
tally relevant AgNP concentrations and real (rather than synthetic)
wastewater in our spiking and exposure experiments. Both significantly
increased the proximity to real conditions and allowed the subsequent
exposure of the benthic amphipod H. azteca to more realistic conditions.
The fate of AuNP and AgNP were studied at environmentally relevant
concentrations of 30 to 500 ng Au/L and 39 to 260 ng Ag/L in
comprehensive investigations, which extended fromWWTP processes to
the accumulation in amphipods.

By using AuNP as a chemically almost inert NP in our exposure ex-
periments, we showed that other transformation processes (e.g. forma-
tion of a bio- or eco-corona), might be responsible for the reduced NP
uptake (in addition to chemical transformation).

Transformation processes induced by exposing environmentally
relevant concentrations of NP in brackish media appear to reduce the
uptake of Au and Ag to an even greater extent compared to wastewater
matrices. Even brief contact of 109AgNP with the WWTP effluent
(simulated by spiking 109AgNP into control effluent matrices) resulted in
strongly decreased AF values (250–350) compared to the AF values
obtained for the pristine material (750–840). Contact with the brackish
control medium reduced the AF values of 109Ag, but also Au by around
three times.

Based on the obtained data it is still unclear, however, whether the
body burdens measured for 109Ag, result from the uptake of NP or ions.
The same applies to the question of whether the measured concentra-
tions of 109Ag and Au in the exposed amphipods result from the uptake
of material that is bioavailable and incorporated into tissues or simply
ingested material (e.g. present in the gut) that can be easily and fast
excreted with the feces.

These questions can be addressed by carrying out kinetic exposure
studies that include a depuration phase combined with measuring AgNP
(rather than Ag+) concentration using single particle ICP-MS. Our work
highlights the importance of incorporating environmental relevance in
studies that investigate the fate, bioavailability and toxicity of NM, by
taking into account both NP transformations and the impact of complex
matrices on NP behavior using environmentally realistic NP
concentrations.
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Muth-Köhne, E., et al., 2013. The toxicity of silver nanoparticles to zebrafish embryos
increases through sewage treatment processes. Ecotoxicology 22 (8), 1264–1277.
https://doi.org/10.1007/s10646-013-1114-5.

Nativo, P., Prior, I.A., Brust, M., 2008. Uptake and intracellular fate of surface-modified
gold nanoparticles. ACS Nano 2 (8), 1639–1644. Aug. https://doi.org/10.1021/
nn800330a.

Nowack, B., Bucheli, T.D., 2007. Occurrence, behavior and effects of nanoparticles in the
environment. Environ. Pollut. 150 (1), 5–22. Elsevier. Nov. https://doi.org/10.10
16/j.envpol.2007.06.006.

OECD Environment Directorate, 2024. “A Tiered Approach for Reliable Bioaccumulation
Assessment of Manufactured Nanomaterials in the Environment Whilst Minimising
the Use of Vertebrate Testing”. In: OECD Series on the Safety of Manufactured
Nanomaterials and other Advanced Materials. OECD Series on the Safety of
Manufactured Nanomaterials, OECD Publishing, Paris. https://doi.org/10.1787/
2f16cda4-en.
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