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• Alum shale can produce acid rock drain-
age when exposed to air and water.

• Leaching from alum shale was investi-
gated under atmospheric and low O2 con-
ditions.

• Results are compared to measurements
from disposal site.

• Pyrite oxidation and element leaching
rates were slower under low O2 condi-
tions.

• The results support waste rock storage in
stagnant water to avoid acid rock drain-
age.
~
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Construction andmining activities in acid-producing alum shale regions often produce large volumes of crushed rock.
Disposal under groundwater level (e.g., a bog) mayminimize oxygen access. In this study, the effect of varying oxygen
access on the leaching potential of alum shale was investigated by submerging tunnel construction rock debris in syn-
thetic rainwater under atmospheric (AOC) and low oxygen conditions (LOC) for 52 weeks. The sulphate increase and
nitrate decrease in the leachates suggested that pyrite (FeS2) in the alum shalewas oxidized, but carbonates originating
from calcite dissolution provided sufficient buffering capacity (leachate pH ~7.7 over 52 weeks), resulting in neutral
rock drainage. Less available oxygen led to significantly lower production of sulphate and acid from pyrite oxidation,
reducing the release of harmful elements. Under LOC, the leaching of Mo, Co, Ni, Zn and Cd was 2–4 times lower than
under AOC and the lower buffering requirement diminished the release of Ca as well as divalent cations (Mg, Sr, Mn)
likely present as impurities in calcite. Contrastingly, limited pyrite oxidation led to less oversaturation with respect to
BaSO4 and lower release of Fe in the LOC leachates. Thus, co-precipitation of 226Ra was inhibited and scavenging of
leached V, As and Sb by newly formed Fe(OH)3 was not as dominant as in the AOC systems. Leaching of U was
~20 % higher under LOC likely due to enhanced complexation by dissolved carbonate. In general, element leaching
rates were slower under low O2 levels. Characterization of water collected at the disposal site after ~1.2 years of
discarding tunnel materials showed that the weathering of debris submerged in the open, water-filled pond occurred
similarly to leaching under low oxygen conditions. Overall, these results highlight the importance of minimal oxygen
access or anaerobic conditions when acid-producing rock waste is stored under water.
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1. Introduction

Crushed rock produced in mining and construction areas is a potential
source for naturally occurring radioactive materials (NORM) and other po-
tentially harmful trace elements being released into the surrounding envi-
ronment. Processing and storage of rock in the environment can alter its
physical properties as well as the chemistry of elements contained in the
rock, which can lead to increased mobility, ecosystem transfer and, ulti-
mately, biological uptake and negative effects to biota. Thus, proper storage
of acid-producing rock waste is needed, but often difficult and expensive to
achieve. Local storagemay be preferred as it can eliminate large transporta-
tion costs and reduce weathering of debris during transit. For example, at
Gran in Hadeland, Norway, alum shale and other rocks from tunnel con-
struction were reused locally to fill an excavated bog, where the debris
was submerged in water and the disposal site was covered with a multi-
layer surface coating (crushed rock, silt/peat, asphalt) varying with the
final use of the area, to reduce access to air (see Fjermestad et al. (2018)
for details). However, if the disposal site has not been properly sealed, oxy-
genated water could enter and thereby oxidise the debris, resulting in con-
taminated water leaching into the downstream river Vigga and potentially
detrimental effects on the local environment.

Alum shale is a Cambro-Ordovician black mudrock (sedimentary rock)
formed under reducing conditions, containing silicate minerals, organic
matter (kerogen), as well as sulphide and carbonate phases (Falk et al.,
2006; Owen et al., 1990; Pabst et al., 2017). Alum shale is enriched in ele-
ments of environmental concern, including Cd, Co, Cu, As, Ni, Zn, V, Mo,
Ba and U, and due to secular equilibrium between 238U and its daughter
nuclides (IAEA, 2014), the highly radiotoxic radionuclide 226Ra will also
be present in unweathered alum shale. Alum shales are typically
acid-generating rocks, i.e., their neutralization potential (NP) to acidification
potential (AP) ratio is lower than 1 (Pabst et al., 2017). The NP is mainly pro-
vided by carbonate phases, while the AP is normally originating from
sulphide-containing minerals such as pyrite (FeS2) and pyrrhotite (Fe1-xS,
x = 0–0.2). Thus, when alum shale is exposed to air and water, oxidation
of sulphide minerals will produce acid, resulting in acid rock drainage con-
taining high levels of NORM and stable, potentially harmful elements.

Changes in the rock system conditions, e.g., exchange of porewater or a
decrease in pH, may further enhance alum shale weathering and the conse-
quent release of elements of environmental concern. For example, 1–2 or-
ders of magnitude higher concentrations of Cd, Cu, Ni and Zn and of Cu
and Fe were released from alum shale following a pH drop in the leachates
below 5 (Falk et al., 2006) and below 3 (Jeng, 1992), respectively. At such
low pH, the solubility of Al, Th, and U is favoured and the release of a series
of elements is expected to increase (Hindar and Nordstrom, 2015; Landa,
2007), whereas scavenging by Fe (oxy)hydroxides will be minimal (Jeng,
1992; Singer and Stumm, 1970). Furthermore, the presence of organic mat-
ter can play an important role in changing the speciation, and thusmobility,
of elements with high affinity for humic substances, such as Ni, Zn, Cu, Cd,
Pb and U (Moulin et al., 2004). Therefore, the weathering of and leaching
from alum shalewill depend on the storage conditions. The release of harm-
ful elements is expected to occur to a higher extent under atmospheric ox-
ygen conditions compared to conditions when limited oxygen is
available. Presence of carbonates can buffer acid production from pyrite ox-
idation, but the pHwill drop if the available carbonates are consumed. Nev-
ertheless, even without a drop in pH, radionuclides and metals
incorporated in alum shale can be released during oxidation, leading to
neutral rock drainage (NRD) (Vriens et al., 2019).

The present work focused on the release of trace elements and NORMof
relevance to humans and the environment from alum shale debris collected
during construction works at Gran, Norway, by assessing its stability under
different simulated storage conditions. Freshly crushed alum shale was
leached with synthetic rainwater under atmospheric oxygen conditions
(AOC) and low oxygen conditions (LOC) for 52 weeks. The leaching behav-
iour of 41 elements was investigated and results from the two treatments
were compared to water collected at the disposal site at Gran and to envi-
ronmental quality standards.
2

2. Materials and methods

2.1. General

Type I water (ASTM D1193-91 standard specifications) and analytical
grade chemicals were used unless otherwise noted.

2.2. Site description and sampling

At Gran, Hadeland, Norway (Fig. 1), tunnel blasts with >10 % alum
shale were reused as filling material under the road to be constructed at
the southern entrance of the tunnel (Fjermestad et al., 2018). To ensure
continuous submerging of the blast materials, the disposal site was an exca-
vated bog below groundwater level with a slow exchange of water draining
into the small river Vigga. In total, about 66,500 m3 of alum shale and
10,500 m3 of other black shales were placed in the bog.

Alum shale debris from tunnel construction was collected on 19/05/
2015 from a blast in the alum shale formation executed on the same day.
Handheld XRF (Niton™ XL3t GOLDD+, Thermo Scientific) was used to en-
sure that uranium-rich material was collected. The material was stored for
6 months prior to experiments. For comparison with laboratory experi-
ments, water from the disposal site pond was also sampled (Fig. 1). At the
time of sampling, i.e., 1 year and 2months into the tunnel construction, dis-
posal and storage ofmasseswas still ongoing and the sitewas an open pond.
Conductivity and pH were measured directly in the pond water with a
handheld multi-meter (Multi series, WTW). Unfiltered samples were
taken for analysis of anions and total organic carbon (TOC), while for ele-
mental analysis by inductively coupled plasma mass spectrometry (ICP-
MS), the pond water was filtered in situ with 0.45 μm membrane filters
(Millipore) and acidified to 5 % (v/v) with ultrapure HNO3. All water sam-
ples were stored in the dark at 4 °C until analysis.

2.3. Leaching experiments

Alum shale pieces >2 cm were crushed with a jaw crusher to get fresh
rock surface, sieved through a 2 mm mesh and stored in under N2 atmo-
sphere for <72 h until the start of the experiment. Crushing was done in
air to simulate tunnel construction operations.

Batch experiments were performed with 150 g crushed rock debris and
1.5 L synthetic rainwater with the same average composition (pH 4.9 and
low content of ions; Table S1) as precipitation monitored during
2010–2014 in Hurdal, 27 km west of the sampling site (Fig. 1) (Aas et al.,
2015). Three samples were prepared in 2 L Nalgene polypropylene bottles
(Thermo Scientific) and kept open to the atmosphere (atmospheric oxygen
conditions; AOC). Another three samples were prepared with N2 flushed
rainwater (~1.5 h, 0.01 mg L−1 O2) in heavy-duty vacuum bottles with
installed septum lids (2 L, Nalgene polypropylene; Thermo Scientific) and
kept under N2 atmosphere (low oxygen conditions; LOC) inside bags of
oxygen-excluding material (FireDebris Tubular Rollstock, Ampac). This
set-up did not completely exclude oxygen; thus, oxygen in both water and
gas phase wasmeasured at each sampling point. To monitor contamination
and other unintended experimental effects, one blank sample per treatment
consisting of only synthetic rainwater (no debris) was prepared in parallel
and treated, sampled, and analysed in the same manner.

The batch samples were kept in the dark at 10 °C for 52 weeks and
shaken by hand 2–3 times per week to suspend all debris in the rainwater.
For leachate analyses (Section 2.5), water aliquots were sampled at 1 h,
24 h, and 1, 4, 12, 28 and 52 weeks after batch preparation. The extracted
volume was replaced with fresh synthetic rainwater, which resulted in a
total of 20 % of the volume being exchanged by the end of the experiment.
For the LOC systems, sampling of water and gas was carried out inside the
N2-filled glove bag. The gas phase was sampled through the septum lids
using a syringe before each water sampling and at additional time points,
but since the gas phase was exchanged during the water sampling, themea-
sured O2, N2, CH4 and CO2 levels (Agilent 7890A Network Gas Chromato-
graph) could not be considered as undisturbed, continuous development



Fig. 1. Location of Gran, where alum shale from the tunnel construction material (top right) and water from the disposal site (bottom right) were collected, and Hurdal, the
reference site for the rainwater composition used in the alum shale leaching experiments. Ground map obtained from Kartverket (www.kartverket.no) and used under
Creative Commons Attribution ShareAlike 3.0.
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over time. Subsamples of the alum shale debris before and after leaching
were also collected for solid phase characterization (Section 2.4).

2.4. Alum shale characterization

Organic matter (OM) in the debris was estimated from loss-on-ignition
(LOI; 550 °C, overnight), whereas total organic/inorganic carbon (TOC/
TIC) was measured by coulometry. TOC content was measured only in
the starting material. Particle size distribution was determined in
organic-free debris (H2O2 heated; 10 g) by wet sieving through a 63 μm
mesh to exclude the sand fraction. Silt (63–2 μm) and clay (< 2 μm) frac-
tions were separated by sedimentation according to Stokes' law. Air dried
debris was analysed by powder X-ray diffraction (XRD) on a D8 Discover
(Bruker), and diffractograms were fitted for qualitative mineral composi-
tion assessment and Rietveld quantitative phases analysis using TOPAS
software and a reference spectra library.

Total element concentrations in the debris (0.25 g) were determined in
triplicate by ICP-MS after microwave-assisted acid digestion (260 °C,
40 min, Milestone UltraCLAVE; Rh as internal standard). The following
acid mixtures were applied: i) 5 mL HNO3 (for Li, P, S, Ca and Fe), ii)
5 mL HNO3 + 1 mL HF (for Mn, Cu, Zn, As, Mo, Cd, Sn, Sb and U), and
iii) 2 mL HNO3 + 4 mL H3PO4 (for Be, Na, Mg, Al, K, V, Cr, Co, Ni, Sr,
Ba, La, Ce, Pr, Nd, Sm, Eu, Gd, Dy, Ho, Er, Tm, Yb, Lu, Pb, Ra and Th). Cer-
tified reference materials NIST 2709a San Joaquin soil and NSC ZC 73007
soil (with the 3 acid mixtures), NIST 2710a Montana I soil (only with
HNO3), NSC DC 73325 soil (only with HNO3 + HF), and IAEA-314 sedi-
ment and IAEA-448 soil (only with HNO3 + H3PO4) were digested and
measured in parallel. Results for all reference materials where within the
uncertainties of certified values.

2.5. Aqueous phase analyses

Collected leachate aliquots were divided into different subsamples. Ox-
ygen concentrations (FDO® 925 Optical Dissolved Oxygen Sensor), con-
ductivity, oxidation-reduction potential (ORP) and pH were measured
3

immediately after sampling on untreated subsamples using a handheld
multi-meter (Multi series, WTW). Eh was calculated from ORP according
to instructions from producer. Subsamples for alkalinity, dissolved organic
carbon (DOC), anion and elemental analyses were immediately filtered
using 0.45 μm polyethersulfone membrane syringe units (VWR). In addi-
tion, subsamples from 1 h, 4, 12, 28 and 52 weeks were filtered through
10 kDa Amicon® Ultra-15 centrifugal filters (Merck Millipore) for low mo-
lecular mass (LMM) components analysis. Samples for ICP-MS analysis
(i.e., 0.45 μm and LMM subsamples) were acidified with ultrapure HNO3

to 5 % v/v. All samples were stored in the dark at 4 °C until analysis.
Alkalinity was measured by colorimetric titration to pH 4.5 (ISO 9963-

1:1994). Anions were quantified by ion chromatography (Lachat IC5000
system, Dionex™ IonPac™ AS22-Fast IC column, Dionex AMMS™ 300 ion
suppressor, Thermo Scientific). TOC/DOC was determined with a TOC-
VCPN analyser (Shimadzu).

Acidified subsamples of synthetic rainwater, alum shale leachates, and
digested alum shale debris were analysed with respect to Li, Be, Na, Mg,
Al, P, S, K, Ca, V, Cr, Mn, Fe, Co, Ni, Cu, Zn, As, Sr, Mo, Cd, Sn, Sb, Ba,
La, Ce, Pr, Nd, Sm, Eu, Gd, Dy, Ho, Er, Tm, Yb, Lu, Pb, Th and U using an
Agilent 8800 triple quadrupole ICP-MS with He, O2 or no gas in the colli-
sion/reaction chamber. Rhodium (for all except digested samples) and
Ge, In, Ir and Bi (for all) were added online as internal standards, and an
in-house standard covering all analysed elements except Sn was used to
check the measurement accuracy on each analysis day. The disposal site
water was analysed with respect to Li, Be, Na, Mg, Al, S, K, Ca, V, Cr, Mn,
Fe, Co, Ni, Cu, Zn, As, Sr, Mo, Cd, Sn, Sb, La, Pb, Th and U following the
same ICP-MS methodology. 226Ra was measured in leachates and digested
alum shale with an Agilent 8900 triple quadrupole ICP-MS using N2O as re-
action gas as described in Wærsted et al. (2018).

2.6. Data treatment

The acidification and neutralization potentials (AP and NP) of the alum
shale debris were estimated by assuming that all S in the rock comes from
sulphides behaving like pyrite and that the measured carbonates behave

http://www.kartverket.no
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like calcite, with each mole of calcite neutralizing two moles of protons
(Lawrence and Wang, 1996). Geochemical characterization of the alum
shale was performed by comparing measured elemental concentrations,
TIC/TOC levels, Fe to S ratios, and estimated AP andNPwith an existing da-
tabase of Cambro-Ordovician black mudrocks from the Oslo region,
Norway (Pabst et al., 2017). For further explanation and plots see
Section 1.2 in the SI.

To compare with measured alkalinity, the solubility of calcite (Ksp =
5·10−9) and measured (LOC samples) or atmospheric (AOC samples) CO2

concentrations were applied in solubility calculations (as explained in
vanLoon and Duffy (2011) to estimate the alkalinity at the experimental
conditions. Contamination of Zn, V and Ba was observed in experimental
blank samples; therefore, average concentrations of these elements were
subtracted from leachate concentrations of the corresponding treatments.
Moreover, at 28 weeks, one of the LOC replicate samples showed an unex-
pectedly high level of O2 in the aqueous and gas phases, and the leached
concentrations of several elements were similar to the AOC samples. This
replicate was hence excluded from the 28- and 52-week LOC data averages.
The percentage of leachedmass for each element after 52 weeks was calcu-
lated as mass in solution

mass in starting material� 100 and significant differences between treat-

ments were evaluated by t-tests in Excel.
3. Results

3.1. Alum shale characterization

The alum shale debris was mostly in the sand-size range, with smaller
fractions of silt- and clay-sized particles (Table 1). X-ray diffractograms of
the alum shale were best fitted with muscovite (KAl2(AlSi3O10)(F,OH)2)
and quartz (SiO2) as the main mineral phases and a smaller contribution
of pyrite (FeS2) and calcite (CaCO3) (Table 1; see Section 1.3 in the SI for
all quantification results and diffractograms). The pyrite fraction was some-
what lower than the 4–13% previously reported for three Norwegian alum
shales (Jeng, 1991). Amorphous material was also detected, and about half
was accounted for by the OM. The debris had 8.9 % TOC and 0.29 % TIC
(Table 1), the latter being similar to other acid-producing black shales in
Norway (Pabst et al., 2017).

The most abundant elements in the alum shale were K, Mg, Ca, Fe, Al,
and S (9–79 g kg−1, Table 2). Potassium and Al were accounted for by
the muscovite, while 75 % of the Ca and all TIC corresponded to the calcite
Table 1
Characterization of the alum shale debris before (untreated startingmaterial; n=1)
and after 52 weeks leaching under atmospheric (AOC) and low oxygen (LOC) con-
ditions. For AOC and LOC samples, mass % are given as average± one standard de-
viation of replicate samples (n = 2 except for LOI and TIC of the AOC treatment
where n = 3). Amorphous and mineral phase composition in % of total mass were
obtained from Rietveld simulations performed on X-ray diffractograms (further de-
tails in Section 1.3 in the SI). Size fractionation and TOC were not analysed (n.a.) in
leached alum shale samples.

Alum shale sample

Parameter Unit Starting
material

AOC
treatment

LOC
treatment

Loss on ignition (LOI) % 13 13.1 ± 0.3 13.1 ± 0.1
Total inorganic carbon (TIC) % 0.29 0.25 ± 0.06 0.25 ± 0.01
Total organic carbon (TOC) % 8.9 n.a. n.a.
Size fractionation

Sand % 86.6 n.a. n.a.
Silt % 12.2 n.a. n.a.
Clay % 1.2 n.a. n.a.

Phase composition
Muscovite % 43.7 44.8 ± 0.4 45.8 ± 0.9
Quartz % 19.2 19.6 ± 0.1 19.5 ± 0.9
Pyrite % 3.5 3.9 ± 0.1 3.8 ± 0.1
Calcite % 2.4 2.7 ± 1.2 1.8 ± 0.2
Amorphous material % 30.9 29.0 ± 0.6 29.1 ± 0.1
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fraction in the debris. Note that the high variability in Ca concentration
(36 % RSD; Table 2) suggested heterogenous distribution of calcite, likely
due to the presence of carbonate nodules in the rock (Wærsted, 2019).
The pyrite fraction accounted for 51 % of the total Fe in the debris and
60 % of the total S; the remaining S could be present as sulphates or sul-
phides associated with Fe or other cations, or as part of the organic matter.
Sodium, Sr, Ba, V, Cr, Mo, Mn, Ni, Cu, Zn, P and U were present at lower
concentrations (0.1–3 g kg−1), while Li, Be, Co, Cd, Sn, Pb, As, Sb, rare
earth elements and Th concentrations varied from 0.7 to 92 mg kg−1, and
the 226Ra concentration was 35 ng kg−1. The present elemental composi-
tion falls within the rather wide concentration range at other Scandinavian
locations (Falk et al., 2006; Jeng, 1991; Jeng, 1992; Lavergren et al., 2009;
Pabst et al., 2017). The corresponding activity concentrations of 232Th,
238U, and 226Ra were 0.60, 1.34 and 1.28 kBq kg−1, respectively
(Table 2), which confirmed that 238U was in secular equilibrium with its
daughter nuclide 226Ra. The U activity concentration in the debris was
above the 1 Bq g−1 maximum limit, thus the alum shale can be considered
low-level radioactive waste (FOR-2016-12-16-1659, 2016). Finally, the es-
timatedNP and AP of 24 and 97 kgCaCO3 eq t−1, respectively, resulted in a
ratio of 0.25. This fits well with the geochemical characterization (-
Section 1.2 in the SI) which placed the debris in the 3a horizon of the
alum shale formation, a horizon that is expected to be acid producing and
have high concentrations of several potentially harmful trace elements
and NORM (Owen et al., 1990; Pabst et al., 2017).

After AOC and LOC leaching treatments, slight or no significant changes
were observed in the alum shale TIC concentrations (decreased to~0.25%
in both treatments) or OM concentrations, nor in the mineral composition
(Table 1).

3.2. Leaching experiments

3.2.1. Changes in physical-chemical variables
The redox potential (Eh) in leachates of both treatments ranged between

~250–500 mV during the experiment. The initial dissolved O2 concentra-
tion in the artificial rainwater was 8.4 and 0.01 mg L−1 in the AOC and
LOC systems, respectively, increasing to 9.0 and 0.2 mg L−1 within 1 h
followed by an apparent plateau at 9.5–10.1 and 0.3–0.9 mg L−1 for the re-
maining 52-week experiment (Fig. 2a). Measurements of the gas phase
(Fig. 3) showed that the oxygen levels in the LOC systems throughout the
experiment (0.4–4.1 %) were substantially lower than atmospheric levels
(i.e., 21 %). The PCO2 in the gas phase increased with time (Fig. 3), and
by the end of the experiment, when the bottles had been closed for
24 weeks (i.e., gas phase had not been exchanged), observed PCO2 was
~5 times higher than global atmospheric CO2 levels at 390 ppm
(Hartmann et al., 2013). The methane concentrations (Fig. 3) were also
higher than atmospheric levels, with an increase to 4.5 ppm already after
1 h, to ~70 ppm after 24 h, and up to 3 orders-of-magnitude higher than
the ~1.8 ppm global atmospheric PCH4 (Hartmann et al., 2013) 1 week
into the experiment.

Mixing the synthetic rainwater with the alum shale debris increased the
pH from~5.0 to 8.4 (AOC) and 9.0 (LOC) within the first hour (Fig. 2b). In
the AOC leachate, the pH dropped to 7.0 at 24 h, followed by an increase to
8.0 after 4 weeks, before slowly decreasing again to 7.7 by 52 weeks. The
LOC treatment showed no initial pH drop, but the slow decrease to
pH 7.7 during the 52 weeks was similar to the AOC systems. Alkalinity
(Fig. 2c) and conductivity (Fig. 2d) were similar in both treatments during
the first 4 weeks, with a rapid increase after the initial mixing. This was
followed by stabilization of alkalinity at ~1.1 mmol L−1 in the AOC leach-
ates and a steady increase to 1.9 mmol L−1 in the LOC leachates, while con-
ductivity increased steadily for the rest of the experiment. The conductivity
was ~15 % higher in AOC than LOC leachates.

Sulphate was, together with carbonates, the dominating anion in the
leachate of both treatments (Fig. 2e), increasing rapidly within 4 weeks
followed by a slower rate for the rest of the experiment. Sulphate concentra-
tions were ~ 30 % higher in the AOC than in the LOC leachates. The initial
nitrate concentration in the synthetic rainwater (1.3 mg L−1) decreased



Table 2
Elemental composition (average ± one standard deviation, n = 3) of untreated alum shale used in the leaching experiments, percentage of the elements leached from the
alum shale into solution under atmospheric (AOC, n= 3) and low oxygen (LOC, n = 2) conditions after 52 weeks reaction, and concentration ratio of AOC and LOC treat-
ments at week 52.

Alum shale AOC leachate LOC leachate

Total concentration % of rock % of rock AOC/LOCa

Group 1 Li 31.3 ± 0.3 mg kg−1 0.66 0.45 1.5***
(Alkali metals) Na 3.23 ± 0.03 g kg−1 1.1 1.0 1.1

K 42 ± 1 g kg−1 0.13 0.13 1.0
Group 2 Be 6.7 ± 0.2 mg kg−1 <0.0007 0.0008 †
(Alkaline earth metals) Mg 9.0 ± 0.3 g kg−1 0.94 0.85 1.1

Ca 13 ± 5 g kg−1 9.5 8.8 1.1*
Sr 0.146 ± 0.007 g kg−1 16 15 1.1
Ba 0.8 ± 0.1 g kg−1 0.02 0.03 0.73***
226Ra 35 ± 2 ng kg−1 0.12 0.09 1.3

1.28 ± 0.07 kBq kg−1

Group 4–11 V 3.08 ± 0.08 g kg−1 0.0006 0.0002 3.0***
(Transition metals) Cr 0.14 ± 0.03 g kg−1 0.0001 0.0001 1.1†

Mo 0.226 ± 0.004 g kg−1 22 7.1 3.1***
Mn 0.27 ± 0.05 g kg−1 6.3 5.6 1.1*
Fe 32 ± 3 g kg−1 0.00009 0.0001 0.62*
Co 23.4 ± 0.1 mg kg−1 0.78 0.33 2.4***
Ni 0.44 ± 0.03 g kg−1 1.2 1.4 0.84*
Cu 0.141 ± 0.005 g kg−1 0.007 0.004 2.0***

Group 12 Zn 0.51 ± 0.04 g kg−1 1.8 0.43 4.2***
(Zinc group) Cd 11.2 ± 0.8 mg kg−1 2.6 0.82 3.2***
Group 13 (Icosagens) Al 79 ± 1 g kg−1 0.000009 0.00003 0.35**
Group 14 Sn 3.67 ± 0.06 mg kg−1 0.002 0.0008 2.2†
(Crystallogens) Pb 47 ± 1 mg kg−1 0.0004 0.0004 1.0
Group 15 P 0.81 ± 0.05 g kg−1 0.0003 0.0009 0.31†
(Pnictogens) As 88 ± 4 mg kg−1 0.009 0.003 2.9***

Sb 19.1 ± 0.8 mg kg−1 0.70 1.0 0.68***
Group 16 (Chalcogens) S 31 ± 3 g kg−1 3.3 2.5 1.3**
Rare earth elements La 50 ± 1 mg kg−1 0.0001 0.0002 0.57*
Lanthanides and group 3 Ce 92 ± 2 mg kg−1 0.00007 0.0002 0.36**

Pr 12.9 ± 0.4 mg kg−1 0.00009 0.0002 0.48**
Nd 47 ± 2 mg kg−1 0.0001 0.0002 0.58
Sm 9.4 ± 0.2 mg kg−1 0.0003 0.0004 0.79
Eu 1.8 ± 0.1 mg kg−1 0.001 0.001 1.1†
Gd 9.1 ± 0.3 mg kg−1 0.0007 0.0007 0.94
Dy 8.5 ± 0.3 mg kg−1 0.001 0.002 0.87
Ho 1.88 ± 0.05 mg kg−1 0.002 0.002 1.1
Er 5.0 ± 0.2 mg kg−1 0.002 0.002 1.1
Tm 0.75 ± 0.01 mg kg−1 0.002 0.003 0.83
Yb 4.35 ± 0.04 mg kg−1 0.002 0.002 1.2
Lu 0.66 ± 0.01 mg kg−1 0.002 0.002 0.99

Actinides Th 14.8 ± 0.7 mg kg−1 <0.00004 0.0002 †
232Th 0.060 ± 0.002 kBq kg−1

U 107 ± 2 mg kg−1 4.0 4.9 0.82***
238U 1.34 ± 0.02 kBq kg−1

a Significance levels for t-test between AOC and LOC concentrations: *p < 0.1, **p < 0.05, ***p < 0.01, † t-test not performed as at least one replicate was below the de-
tection limit.
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within 4 weeks to below (or within error of) the detection limit
(0.09mg L−1) in both treatments (Fig. 2f), whereas the initial chloride con-
centration (0.46mgL−1) decreased to~0.3mgL−1 in AOC leachates while
remained within error of 0.5 mg L−1 in the LOC leachates (Fig. 2g). Fluo-
ride increased from <0.04 mg L−1 in the rainwater to 0.30–0.35 mg L−1

in the leachates from both treatments (Fig. 2h).

3.2.2. Element leaching development
Leached concentrations of Be, Cr, Fe, Cu, P, 232Th, group 13 and 14 el-

ements, and rare earth elements were close to or below detection limit (see
Table S3 for average concentrations at week 52), thus leachate concentra-
tions over time are not presented here. For the remaining elements, com-
parison of the dissolved fraction (< 0.45 μm) with the <10 kDa fraction at
1 h and 4, 12, 28 and 52 weeks showed that ≥90 % were present in the
leachates as LMM species. Due to the similarities between the fractions,
only results for the dissolved fraction samples are presented here.

In general, the leachate concentrations of most of these elements in-
creased abruptly during thefirst hour aftermixing and up to 1week contact
time, independently of the treatment (Fig. 4). This can be an artefact from
crushing the alum shale, which created very reactive, fresh surfaces that
5

could enhance the release of elements from the mineral phase. Therefore,
when discussing the long-term leaching processes studied in this work,
the first initial high element release (i.e., < 1 week) was not considered un-
less presented or discussed otherwise.

After 1 week, leached concentrations of Li under LOC and Na and K in
both treatments stabilized or decreased slightly, whereas Li in the AOC sys-
tems continued to increase (Fig. 4a, b, c), reaching a 46%higher concentra-
tion than under LOC conditions at week 52 (p = 0.0002; Table 2).
Potassium concentrations (5–6 mg L−1) were almost twice as high as Na
concentrations (3–4 mg L−1) and no significant differences were observed
between treatments for either element during the experimental period.
Contrastingly, leached Mg, Ca and Sr concentrations increased over time
for both treatments, but at slower rates for the LOC systems (Fig. 4d, e, f).
Yet, after 52 weeks, concentrations in both treatments were similar for
Mg (~8 mg L−1) and Sr (~2.2 mg L−1), and only slightly higher in AOC
than LOC for Ca (125 and 116 mg L−1, respectively, p=0.07). Concentra-
tions of Ba and 226Ra decreased over time (Fig. 4g, h), with LOC treatment
resulting in a slower Ba decrease. By the end of the experiment, about half
of the Ba and Ra leached in the first week had been removed from solution
and thus the final concentrations were ~16–22 μg L−1 Ba and



Fig. 2.Water quality parameters (a-d) and anions (e-h) in alum shale leachates of atmospheric (AOC) and low oxygen conditions (LOC) over time. Full (AOC) and dashed
(LOC) lines connect average concentrations, and the error bars represent one standard deviation of replicate samples (n = 3, except weeks 28 and 52 for the LOC
treatment where n = 2). The inset graph in b) shows the pH in the first week.
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3.3–4.2 pg L−1 Ra. At week 52, Ba concentrations in leachate were 27 %
lower under AOC condition than in the LOC leachates (p = 0.003), while
the 226Ra measurements were not significantly different.

The concentration of transition metals Mo, Mn, Co, and Ni increased
over time with both treatments, while V decreased quickly to a 4-fold
lower concentration (Fig. 4i). The AOC treatment resulted in a more rapid
removal of V from solution followed by a slow increase between 12 and
52 weeks, whereas in the LOC systems the V levels remained constant
after 28 weeks. By the end of the experiment, the V concentration under
AOC was 3 times those reached in the LOC systems (p = 5·10−5). For
Mo, Mn, Co, Zn and Cd (Fig. 4j, k, l, n, o), the AOC treatment resulted in
faster leaching and, by week 52, the resulting concentrations were 210 %
(p = 4·10−5), 14 % (p = 0.07), 140 % (p = 0.001), 320 % (p = 7·10−5),
and 220 % (p = 0.0007) higher than under LOC, respectively. In the LOC
treatment, Mo concentrations stabilized at ~1600 μg L −1 after 12 weeks,
while the other element concentrations continue to increase. In the case
of Ni (Fig. 4m), concentrations in leachate from the LOC treatment by the
end of the experiment were higher than in the AOC systems (16 %; p =
0.08) despite that under AOC there was a faster initial release and the con-
centrations at week 12 were 160 % higher (p = 9·10−7).

Leaching of group 15 elements, that is, P (data not shown), As (Fig. 4p)
and Sb (Fig. 4q), was limited and the initial concentrations decreased over
time under both treatments. Antimony concentrations were ca. 20 times
higher than As, with LOC resulting in 46 % higher leaching of Sb at week
52 than in AOC systems, whereas As concentrations were 66 % lower in
LOC compared to AOC.
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The release of 238U (Fig. 4r) was initially fast (from 0 to ~200 μg L−1

during the first 4 weeks) followed by slower leaching, without reaching a
steady-state concentration. The LOC treatment resulted in higher U concen-
trations in solution at week 52 than under AOC condition (529 vs.
433 μg L−1), especially in the last part of the experiment with 22 % higher
U at week 52 (p=0.001). It is worth noting that the 226Ra activity concen-
trations in the AOC and LOC leachates during the first 24 h were 4–8 times
higher than that of 238U, but by week 52 the 238U activity concentrations
were 36 times higher (Fig. 2 h).
3.2.3. Amount leached after 52 weeks
For most elements and for either treatment, ≤ 1 % of the total debris

content had leached into the rainwater at week 52, except for Ca, Sr, Mo,
Mn, Ni, Zn, Cd, S and U whose released fractions were notably higher
(Table 2). Out of the total debris content, ~9 % Ca, ~6 % Mn, ~1.3 % Ni
and ~3 % S leached from the alum shale under either treatment, whereas
the total leached Zn and Cd was ~2–2.5 % under AOC compared to
0.4–0.8 % observed under LOC. The greatest leached fractions were ob-
tained for Sr and Mo, with 15–16 % (AOC and LOC) and 7 % (LOC) and
22 % (AOC) of the total alum shale content released into the rainwater, re-
spectively. In the case of radionuclides, 4.0% and 4.9% of the total U in the
debris leached during the AOC and LOC treatments, respectively. Although
the fractions of 226Ra leached under AOC and LOC were 3–6 times greater
than Ba, it only represented 0.12 % and 0.09 % of total 226Ra debris con-
tent, respectively.



Fig. 3. Average concentrations of (a) O2, (b) CO2, and (c) CH4 measured in the gas
phase of alum shale samples leached under low oxygen conditions (LOC) for
52 weeks. Error bars represent one standard deviation of replicate samples (n =
3, except 28 and 52 weeks where n = 2). The atmospheric concentrations of
21 % O2, 390 ppm CO2, and 2 ppm CH4 are represented by dashed lines
(Hartmann et al., 2013). Note that since the gas phase was exchanged every time
the rainwater was sampled (inside a nitrogen filled glove bag) the measurements
do not represent a continuous time evolution.
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3.3. Disposal site water

Water collected at the disposal site pond showed slightly basic pH, high
conductivity (1236 μS cm−1) and generally high concentrations of anions
(NO3

−, SO4
2−, Cl−) and most metals (Table 3). The concentrations of Cr,
7

Co, Cu, Cd, Sn, Pb, and La were below 0.5 μg L−1, whereas Be, Zn and Th
were below the limit of detection. Uranium was the only radionuclide de-
tected in the disposal water (73 μg L−1). Phosphorus, Ba, 226Ra and most
rare earth elements were not measured. It is worth noting that >90 % of
the detected elements were present in the disposal site water as LMM spe-
cies (fractionation results reported in Wærsted (2019)).
4. Discussion

4.1. Alum shale stability under different oxygen conditions

4.1.1. Main leaching processes
The leaching of alum shale by rainwater was dominated by three main

processes: pyrite oxidation, sulphate phases dissolution, and calcite dissolu-
tion. The oxidation of pyrite (FeS2) was expected based on themeasured pH
(Fig. 2b) and Eh (~250–500 mV), which placed the alum shale systems in
the stability range of Fe(III) (Grundl et al., 2011). The oxidation of FeS2
by oxygen in the presence of water leading to the formation of acid (H+),
sulphates (SO4

2−), and aqueous Fe(II) and Fe(III) species (Dos Santos
et al., 2016) is supported by the measured release of S into the water in
the form of sulphate (total S and sulphate concentrations agreed well at
all time points), with concentrations increasingwith time after a fast release
at the beginning of the experiment (Fig. 2e). Additionally, the observed de-
crease in nitrate concentrations (Fig. 2f) can be explained by the use of ni-
trate as electron acceptor for pyrite oxidation. Although the evaluation of
the leachate concentrations implied pyrite oxidation, no significant changes
in pyrite concentration in the debris were observed by the end of the exper-
iments. Since only 3.3 % of the total S leached in the AOC treatment, and a
part of this likely came from dissolution of soluble sulphate phases present
in the alum shale, the associated decrease of 0.1–0.2% in the pyrite fraction
would not be detectable by XRD. Overall, these results suggest that the rain-
water leaching at atmospheric or low oxygen conditions used in this study
was not very aggressive towards the rock. Oxygen is often the limiting fac-
tor in pyrite oxidation (Chandra and Gerson, 2010). By submerging the
alum shale in water, the oxygen availability was reduced due to slower dif-
fusion inwater compared to air. Moreover, since the rate of pyrite oxidation
depends on surface area (Chandra and Gerson, 2010), the relatively large
grain size of the debris used in this study (<2 mm) could have limited the
available reactive surfaces and thereby decreased the oxidation rate, com-
pared to, e.g., the experiments by Jeng (1991) using smaller debris (<
75 μm).

Calcium and carbonates were the othermain ions observed in the leach-
ates and, by the end of the experiment, pHwas still circumneutral (Figs. 2b,
c and 3e), indicating that the release of carbonates due to dissolution of the
calcite (CaCO3) fraction in the debris neutralized the H+ released from py-
rite oxidation. The concentration of dissolved carbonate was limited by the
solubility of calcite and, at the experimental pH of ~7.7, carbonates would
mainly be present as bicarbonate (HCO3

−), thus providing sufficient buffer-
ing capacity to maintain a circumneutral pH for 52 weeks. Other leaching
experiments with alum shale from Gran have reported similar neutral pH
(Fjermestad et al., 2017; Hjulstad, 2015; Waersted et al., 2020). In a 14-
week weathering batch experiment using a calcareous alum shale, Jeng
(1991) measured decreasing pyrite content and increasing leaching of sul-
phate and Ca, while no change in pH was observed due to neutralization
of the acid by carbonate provided by dissolved calcite, as seen here. Never-
theless, Scandinavian alum shales can result in pH levels down to 2–3 (Falk
et al., 2006; Yu et al., 2014) and the measured NP:AP of our alum shale
(0.25) reflects that pHwould decrease with time if conditions for oxidation
are met. In laboratory scale, unsaturated columns and in large scale, out-
door batch leaching experiments with Norwegian alum shale, i.e., in sys-
tems with greater access to oxygen compared to our bottle batch
experiments, the time required for the pH to drop below ~6 was
~10 months and between 14 months to 8 years, respectively (Wærsted
et al., 2022). Thus, the length of our AOC/LOC experiments may have not
been sufficient to observe the expected pH drop.
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Table 3
Water quality and element concentrations measured in water collected at the dis-
posal site at Gran (average± one standard deviation; n = 1 for pH and conductiv-
ity, n = 3 for the rest of the measurements) and ratios to the experimental
measurements obtained under atmospheric (AOC, n= 3) and low (LOC, n= 2) ox-
ygen conditions at week 52. Concentrations were measured in samples filtered
through 0.45 μm, except for field parameters, TOC and anions in disposal site water
that were measured in unfiltered samples.

Disposal site water Concentration ratios

Concentration unit AOC/site LOC/site

Water quality pH 7.65 1.0 1.0
Conductivity 1236 μS

cm−1
0.55 0.48

TOC 1.5 mg L−1 – –
SO4

2− 340 mg L−1 0.94 0.71
NO3

− 186 mg L−1 ≤0.0005 ≤0.0005
Cl− 23 mg L−1 0.043 0.026

Group 1 Li 20 ± 0.2 μg L−1 1.0 0.71
(Alkali metals) Na 99 ± 1 mg L−1 0.035 0.033

K 13 ± 0.1 mg L−1 0.43 0.43
Group 2 Be <0.0083 μg L−1 – –
(Alkaline earth
metals)

Mg 12 ± 0.4 mg L−1 0.70 0.63
Ca 110 ± 4 mg L−1 1.1 1.1
Sr 1.40 ± 0.03 mg L−1 1.6 1.5

Group 4–11 V 2.4 ± 0.06 μg L−1 0.76 0.25
(Transition metals) Cr 0.14 ± 0.03 μg L−1 0.14 0.11

Mo 850 ± 0.4 μg L−1 5.9 1.9
Mn 97 ± 2 μg L−1 18 16
Fe 4.4 ± 0.7 μg L−1 0.64 1.0
Co 0.48 ± 0.07 μg L−1 38 16
Ni 4.3 ± 0.2 μg L−1 117 140
Cu 0.26 ± 0.02 μg L−1 3.8 1.9

Group 12 Zn <2.6 μg L−1 ≥354 ≥85
(Zinc group) Cd 0.13 ± 0.006 μg L−1 226 70
Group 13
(Icosagens)

Al 7.8 ± 0.4 μg L−1 0.091 0.26

Group 14 Sn 0.12 ± 0.002 μg L−1 0.058 0.025
(Crystallogens) Pb 0.042

± 0.0007
μg L−1 0.48 0.40

Group 15 As 3.7 ± 0.07 μg L−1 0.21 0.071
(Pnictogens) Sb 90 ± 0.4 μg L−1 0.15 0.22
Rare earth elements La 0.0087

± 0.002
μg L−1 1.1 1.3

Actinides Th <0.004 μg L−1 – ≥0.8
U 73 ± 0.4 μg L−1 5.9 7.2
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In the LOC systems, the oxidation of pyrite was less pronounced than
under atmospheric oxygen conditions. As indicated by the observed oxygen
levels (Figs. 2a and S9a), less oxygen was available compared to the AOC
systems, and thus pyrite oxidation occurred to a lesser extent in the LOC
systems, leading to significantly lower leaching of sulphate (Table 2;
Fig. 2e). This limited oxidation is also supported by 13 % lower conductiv-
ity (Fig. 2d), which indicated that the total ion concentration leached into
the water under LOC was lower. At week 52, the LOC systems had 76 %
higher alkalinity than the AOC leachates (p = 0.0007), which could indi-
cate lower production of acid from pyrite oxidation. However, since the car-
bonate concentration in the AOC systems was limited by calcite solubility,
the higher alkalinity in the LOC systems can be explained by the higher
PCO2, which would increase the carbonate solubility. The increase in PCO2
originatedmost likely fromCO2 released as acidwas neutralized by carbon-
ates, subsequently building up in the closed LOC bottles (gas exchange only
during sampling). Since the alum shale debris was not sterilized prior to the
experiments, the elevated methane concentrations observed in the gas
phase (Fig. 3c) and the decrease in NO3

− concentrations in the leachates
(Fig. 2f) could suggest biological activity also occurring to some extent in
these systems.
Fig. 4. Dissolved (< 0.45 μm) concentrations of selected elements in alum shale leachate
and dashed (LOC) lines connect average concentrations, and error bars represent one
treatment where n = 2). For the radionuclides (h and r), the secondary y-axis shows ac

9

4.1.2. Release of trace elements
Changes in water quality and gas phase conditions caused by the main

leaching processes (i.e., pyrite oxidation, sulphate and calcite dissolution)
affected the release of elements from the alum shale differently and resulted
in different associated processes. Dissolution of pyrite due to oxidation pro-
duced aqueous Fe(III), which at the experimental pH would precipitate as
amorphous oxyhydroxide, Fe(OH)3, and lead to scavenging of a variety of
trace elements from solution (Braunschweig et al., 2013). In this study, Fe
concentration in the leachates were close to or below detection limit and
a sudden pH drop from 8.4 to 7.0 was observedwithin 24 h in the AOC sys-
tems (Fig. 2b), which suggested that the initial Fe released from pyrite oxi-
dation rapidly precipitated, removing OH− from solution to form Fe(OH)3.
These amorphous iron precipitates have a high affinity for elements such as
V, As and Sb (Braunschweig et al., 2013; Okkenhaug, 2012), which can
occur as impurities in pyrite and thus being released during the leaching
process. In the rainwater leaching experiments, the V, As and Sb leachate
concentrations were relatively low and/or decreased over time (Fig. 4i, p,
q), likely due to scavenging by the iron phases concurrently formed during
the experimental period (pH of the leachates was >6.9; Fig. 2b). In the LOC
systems, where the pyrite oxidation was limited (i.e., less Fe released into
solution), the lack of the initial pH drop and the slower decrease in V, As
and Sb concentrations in the leachate compared to the AOC systems
(Figs. 2b and 4i, p, q) suggested that element scavenging by Fe(OH)3 was
a less dominant process.

The fast release of K during the first 4 weeks (Fig. 4c) could be an arte-
fact due to the crushing process, but the slightly higher concentrations in
the leachate from the AOC treatment (except at week 52 when the two
treatments had equal concentrations) indicates an oxidation effect. This
same effect has also been observed by Waersted et al. (2020) in alum
shale leaching experiments at neutral pH. Of the other alkali metals, Na
leaching was the same for both treatments, while for Li there was a clear ef-
fect of the oxygen access. Muscovite accounts for all the K in the debris and
can be the source of the releasedfluoride (Fig. 2h). Dissolution ofmuscovite
would also release Al. However, the Al concentrations in the leachates were
below the detection limit, suggesting that the Al solubility in these systems
was controlled by the formation of amorphous Al(OH)3, as seen in long-
term weathering of black shale at pH > 6 (Yu et al., 2014).

Precipitation and/or co-precipitation likely limited the solubility of the
heavy alkaline earth metals Ba and 226Ra as only ≤0.12 % of the total de-
bris content was in solution at the end of the experiment (Fig. 4g, h;
Table 2). Due to high sulphate concentrations, the leachates at all sampling
points were slightly oversaturated with respect to BaSO4 (Ksp =
1.07·10−10, 25 °C; (CRC, 1993)), suggesting that the released Ba precipi-
tated as BaSO4 (Ba concentrations decreased over time, while SO4

2− con-
centration increased; Figs. 2e and 4g). Since the concentrations of 226Ra
(Fig. 4h) followed a very similar trend to Ba, Ra was likely co-precipitated
with BaSO4. This Ba/226Ra (co-)precipitation process was supported by
the higher Ba leachate concentrations observed in the LOC systems,
where the release of sulphate was lower compared to the AOC treatment.

The more pronounced pyrite oxidation under the atmospheric oxygen
conditions compared to the LOC corresponded well with the significantly
greater release of Mo, Co, Zn Cd, and initially of Ni (Fig. 4; Table 2),
which are commonly found as impurities in pyrite and can be released dur-
ing leaching in acidic conditions (Abraitis et al., 2004; Yu et al., 2014). The
difference between treatments was especially noticeable for Mo, Zn and Cd
(Fig. 4j, n, o) and to a lesser extent Co (Fig. 4l). The concentrations in the
LOC systems reached an apparent steady state during the experimental pe-
riod compared to the linear increase observed under AOC, which resulted
in 2–4 times higher leachate concentrations at week 52 (Table 2). These ob-
servations are in accordance with the high release of Mo reported for alum
shale fromGran (Fjermestad et al., 2017; Hjulstad, 2015; Santos, 2014) and
for other alum shales (Lavergren et al., 2009), as well as with the Cd
s under atmospheric (AOC) and low oxygen (LOC) conditions over time. Full (AOC)
standard deviation of replicate samples (n = 3, except weeks 28 and 52 of LOC
tivity concentrations (Bq L−1).



F.M. Wærsted et al. Science of the Total Environment 880 (2023) 163035
concentrations reported for large-scale experiments with Gran alum shale
left open to air over 8 months (~18 μg L−1 after 32 weeks (Fjermestad
et al., 2017) vs. ~20 μg L−1 at 28 weeks in the AOC leachates (Fig. 4o)).
Leached Cd concentrations reported for shorter reaction times were ca. 1
order-of-magnitude lower than those observed here under the AOC after
similar leaching time (i.e., ~0.5 μg L−1 (Hjulstad, 2015) vs. ~10 μg L−1

(Fig. 4o) after 4 weeks), likely due to differences in particle size and hetero-
geneity of the rock. In the case of Ni (Fig. 4m), a steady-state release was ob-
served in the AOC systems after 12 weeks reaction, suggesting that an
apparent equilibriumbetweenNi-containing phases andNi aqueous species
in the rainwater was reached. However, no equilibrium was reached under
the LOC, as Ni leachate concentrations continued to increase over time.

The release of major cations (Mg, Ca), Sr and Mn (Fig. 4d, e, f,
k) resembled that of SO4

2− (Fig. 2e), which suggests that the dissolution
of calcite to buffer the acid produced during pyrite oxidation released Ca
into solution as well as other doubly-charged cations that can be present
as impurities in carbonate phases (Gabitov et al., 2013). Since the total
amount leached from the debris by the end of the experiment was higher
for Ca (~9 %) than for Mg (<1 %) or Mn (~6 %) (Table 2), the latter two
could also have been present as impurities of aluminosilicate phases (such
as muscovite or albite) and/or forming the mineral structure of other
minor phases (undetected by XRD) that were seemingly stable under both
leaching conditions of this study. The initial total concentration of Sr in
the debris was 2 orders-of-magnitude lower than Ca (Table 2), supporting
the potential substitution of Ca by Sr in the structure of calcite or other
minor phases. Yet, the fraction leached by the end of the experiment was
higher for Sr than Ca (~15 % vs. ~9 %). This suggests that the release of
Sr was not only due to calcite dissolution (otherwise stoichiometric or
lower release expected), but could also have been driven by cation ex-
change (Perdrial et al., 2014), i.e., Sr in the mineral structure was replaced
by other cations present in the aqueous phase. It is worth noting that, al-
though the release of Mg, Ca, Sr or Mn did not plateau at week 52, limited
access to oxygen significantly diminished the leaching rates from week 4
onwards (LOC systems; Fig. 4d, e, f, k). This agrees with the observed
lower production of acid from pyrite oxidation and the consequent lower
requirement for buffering in the LOC systems compared to the AOC sys-
tems.

The mobility of 238U from alum shale due to rainwater immersion was
greater than that observed for other radionuclides (i.e., 0.0002 % or less
for 232Th and ~ 0.1 % of the 226Ra leached from the debris; Table 2) but
in agreement with previous open air leaching studies using Gran alum
shale with characteristics similar to the debris used here. The U leachate
concentrations (i.e, ~400–500 μg U L−1 at 28–52 weeks; Fig. 4r) were
within range of those reported after 4–7 weeks reaction time
(~100–350 μg L−1) and ca. half of those after 8 months (~1100 μg U L−1)
(Fjermestad et al., 2017; Hjulstad, 2015). Besides the particle size of the de-
bris and the initial properties of the leachant, these leaching differences can
be attributed to variations and uneven distribution of total U concentration
in the debris, even in rock materials from the same area. Uranium concen-
trations of the debris used here were similar to other materials extracted
from the tunnel construction (Fjermestad et al., 2017), but were about 3
times higher than those reported for black shale substrates collected at dif-
ferent depths near Gran (Helmers, 2013). Additionally, the U release trend
was not comparable to any of the other leached trace elements. Hence,
these results suggest that leached U might have originated from different
phases in the debris, e.g., associated with high-density inclusions in the
rock heterogeneously distributed in the geological horizons of the Gran
area (Skipperud et al., 2016). The total U leached at pH 7–8 and atmo-
spheric oxygen has ranged from 1 to 10 % of the U rock content (this
study and Fjermestad et al. (2017); Helmers (2013)).

Interestingly, the increasing U concentrations in the LOC leachates over
the 52-week reaction period were higher than those observed under AOC
(Fig. 4r). This enhanced release can be explained by: i) reduced pyrite oxi-
dation and Fe concentrations in the LOC system causing less U scavenging
by Fe (and Al) amorphous oxyhydroxides and/or ii) complexation of U by
dissolved carbonate, originating from the dissolution of calcite. In the
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absence of scavenging phases with high affinity for U (Braunschweig
et al., 2013) or high concentrations of dissolved phosphate that can readily
form recalcitrant uranyl phosphateminerals (Perdrial et al., 2018; Vázquez-
Ortega et al., 2021), the formation of binary and ternary uranyl carbonate
complexes have been shown to increase the solubility (Stanley and
Wilkin, 2019) and accelerate the dissolution rates of different uranyl min-
eral types (Reinoso-Maset et al., 2020; Reinoso-Maset et al., 2017). There-
fore, the release of U from the alum shale debris under limited oxygen
access might have been driven by carbonate complexation since lower buff-
ering was required and PCO2 was higher in the low oxygen systems than
under atmospheric oxygen conditions.

4.2. Leaching at the disposal site

The disposal site water collected after 60 weeks of disposing tunnel ma-
terials in the excavated bog was comparable to the 52-week alum shale
leachates with respect to pH and concentrations of SO4

2− and major cations
such as K, Ca, Mg and Sr (Table 3;Figs. 2, 4), as well as to the size fractiona-
tion of a series of elements (Wærsted, 2019). These results indicate that
weathering of the alum shale occurred on site in a similar manner to that
observed in the laboratory leaching experiments. In both scenarios, labora-
tory and disposal site, non-weathered black shale was used (i.e., blasted
rock was transported directly from the tunnel to disposal in the bog); yet,
if weathered acid-producing rock were to be stored, oxidation processes
could have continued even without oxygen due to Fe(III) acting as oxidant
and, in turn, avoiding future acid rock drainage can become difficult
(Dublet-Adli et al., 2021).

The conductivity of the disposal site water was, however, twice as high
as in the leachates, which can be linked to the markedly higher concentra-
tions of NO3

− (> 2000 times) and Cl− and Na (20–40 times) compared to
those observed in the AOC or LOC systems (Table 3). The Na and Cl− likely
originated from salting of roads in the area, whereas the extremely high
NO3

− concentrations can be related to explosive residues found in the dis-
posed tunnel blast materials (Fjermestad et al., 2018). Three years after
the in-situ sampling, the NO3

− concentration in the water of the finalized,
covered disposal site was reported to be 0.6 mg L−1 (Greipsland et al.,
2019), i.e., ca. 300 times lower. This decrease is in line with the rate ob-
served in the laboratory experiments, where the leachate nitrate levels de-
creased at least a factor of 60 in 1 year (from 1.2 to <0.02 mg L−1 NO3

−;
Fig. 2). Thus, under limited water exchange at the disposal site and based
on the main leaching processes observed in the AOC and LOC systems,
these results imply that the nitrate was consumed mostly during the oxida-
tion of pyrite but could also have been consumed by biological processes.
Yet, the concentrations of some of the leached elements suggested that py-
rite oxidation might have occurred to a lesser extent at the disposal site
(Table 3): i) the ~6 to 350 times lower concentrations of Mo, Mn, Co, Ni,
Zn, Cd and U in the disposal site can indicate less release from pyrite oxida-
tion and calcite dissolution and ii) ~1.5 to 14 times higher concentrations
of Li, V, As and Sb in the disposal site water could be explained by limited
Fe/Al (oxy)hydroxides scavenging. These effects are likely due to limited
access to oxygen as observed between the AOC and LOC leaching experi-
ments (Table 2). The differences in leached U and other elements can also
be explained by differences in the rock materials accumulated at the dis-
posal site (i.e., black shales mixed with other rocks) and those used for
the leaching experiments (i.e., alum shale debris selectively collected
based on high U content). On the other hand, the release of other elements,
such as Be, Cr, Fe, Cu, Al, Sn, Pb, La and Th, into disposal site pond water
was low, just as observed in the laboratory leachates (Table 3) and, based
on the comparable sulphate levels, the same low solubility was expected
for Ba and 226Ra (not measured in the disposal site water).

The buffering capacity of the disposal site water changed over time. The
alkalinity reported for the disposal site at the time of our water sampling,
i.e., after ca. 1.2 years of accumulating tunnelmaterials in the bog, was sim-
ilar to the AOC leachates at week 52 (~1.4 mmol L−1 (Fjermestad et al.,
2018) vs. ~1.1 mmol L−1). After the site was covered, the alkalinity in-
creased to up to 5–7 mmol L−1 over a 2 year period (Fjermestad et al.,
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2018), which resembledwell the increase in alkalinity observed in the LOC
systems (up to ~2 mmol L−1 in 1 year). As seen in the laboratory experi-
ments (Fig. 2), the pH of the disposal site water during and after accumula-
tion of materials did not significantly decrease over time and stayed at
pH 7.5–8. Thus, the buffering capacity of the rock masses was sufficient
to neutralize any acid released from pyrite oxidation during storage in
open air, similarly to the AOC systems. Since the water of the bog was ex-
changed during the filling period, dissolved carbonate could have been re-
moved from the system leading to a reduction of buffering capacity, as
reported for laboratory experiments by Waersted et al. (2020). Once the
materials were covered and access to oxygen was limited, the buffering ca-
pacity in the form of carbonate alkalinity increased due to increased PCO2
underground, similarly to the LOC systems. PCO2 is commonly higher
underground due to biological activity and slow exchange with the atmo-
sphere, and in this case, CO2 will also be released from acid neutralization
by carbonates.

As the disposal site is an excavated bog, the presence of organic matter
in solid and dissolved phases can play an important role in changing the
speciation of elements with a high affinity for OM. In fact, TOC was ob-
served in the disposal site water (Table 3) and fell within the reported
values of 0.5–11 mg L−1 (Fjermestad et al., 2018). Comparison with labo-
ratory data is difficult as these were based on filtered samples (DOC), and
all were below the detection limit (1.8 mg L−1). However, the role of OM
is expected to have beenmore important at the disposal site than in the lab-
oratory experiments. While association to TOC in water can increase the
mobility of trace elements, association with solid phase OM can also reduce
mobility.

5. Environmental implications of storing acid-producing rock

While the concentrations of elements of environmental concern, such as
Mo, Ni, Zn, Cd and U, leached into rainwater after 52 weeks (AOC and LOC
experiments) surpassed up to 300 times those reported for international en-
vironmental limits (Table 4), theywere still orders of magnitude lower than
those expected from alum shale drainage by low pH (Åhlgren et al., 2021;
Falk et al., 2006; Jeng, 1991; Lavergren et al., 2009; Yu et al., 2014). The
concentrations of Mo, Ni, Cd, As and U in the disposal site water were
also above the regulative limits (Table 4), thus releases from the disposal
site pond into the groundwater, eventually reaching main water streams,
could increase the contamination to levels of environmental concern. Yet,
Table 4
Concentration limits for selected elements from environmental quality standards of
Norway (NO), European Union (EU) and Canada (CA), and concentration ratios for
the leachates under atmospheric (AOC) and low oxygen (LOC) conditions at week
52 and the disposal site water with respect to the quality standards. Ratios high-
lighted in bold indicate elements in a concentration exceeding the environmental
quality standard by at least 1 order-of-magnitude.

Element Environmental quality
standardsa

Concentration ratios

Limit (μg L−1) Country AOC/limit LOC/limit Disposal site/limit

Cr 3.4 NO 0.006 0.005 0.04
Mo 73 CA 68 22 12
Ni 4 NO+EU 126 150 1.1
Cu 7.8 NO 0.1 0.1 0.03
Zn 11 NO 83 20 <0.23
Cdb 0.09 NO+EU 322 102 1.4
Pb 1.2 NO 0.02 0.01 0.04
As 0.5 NO 1.6 0.5 7.4
238U 15 CA 29 35 4.9

a Annual average environmental quality standard (AA-EQS) values for Norway
(Norwegian Environmental Agency, 2016) and the European Union (EU, 2013),
and long-term concentration fromwater quality guidelines for protection of aquatic
life for Canada (Canadian Council of Ministers of the Environment, 2018).

b Limit for Cd depends on measured CaCO3 concentrations.
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the water quality of the downstream Vigga River has been reported to be
within acceptable quality limits for Cr, Ni, Cu, Cd, Pb, As and U
(Engebretsen et al., 2020), indicating that run-off of leachate water from
the established alum shale waste disposal site so far has not been significant
or that the environmental dilution is sufficient to diminish any potential
pollutant accumulation.

Since the majority of the elements observed in the laboratory leachates
and in the disposal site water can be assumed bioavailable (> 90 % present
as LMM species), dilution of this contaminated, metal-rich water originat-
ing from alum shale leaching will reduce negative effects on biota. Field in-
vestigations have shown that there were negative effects on benthic
macroinvertebrate communities in the vicinity of the disposal site during
construction work (Engelstad, 2016), but uptake of elements present in
alum shale from Gran, such as Mo, Cd or U, resulted in no clear toxic effects
on Salmo trutta (Hjulstad, 2015; Skipperud et al., 2016). Higher element up-
take and associated toxic effects on fish are, however, expected at low pH
(Lydersen et al., 2002), thus a potential drop from pH 7.9–8.7 recorded in
streams and lakes around the disposal site at Gran (Skipperud et al.,
2016) would increase the environmental risk of the alum shale storage.
Even if dilution may help reducing the risk, limiting infiltration of
oxygen-richwater into the disposal site would be crucial to avoid the devel-
opment of acid rock drainage with the associated low pH and high levels of
elements of concern.

The present 52-week rainwater leaching experiments showed that, even
under neutral rock drainage, alum shale can releaseNORMand other harm-
ful elements at levels of concern, and that the rainwater-alum shale systems
were still undersaturated with respect to several elements (no steady state
reached, low total % leached). In addition, the release of most elements
was lower and slower under low oxygen conditions since the pyrite oxida-
tion was less prominent compared to atmospheric conditions, confirming
the importance of storage with limited access to oxygen (e.g., anaerobic
or anoxic conditions). The inherent buffering capacity of the rock corrected
the initial pH drop observed in the AOC systems and avoided acid rock
drainage for 52weeks. However, in the long term, the stability of the stored
alum shale can be compromised since a pH drop is expected if oxygen is
available (0.25 NP:AP for the alum shale debris from Gran). These results
demonstrated that when acid-producing rock is stored submerged in
water, a pH drop can be avoided or postponed by minimizing the access
to air and exchange of water. This is essential at the disposal site to avoid
leaching of several environmentally relevant elements and the associated
negative effects on biota. Moreover, for accurate environmental assess-
ments, specific evaluation of the properties of both the disposal site
(e.g., geological setting, hydrology) and rock masses (e.g., mineral and ele-
mental composition, particle size, weathering degree, fissility) is recom-
mended to ensure proper storage conditions of potentially acid-producing
waste rock materials.
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