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a b s t r a c t

Herbivory is one of the most important biotic disturbance types globally and is important for community
structure and composition through species filtering. In northern forest ecosystems the population densi-
ties of wild-ranging ungulates, which are managed through hunting, have reached historically high num-
bers. Conservation concerns frequently arise, both in media and scientific literature. One key question is
whether increased deer densities negatively affect biodiversity and whether management should imple-
ment reduction in deer densities. Few studies have addressed wild herbivores-plant richness relation-
ships using a full length gradient of herbivory. Such gradient approach where herbivory is studied
from very low to very high intensity, may enable us to develop operational management guidelines for
deer densities We recorded the ungulate herbivory intensities on the island Svanøy in west Norway
across 10 years and related this to the present plant richness of an old-growth pine-forest system, record-
ing all plant species groups of the forest understory. The herbivory intensity-plant richness relationship
followed a unimodally peaked curved, but plant richness was lower only at forest sites with artificially
high red deer herbivory. Overall, the herbivory-richness relationships of functional groups fitted expec-
tations in that the richness of low-growing functional groups as forbs, graminoids and mosses all
increased within natural levels of herbivory intensities, whereas the richness of the taller growing woody
species of the forest understory, dwarf-shrubs and young trees, decreased along the intensity gradient.
We validated the gradient approach by experimental exclosure data. Management for relatively high deer
densities may benefit the overall understory plant richness of such forest ecosystems at the expense of
richness of woody plants. We suggest that the herbivory-induced reduction of the understory woody
layer is the key to understand the overall increase in plant species richness.

� 2013 Elsevier B.V. All rights reserved.

1. Introduction

Globally, herbivory by large grazers is one of the most impor-
tant biotic disturbance types that influence community composi-
tion and structure (Diaz et al., 2007) and in many cases it is a
disturbance type that is influenced by management decisions. In
northern forest systems wild free-ranging ungulates are often a
major determinant of plant community structure, composition
and dynamics (Pastor et al., 1988; Suzuki et al., 2013) and popula-
tions can be partly controlled by hunting based management. The
populations of large, wild ungulates such as red deer (Cervus ela-
phus) and moose (Alces alces) have expanded and grown rapidly
for several decades in Scandinavia, Europe and Northern America,
often to concern of conservationists (Côte et al., 2004). The increas-

ing population densities may create a disturbance regime for
northern forest ecosystems to which they are not evolutionary
adapted (sensu Milchunas and Lauenroth, 1993). On the other
hand, historical population levels are largely unknown, but the
increasing cervid densities have mainly been a response to lower
livestock numbers in forested areas, increasing forest cover and
improved hunting management during the last millennia (e.g. Put-
man et al., 2011). Whether the present population densities are
normal or not there is a current need for operational knowledge
on howwild, free-ranging ungulates affect northern forest commu-
nity composition.

Studying ecological interactions along gradients of environmen-
tal stress represent a powerful way to develop knowledge under
realistic ecological conditions as well as operational guidelines in
nature management (e.g. Brooker et al., 2006; Stewart et al.,
2006, 2009). One approach to this has been by applying the inter-
mediate disturbance hypothesis to a given disturbance-richness
relationship (IDH; e.g. Grime, 1973; Connell, 1978). The hypothesis

0378-1127/$ - see front matter � 2013 Elsevier B.V. All rights reserved.
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predicts that the richness of species should be greatest when the
intensity, frequency or size of a disturbance is at intermediate level
(Svensson et al., 2012; Fox, 2013). Too much disturbance means
that long-lived species will not survive and too little disturbance
results in competitive exclusion of pioneer species (e.g. Shea
et al., 2004). The hypothesis has been criticised for low precision
in explaining diversity patterns and because of its relative charac-
ter (Mackey and Currie, 2001), i.e. what is intermediate? Neverthe-
less, the hypothesis can act as a theoretical background to a
gradient approach in ecology dealing with herbivory, both as it
introduces herbivory as a disturbance as well as predicting that
species richness will follow a unimodally peaked relationship with,
for example, herbivory intensity. A recent review showed that the
intermediate disturbance hypothesis was indeed successful in pre-
dicting disturbance-diversity relationships when, according to the
original hypothesis, testing is done with richness and not abun-
dance based diversity indices as response variable (Svensson
et al., 2012).

Many other disturbances that influence plant communities,
such as storms and fires, are non-selective (Laliberté et al., 2013)
and outside the direct influence of humans. On the contrary, her-
bivory by domestic and wild herbivores are both selective (Augus-
tine and McNaughton, 1998) and among those ecological factors
that can partly be controlled by managers. Therefore, herbivory
disturbance by large herbivores may have complex influence on
community composition and can interact with different parts of
the species pool in contrasting ways. Which plant traits are advan-
tageous in a given plant community is most often an interplay be-
tween tolerance and avoidance (Augustine and McNaughton,
1998), which may also change competitive interactions among
plants (Hester et al., 2006). Most studies show that both the rich-
ness and abundance of woody vegetation may decline when her-
bivory from ungulates becomes more intense (reviewed by Gill,
2006). Also, plants with a short growth form have an advantage
in grazed landscapes (Diaz et al., 2007; Evju et al., 2006), and this
may be even more prominent in forest ecosystems as large herbi-
vores may selectively utilise taller understory plants, especially
during wintertime (Danell et al., 2003). Herbivory may thus in-
crease the total species richness of the lower growing non-woody
species if herbivores selectively decrease woody abundance and
richness (c.f. Paine, 1966).

Surprisingly few studies have addressed the effect of herbivory
on plant diversity by large free-ranging herbivores in natural sys-
tems within long gradients of herbivory disturbance (but see Stew-
art et al., 2006, 2009). For example, in reviews of the intermediate
disturbance hypothesis (Mackey and Currie, 2001; Shea et al.,
2004; Svensson et al., 2012) the few studies on large animal her-
bivory deals with livestock in grasslands. Experimental simulation
of full length gradients of herbivory intensity may be challenging,
because it is difficult to obtain reliable data on intensity gradients
of wild animal herbivory. In this study we used 10 years of moni-
tored herbivory intensity by the most numerous wild ungulate,
red deer, in the most common forest type in Norway, as model sys-
tem to examine present spatial patterns in plant species richness.
We validated the herbivory gradient approach using experimental
exclosure data. The effect on community composition is likely to be
an effect of herbivory intensity which may filter species according
to their adaptations to herbivory and competition (Augustine and
McNaughton, 1998; Suzuki et al., 2013). Specifically, we asked
whether variation in red deer herbivory intensity could explain
the variation in plant species richness, both in total and for func-
tional groups of this forest ecosystem (e.g. trees, dwarf-shrubs, var-
ious field plant groups and bryophytes). The results have the
potential to guide ecosystem management of such large free-rang-
ing grazers. We expected that (1) overall species richness will show
a unimodally peaked-relationship with disturbance intensity, and

(2) richness within low-growing functional groups will have a po-
sitive response to herbivory in contrast to the richness within the
taller-growing woody groups.

2. Materials and methods

2.1. Study area and study design

The study was carried out in 2001 to 2011 on the 11 km2 island
Svanøy at the western coast of Norway (61�30N, 5�05E). Svanøy is
situated in the boreonemoral zone and old-growth forest vegeta-
tion dominated by pine (Pinus sylvestris) and an understory domi-
nated by Ericacea dwarf-shrubs covers most of the island. Twelve
study sites were located within old-growth pine-bilberry forest,
according to a vegetation map (Skogen and Lunde, 1997), and
spread across the island on elevations from 20 to 140 m during
wintertime 2000–2001 (see also Hegland et al., 2005 for more de-
tails). The study sites can be viewed as communities and all sites as
a meta-community. A macroplot of 9 � 9 m was located at each
site adjacent to a deer exclosure (see also model validation). We
randomly placed seven permanent plots of 1 � 1 m on flat ground
at least 0.5 m from the closest tree within the macroplot. Tree
height and canopy openness showed relatively little variation be-
tween sites (pers. obs.). The sites experienced herbivory intensities
varying from very low to extremely high (Fig. 1; see also Data col-
lection). Ten of the sites were situated in forest with wild free-
ranging red deer and data suggest they cover a natural variation
from very low to naturally high herbivory intensities (see 2.2).
Two sites were located within the forest areas of a deer farm rep-
resenting deer densities at artificially high levels that would repre-
sent a population level beyond carrying capacity because these
animals receive supplementary feeding. Thus, our data represents
a gradient in herbivory intensity.

Red deer, C. elaphus, is a forest-dwelling mixed-feeder ungu-
late species. It has been speculated that the period from ca.
1995 until today has experienced the greatest post-glacial
densities of red deer in Norway. In this period 20,000–40,000
deer has been harvested nationally per year (e.g. Statistics Nor-
way, 2009) corresponding to >1 deer harvested per km2 forest
area in the study county Sogn og Fjordane (Solberg et al., 2012).
The dense population of red deer at Svanøy is likely to be repre-
sentative for most areas in western Norway (Hegland et al.,
2010). Assuming that about 20% of the population is culled each
year implies that deer numbers are on average 5–6 animals per
km2 productive forest area in the county. Absolute densities of
forest-dwelling cervids are difficult to accurately establish and
population estimates used for management of wild-ranging forest
ungulates in Norway are generally index-based (e.g., Mysterud
et al., 2007).

2.2. Data collection

We recorded plant species richness in each of the seven perma-
nent plots per macroplot in 2011, except for understory trees (20–
300 cm) which were recorded on the 9 � 9 m macroplot-level. All
plant species in the understory layer were sampled: (1) understory
trees (ca. 20–300 cm); (2) tree juveniles (trees < 20 cm); (3) dwarf-
shrubs (here Ericacea); (4) forbs; (5) graminoids (Poaceae, Junca-
ceae and Cyperaceae); (6) ferns; (7) mosses and (8) liverworts.

We recorded red deer browsing on the dominant winter forage
plant bilberry, Vaccinium myrtillus, and used this as basis for esti-
mating herbivory intensity of red deer. Bilberry is highly abundant
in boreal forests, it is intermediately preferred by red deer (Myste-
rud et al., 2010), but both individual plants and populations survive
rather well even at high intensities of browsing and accordingly
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bilberry is a good indicator plant for herbivory intensity (Hegland
et al., 2010; Mysterud et al., 2010). Although the level of bilberry
browsing largely estimate autumn-to-spring herbivory, red deer
in Norway has been found to use the winter ranges on average
8 months of the year (Bischof et al., 2012), and browsing on bil-
berry correlate strongly with other indices of population densities
such as winter-spring pellet counts or autumn harvest data (Mys-
terud et al., 2010). We therefore believe that level of bilberry
browsing is a suitable proxy for the herbivory intensity at individ-
ual sites.

As changes in plant species assemblages occur at relatively
slow pace in these northern forest systems, we need to monitor
herbivory intensity on a sufficient time scale. We performed sam-
pling in June of 2001, 2006, and 2011 within the permanent plots
to acquire a measure of red deer herbivory intensity that included
a timeframe that could result in present-time plant community
composition. The browsing level was measured on a scale from
0 to 4; 0: no browsing, 1: >0–24.9% of annual shoots clipped, 2:
25–49.9% of annual shoots clipped, 3: 50–74.9% of annual shoots
clipped, and 4: >75% of annual shoots clipped. In 2001 five ran-
domly selected bilberry ramets in each of the seven permanent
plots per macroplot was measured, but because of time con-
straints we only sampled three ramets in a random selection of
four of the seven permanent plots per macroplot in 2006 and
three ramets in each of the seven permanent plots per macroplot
in 2011. The varying sampling effort did not influence the vari-
ance strongly (SD: 0.16 in 2001, 0.18 in 2006 and 0.25 in 2011).
We also obtained biometric measures (see Hegland et al., 2005
for details) of the sample ramets. The herbivory intensity was cal-
culated as the browsing level divided on the plant height. To fur-
ther confirm that this index reflected red deer herbivory intensity,
we correlated the variable with the frequency of faeces groups
sampled in 2001, 2006 and 2011 in 100 1-m2 square plots ran-
domly distributed within a radius of 100 m around each site.
There was a strong association (r = 0.94, N = 12, p < 0.001) be-
tween these independent measures. Although these variables
were obtained on different scales the correlation strengthens
the assumption that the herbivory intensity could be described
using the browsing level on bilberry ramets divided by plant
height. The measure has the advantage that it was obtained at
the same scale as plant species richness and is more robust
than the density indicator represented by faeces as it is not
confounded by, for example, weather dependent decaying rates
(e.g. Putman, 1994). Fig. 1 shows examples of the visual

difference among sites with high, intermediate and low herbivory
intensities.

2.3. Data analysis and model validation

To investigate the relationships between plant species richness
and herbivory intensity we used linear mixed effects models. Plots
were nested within sites and accounted for in the random effects
using R 2.15.0 (R Development Core Team, 2013), library nlme
(Pinheiro and Bates, 2013) and lme4 (Bates et al., 2011). To test
whether relationships between herbivory intensity and plant rich-
ness showed a unimodal peak or were linear within the studied
herbivory gradient we first included a quadratic component of
the mean herbivory intensity index (at site level) before we tested
a linear relationship and compared models using AIC-values. We
used total plant species richness and richness within functional
groups (at plot level) as response variables. In the total plant
richness model understory trees (<20 cm) were not included as
they were sampled on site level. The understory tree model
was hence not nested. As the red deer farm sites represent artifi-
cially intensive herbivory we also ran models without these sites
when quadratic models were selected to test whether quadratic
relationships were merely caused by these extreme disturbance
conditions.

Fig. 1. Photographs showing from left to right: an intensive herbivory farm-forest site with the exclosed macroplot as background, a typical forest site with moderate
herbivory intensity including a permanent 1 � 1 m plot for species recordings, and a low-intensity herbivory forest site.
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In studies that utilise natural gradients as ours we must mini-
mise and control for potential confounding effects deriving merely
from herbivore preferences rather than herbivory effects of red
deer. First, the potential preference effects were minimised
through study design; study sites were placed in a geographically
restricted area (one island), within one main vegetation type
(pine-bilberry forest), and within a limited elevation gradient
(20–140 m). Investigating relationships across multiple scales can

result in erroneous correlations (Crawley, 2007), and we believe
preference effects could have acted stronger if our study had sam-
pled on coarser scales, i.e. in larger areas, across vegetation types
and, for example, between sites at low and high altitude. Second,
we validated the herbivory intensity models with analyses from
an exclosure based temporal data-set on species richness from
the same study area. In every site a 10 � 10 m exclosure was estab-
lished during winter 2001 together with the herbivory macroplots

Table 1
Linear mixed effects models that explained plant species richness as a function of red deer herbivory intensity and herbivore exclosures (experimental validation models).

Richness variable Gradient in herbivory intensity Experimental validation model: herbivore exclosure

Predictor Coef SE DF P Variable Coef SE DF P

Total richness Intercept 9.71 1.75 72 <0.001 Intercept (herbivore 01) 15.61 0.67 332 <0.001
Herbivory intensity 86.99 24.46 9 0.006 Herbivore 06 vs 01 0.27 0.27 332 0.318
Herbivory intensity2 �171.36 57.39 9 0.015 Herbivore 11 vs 01 0.88 0.27 332 0.001

Main effect 01 0.23 0.4 155 0.569
Exclosure 06 vs 01 �1.02 0.39 332 0.008
Exclosure 11 vs 01 �1.19 0.39 332 0.002

Trees (20–300 cm) Intercept 3.3698 0.45 <0.001 Intercept (Herbivore 01) 1.58 0.36 55 <0.001
Herbivory intensity �9.479 2.63 0.005 Herbivore 06 vs 01 0.50 0.47 55 0.287

Herbivore 11 vs 01 0.50 0.48 55 0.287
Main effect 01 0.58 0.49 55 0.215
Exclosure 06 vs 01 1.17 0.66 55 0.081
Exclosure 11 vs 01 1.42 0.66 55 0.036

Tree juveniles (poisson) Intercept �0.02 0.17 0.923 Intercept (Herbivore 01) 0.06 0.13 0.622
Herbivory intensity 1.78 0.86 0.038 Herbivore 06 vs 01 �0.06 0.15 0.709

Herbivore 11 vs 01 0.16 0.14 0.259
Main effect 01 �0.08 0.15 0.599
Exclosure 06 vs 01 �0.06 0.22 0.797
Exclosure 11 vs 01 0.02 0.2 0.914

Dwarf-shrubs Intercept 1.16 0.12 <0.001 Intercept (Herbivore 01)a 2.94 0.25 332 <0.001
(poisson) Herbivory intensity �1.69 0.79 0.033 Herbivore 06 vs 01 �0.19 0.07 332 0.007

Herbivore 11 vs 01 �0.35 0.08 332 <0.001
Main effect 01 0.24 0.1 155 0.027
Exclosure 06 vs 01 0.04 0.1 332 0.721
Exclosure 11 vs 01 0.14 0.1 332 0.154

Forbs Intercept 0.80 1.31 72 0.544 Intercept (Herbivore 01) 3.70 0.38 332 <0.001
Herbivory intensity 44.60 18.09 9 0.036 Herbivore 06 vs 01 0.17 0.12 332 0.185
Herbivory intensity2 �105.17 42.16 9 0.034 Herbivore 11 vs 01 0.06 0.13 332 0.636

Main effect 01 0.05 0.18 155 0.796
Exclosure 06 vs 01 �0.21 0.18 332 0.228
Exclosure 11 vs 01 �0.51 0.18 332 0.004

Graminoids Intercept 0.53 0.12 4.40 <0.001 Intercept (Herbivore 01) 0.70 0.11 <0.001
(poisson) Herbivory intensity 2.09 0.59 3.51 <0.001 Herbivore 06 vs 01 0.12 0.10 0.234

Herbivore 11 vs 01 0.11 0.10 0.299
Main effect 01 0.10 0.10 0.348
Exclosure 06 vs 01 �0.18 0.15 0.227
Exclosure 11 vs 01 �0.30 0.15 0.048

Ferns Intercept �3.32 1.06 0.002 Intercept (Herbivore 01) �4.35 0.94 <0.001
(binomial) Herbivory intensity 39.83 13.97 0.004 Herbivore 06 vs 01 1.34 0.57 0.02

Herbivory intensity2 �98.93 32.78 0.003 Herbivore 11 vs 01 1.91 0.58 <0.001
Main effect 01 0.30 0.87 0.735
Exclosure 06 vs 01 0.41 0.85 0.629
Exclosure 11 vs 01 �1.72 0.84 0.04

Mosses Intercept 4.25 0.58 72 <0.001 Intercept (Herbivore 01) 5.46 0.44 332 <0.001
Herbivory intensity 11.92 3.36 10 0.005 Herbivore 06 vs 01 �0.02 0.17 332 0.89

Herbivore 11 vs 01 0.42 0.17 332 0.016
Main effect 01 �0.15 0.23 155 0.5
Exclosure 06 vs 01 �0.54 0.24 332 0.028
Exclosure 11 vs 01 �0.24 0.24 332 0.327

Liverworts Intercept �1.15 2.03 0.570 Intercept (Herbivore 01) �6.40 1.25 <0.001
(binomial) Herbivory intensity �11.69 16.10 0.468 Herbivore 06 vs 01 0.30 0.73 0.685

Herbivore 11 vs 01 2.75 0.75 <0.001
Main effect 01 �3.60 1.70 0.035
Exclosure 06 vs 01 3.54 1.74 0.042
Exclosure 11 vs 01 3.62 1.77 0.041

Example of model validation: if values in exclosure models are increasing forherbivore vs exclosure plots this is consistent with findings of both positive linear models and
quadratic peaked spatial models. All gradient models were validated by exclosure models except for tree juveniles and liverworts (see Appendix A for details on model
validation).

a Distribution of selected models was consistent between gradient and exclosure models for functional groups except for dwarf-shrubs where exclosure model could be
analysed with a normal distribution model.
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that are the main study subjects in this study. We established a
9 � 9 m macroplot and permanent plots corresponding to herbiv-
ory areas within the exclosures. We sampled plant species richness
accordingly in June 2001, 2006 and 2011. The change in species
richness during time between herbivory plots and exclosure plots
was addressed by means of linear mixed effects models where
the nested design (site, macroplot and plot) was addressed in the
random effects. Standard models were performed with the herbiv-
ory plots in 2001 as reference. The interaction between time and
treatment tell us whether the change under ceased herbivory
was different than in the herbivory controls. If the temporal change
was consistent with the findings along the spatial gradient of her-

bivory intensity, we concluded that the spatial model was vali-
dated. For example, to validate a statistical positive or a
unimodally peaked herbivory – richness relationship, the temporal
change should be statistically positive in herbivory plots relative to
exclosure plots.

3. Results

3.1. Herbivory intensity-plant richness relationships

The total species richness increased significantly with increas-
ing herbivory intensity within natural levels until it declines
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slightly under the artificially high densities of red deer (Fig. 2 and
Table 1). If we visually inspect Fig. 2 we can see that the decline in
richness under high red deer herbivory intensities are quite small
compared to the increase under natural levels of herbivory. Models
without farm data showed positive linear relationship between
herbivory intensity and plant species richness (Coef = 50.5;
SE = 14.2, DF = 60, 8; P = 0.007).

When we analysed the functional groups separately only the
richness of forbs and ferns resulted in significant peaked quadratic
models (Fig. 3d and f and Table 1). This was merely because of the
decline under experimentally very high herbivory intensities,
which is underlined by the positive linear relationships found be-
tween herbivory intensity and forb richness (Coef = 21.9; SE = 8.4,
DF = 60, 8; P = 0.03) and fern richness (Coef = 22.3; SE = 8.5,
DF = 60, 8; P = 0.008) when excluding farm sites. Richness of trees
and dwarf-shrubs showed negative linear responses along the full
herbivory intensity gradient (Fig. 3a and c and Table 1), whereas
richness of tree-juveniles, graminoids and mosses showed positive
linear responses (Fig. 3b, e and g and Table 1) to the herbivory
intensity. Liverworts showed no significant richness response to
red deer herbivory intensity (Fig. 3h and Table 1).

3.2. Model validation

In general our herbivory intensity-plant richness models were
validated by the temporal exclosure-based models (Table 1 and
Fig. A1), i.e. the temporal change in plant richness in herbivore
vs exclosure plots was largely consistent with the findings along
the spatial gradient of herbivory intensity. For example, in the tem-
poral models the overall richness declined slightly when red deer
herbivory ceased whereas it increased slightly under continuous
herbivory. Most other models (i.e. for different functional groups)
were also validated, either by showing a temporal similar response
under ceased herbivory or under continuously red deer herbivory
(Table 1 and Fig. A1 for details). The only functional groups where
the findings of spatial gradient models and temporal exclosure
models did not directly link to each other was for richness of tree
juveniles (spatial: positive linear relationship; temporal: no signif-
icant changes) and liverworts (spatial: no significant relationship;
temporal: positive effects of ceased herbivory). Both of these func-
tional groups showed only a statistical weak or no relationship,
respectively, between herbivory intensity and functional species
richness.

4. Discussion

The herbivory intensity-plant richness relationship followed a
unimodally peaked curved, but plant richness was lower only at
forest sites with artificially high red deer populations (i.e. the local
deer farm). As such, the result presented here shows mainly a po-
sitive overall effect of red deer herbivory on the understory species
richness of the old-growth pine-bilberry forest. The combined de-
sign attributes (i.e. restricted geographic and ecological range of
the study and the relative long term monitoring) along with the
model validation (i.e. using temporal models to confirm the spatial
models) strengthen our conclusions and minimize the potential
confounding effects of herbivore preference. We believe the
strength of our study is that we have used a full-length gradient
of herbivory, spanning from very low to very high herbivory inten-
sity, to explain the effects of large animal herbivory on species
richness in terrestrial non-cultivated ecosystem. Such gradient ap-
proaches has earlier been used to show that community biomass
production may peak along herbivory intensity gradients (Stewart
et al., 2006), which again may influence the plant diversity patterns
(Stewart et al., 2009).

The unimodally peaked signal in the herbivory-richness rela-
tionships was, however, not very strong and dependent on artificial
high disturbance levels in our study. In general, the disturbance
from free-ranging large herbivores is seldom severe enough to kill
significant parts of adult plants. When disturbance becomes sub-
stantial, such as in the deer farm in our study, colonising plants
are predated at early stage before they are able to tolerate biomass
loss. Thus space and safe sites required for plant colonisation (e.g.
Hegland et al., 2001) are not present simultaneously in these forest
communities. One may speculate that the lack of these require-
ments is one reason why so few studies have published verifica-
tions of the intermediate disturbance hypothesis in forests with
disturbance from free-ranging ungulates (e.g. Mackey and Currie,
2001; Svensson et al., 2012). Also, in forest communities with
greater diversity of tree species than our study system the plant
diversity response may be more pronounced because large herbi-
vore disturbance has the clearest impact on this structural layer
(Connell, 1978; Molino and Sabatier, 2001). For example, the max-
imum number of tree species at any site at any time in the study
sites during 2001–2011 was only seven. In our study system we
have sampled all understory plant species, but most ungulate-
plant interaction studies do not include the bryophytes (i.e. mosses
and liverworts) in the species recordings but as a cover estimate
(e.g. Singer and Schoenecker, 2003; Tanentzap et al., 2009). A sim-
ple exercise of investigating artefacts of sampling effort or re-
searcher choices is to examine how removing bryophytes from
the dataset affects the overall herbivory-richness relationship.
Mixed effect modelling then resulted in a negative linear distur-
bance-richness relationship (Coef = �11.3; SE = 4.5; DF = 72, 10;
P = 0.032). Thus, if the ecological important group of bryophytes
had not been recorded in this study, the ecological, and hence man-
agement interpretation of our analysis could have been the oppo-
site in that red deer herbivory reduce plant richness in the forest
understory.

There were distinct differences in functional group responses.
Five of eight functional groups showed linear relationships be-
tween species richness and herbivory intensity (three positive
and two negative) and one functional group showed no relation-
ship. Only two functional groups showed a quadratic relationship
when analysed separately, but these unimodal relationships were
caused strictly by the artificially high herbivory intensities at farm
sites and showed positive linear relationships when analysed with-
in the natural gradient only (see 3.1). Overall, the herbivory-rich-
ness responses of the different species groups fitted our
expectations based on findings from meta-studies and literature
reviews (Hester et al., 2006; Diaz et al., 2007; Skarpe and Hester,
2008). Low-growing groups such as forbs, grasses and mosses in-
creased in richness in contrast to woody dwarf shrubs and trees.
This is in line with Evju et al. (2006) who showed that low stature
species profited from ungulate grazing in a mountain area in Scan-
dinavia. In other studies of red deer impact on plant diversity
(Woodward et al., 1994; Schreiner et al., 1996), specific responses
of plant groups or growth forms have tended to vary and be less
predictable and few have studied functional group responses along
gradients of disturbance. The detailed sampling of all understory
plant species over a considerable time period (sensu Mackey and
Currie, 2001) may also be a key to why our results fitted expecta-
tions better than many other similar studies. The difference in re-
sponse to herbivory intensity found between understory and
juvenile trees (Fig. 3a and b; i.e. complete opposite relationships)
may indicate that deer herbivory have opposite effects on recruit-
ment and survival of trees. These results also point towards the
driving mechanism behind the red deer herbivory effects on plant
richness. Periodic heavy grazing and browsing may increase the
recruitment of trees through increased germination caused by re-
duced competition for light and space between the herbaceous
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layer and trees (e.g. Riginos, 2009). Studies from Białowie _za forest
in Poland underpin that fluctuations in ungulate density may drive
tree recruitment patterns (Kuijper et al., 2010) and it is also known
from agricultural systems that rotational stock management, vary-
ing the intensity of large herbivore disturbance, may increase over-
all biodiversity (Sjödin et al., 2008; Farruggia et al., 2012). When
dominant plants are preferred by ungulates, plant diversity is ex-
pected to increase, whereas diversity may decrease if herbivory-
tolerant or resistant species become dominant as a result of herbiv-
ory (Côte et al., 2004; Hester et al., 2006). The key mechanism to
the overall increase in plant species richness along the red deer
herbivory intensity gradient in our study is thus likely the reduc-
tion of dominant woody vegetation that increases resource and
substrate availability at the benefit of a richer low-growing species
assemblage.

A starting point to operationalize the knowledge from gradi-
ent approaches such as ours into management guidelines is to
examine when key variables start to decline. As the studied gra-
dient has a gap between the highest natural and artificial levels
of herbivory intensity we cannot be conclusive in this study.
However, the highest herbivory intensity found in unfenced for-
est concurs with 56% of the current shoots of bilberry browsed
and a bilberry plant height of 11.7 cm in 2011 (vs 9% and
14 cm, respectively, in the site with the lowest herbivory inten-
sity). At this level of red deer herbivory, species richness in our
study system was not reduced and we may therefore speculate
that the herbivory intensity must be greater to cause richness
reduction in these northern forest ecosystems. Holechek et al.
(1999) found that heavy livestock grazing was equivalent to
57% biomass removal. Although these measures are not directly
comparable, i.e. biomass vs frequency of shoots browsed in our
study, the comparison may point towards a resilient study sys-
tem that can tolerate quite high herbivory intensities. According
to the analysis of Mysterud et al. (2010) a browsing frequency
on bilberry of ca. 50% is equal to densities in areas were 2–
3 red deer/km2 are harvested, whereas the average harvest at
the whole island in our study was ca. 1.8 deer/km2 (J.T. Solheim,
pers comm.). In conclusion, the herbivory intensities that occur
in areas were about 50% of bilberry shoots are browsed or 2–
3 red deer/km2 are harvested appear largely to be positive for
understory plant species richness. Red deer densities are rarely
at such high levels in Norway when assessed at the same spa-
tial scale as our study island (i.e., 10 km2; Statistics Norway,
2013).

4.1. Conclusions and implications for management

The relative long-term (10-years) nature of the study presented
here suggests that the increasing densities of free-ranging red deer
in northern forest ecosystems may not necessarily adversely affect
the plant richness aspect of biodiversity. The old-growth forest
understory species richness at Svanøy, western Norway, increased
along with greater deer densities except at artificial high levels.
Considering the extreme high herbivory intensity in the deer farm
sites, the main message from our study is that within the densities
and timeframes studied here moderate to relatively high red deer
densities lead to greater understory species richness than low deer
densities. Based on this particular study, and comparing herbivory
intensity and harvest data with literature and statistics from other
areas, we may conclude that the red deer densities currently found
in Norway rarely reach levels that reduce plant species richness.

Richness of several individual functional groups showed a posi-
tive response to increased herbivory intensities. If management
goals imply targeting specific groups of species this study suggest
that intense herbivory is favourable mainly for richness of forbs,
grasses and mosses whereas low herbivory intensities are required,

spatially or temporally, for preserving the richness of woody spe-
cies. An important lesson from the functional group approach is
that the herbivory-richness relationship may strongly be influ-
enced by which functional groups are sampled. Our results there-
fore call for additional long-term studies including other sessile
groups such as fungi and adult trees, as well as multitrophic
aspects.
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Abstract Selective herbivory can influence both spatial
and temporal vegetation heterogeneity. For example,
many northern European populations of free-ranging
ungulates have reached unprecedented levels, which can
influence plant species turnover, long-term maintenance
of biodiversity and the subsequent stability of boreal
ecosystems. However, the mechanisms by which large
herbivores affect spatial and temporal vegetation
heterogeneity remain poorly understood. Here, we
combined a 10-year exclusion experiment with a herbi-
vore intensity gradient to investigate how red deer
(Cervus elaphus) acts as a driver of temporal and spatial
heterogeneity in the understory of a boreal forest. We
measured the two dimensions of heterogeneity as tem-
poral and spatial species turnover. We found that tem-
poral heterogeneity was positively related to herbivory
intensity, and we found a similar trend for spatial
heterogeneity. Removing red deer (exclosure) from our
study system caused a distinct shift in species composi-
tion, both spatially (slow response) and temporally
(quick response). Vegetation from which red deer had
been excluded for 10 years showed the highest spatial
heterogeneity, suggesting that the most stable forest
understory will occur where there are no large herbi-
vores. However, excluding red deer resulted in lower
species diversity and greater dominance by a low num-
ber of plant species. If both stable but species rich
ecosystems are the management goal, these findings

suggest that naturally fluctuating, but moderate red deer
densities should be sustained.

Keywords Biodiversity Æ Cervids Æ Ecosystem stability Æ
Herbivory intensity Æ Plant communities

Introduction

Vegetation heterogeneity has two broad functional roles
in ecosystem stability: temporal heterogeneity (i.e.,
temporal species turnover) destabilizes, whereas spatial
heterogeneity (i.e., spatial species turnover) stabilizes
ecosystems (May 1974). However, factors such as the
presence or absence of disturbance can determine the
nature of these roles. For example, severe disturbance
often leads to high temporal species turnover, domi-
nated by pioneer species, but when long-lived and
slower growing species dominate, temporal species
turnover is low (Rydgren et al. 2004). Spatial species
turnover is the difference in species composition across
both local and regional assemblages, with high values
reflecting a patchy distribution of plant species at vari-
ous spatial scales (Koleff et al. 2003). High spatial
heterogeneity can make an ecosystem more robust to
disturbances. It also facilitates important ecosystem
functions such as dispersal and recolonization, and by
increasing resources and refugia (Hovick et al. 2015).
Therefore, spatial heterogeneity is also important for
ecosystem resilience (the ability to reorganize and renew
itself following disturbance; Elmqvist et al. 2003).

Large herbivores can act as ecosystem engineers by
trampling and feeding selectively (Jones et al. 1994),
thereby modifying plant species composition and
dynamics. The influence of herbivory on vegetation
heterogeneity depends on ecosystem productivity
(Proulx and Mazumder 1998), herbivore selectivity
(Adler et al. 2001) and intensity (Mackey and Currie
2001), as well as the species of herbivore, as use of
habitat and feeding patterns are species specific (Côté
et al. 2004; DeGabriel et al. 2011). Some general patterns
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are apparent: strongly preferred or herbivory-sensitive
plant species become less abundant in the presence of
herbivores, whereas herbivory-tolerant and non-pre-
ferred species increase (Augustine and McNaughton
1998). Herbivores can also increase vegetation hetero-
geneity when preferred plant species are unevenly dis-
tributed in the landscape (Hester et al. 2000), or if they
forage more patchily than the vegetation pattern (Adler
et al. 2001), for example, when external factors such as
disturbance or stress influence a herbivore’s spatial use
of habitat.

Few studies simultaneously address the effects of
herbivores on spatial and temporal vegetation hetero-
geneity (Adler et al. 2001), with most focussing on
simple measures of diversity such as species richness or
alpha diversity (within-plot diversity). However, also
other aspects of diversity are important in understanding
how herbivory impacts vegetation. For example, land-
scapes with several sites of low alpha diversity can still
be heterogeneous if the variation in diversity between
sites is high. Large herbivores can contribute to this
spatial heterogeneity by feeding patchily (Adler et al.
2001; Koleff et al. 2003), and herbivory that affects
temporal heterogeneity can alter colonization opportu-
nities for new plant species (Bakker et al. 2003). Few
studies have examined herbivory-induced changes in the
vegetation by conducting long-term monitoring across
herbivory-intensity gradients (although see Heckel et al.
(2010)), but such studies are crucial for understanding
how the intensity of herbivory disturbs ecosystems
(Hester et al. 2000; Nuttle et al. 2014).

Densities of red deer (Cervus elaphus) have reached
unprecedented levels in Northern Europe (Fuller and
Gill 2001), causing management concerns for ecosystem
stability and biodiversity (Côté et al. 2004). In
Fennoscandia, herbivore assemblages have changed
from livestock dominance to cervid dominance during
the past 60 years, alongside a reduction in total her-
bivory (Austrheim et al. 2011). However, cervid her-
bivory has increased most in relatively resource-poor
inland forest areas. Differences in both use-of-area and
year-round presence compared with past livestock her-
bivory can be expected (Austrheim et al. 2011). The
present intensity of herbivory by red deer may represent
a disturbance regime to which the plant species in the
Fennoscandian boreal forests are not evolutionarily
adapted.

In this paper we investigate how red deer herbivory
mediates spatial and temporal vegetation heterogeneity
in the understory of a boreal forest ecosystem by com-
bining a 10-year red-deer exclosure experiment with a
substantial natural gradient in herbivory intensity. We
monitored plant-species richness and abundance at 12
sites, each with one exclosure macroplot paired with one
macroplot open to red deer herbivory. The open mac-
roplots covered a range of intensities of herbivory,
allowing us to examine the importance of herbivory
along gradients of intensity. Removing herbivory can
reveal vegetation resilience in relation to long-term dis-

turbance (Elmqvist et al. 2003; Beschta and Ripple
2009). We previously investigated the effect of herbivory
intensity on species richness, and found that overall
species richness showed a unimodal peaked response to
increasing herbivory, in accordance with the intermedi-
ate disturbance hypothesis (Hegland et al. 2013). How-
ever, the functional groups differed in their responses.
The richness of forbs, graminoids and mosses increased,
while dwarf-shrubs and young trees decreased with
increasing herbivory intensity (Hegland et al. 2013).
There was actually twice as many species benefitting
from red deer herbivory. However, how this translates
into spatial and temporal heterogeneity remains unclear.

We predicted that excluding red deer would lead to
higher temporal species turnover shortly after exclusion,
but reduced turnover in the long term (Prediction 1a).
As intense herbivory can enhance light availability and
opportunities for recruitment of new species (Rydgren
et al. 2004), we expected a positive relationship between
the intensity of herbivory and temporal species turnover
(Prediction 1b). We also hypothesized that red deer re-
duce species turnover spatially, because selective her-
bivory may depress highly digestible plant species,
enhance browse-tolerant and avoided ones (Augustine
and McNaughton 1998), and aid seed dispersal through
zoochory (Steyaert et al. 2009). Therefore, we predicted
that excluding red deer would increase spatial species
turnover (Prediction 2a), and expected a negative rela-
tionship between the intensity of herbivory and spatial
species turnover (Prediction 2b; Rooney 2009).

Methods

Study area

We conducted our study at Svanøy Island (61�30¢N,
5�05¢E), western Norway. The island is situated in the
boreo-nemoral zone and covered mainly by old-growth
boreal forest dominated by Scots pine (Pinus sylvestris,
Skogen and Lunde 1997). Mean annual precipitation
and temperature are 2000 mm and 8 �C, respectively
(Florø airport, http://www.eklima.met.no). The deer
density is approximately 7.5 deer km�2, which is con-
sidered high in Norway (Hegland et al. 2013). The island
includes a red-deer farm with more than 30 deer km�2,
but wild and farmed deer are separated by a game fence.
Some domestic sheep (Ovis aries) are free-ranging,
mainly during summer.

Study design and sampling

In 2001, we established 12 sites in pine-bilberry (Vac-
cinium myrtillus) forest. Each site contained one exclo-
sure macroplot and one open macroplot, both 9 · 9 m
with seven permanent 1 · 1 m plots inside (Fig. 1). All
plots were in flat areas, randomly placed but rejected
and re-placed if adult trees were within 0.5 m. The



exclosures were surrounded by 3 m tall fences with
10 · 10 cm wire mesh. To avoid edge effects, we left a
0.5 m zone between the fence and the macroplot. Small
herbivores could move freely into the exclosures, al-
though few or none were present. Common boreal her-
bivores such as the mountain hare (Lepus timidus) have
not been observed on the island, and we caught no ro-
dents in 350 rodent trap-nights during 2011. Henceforth,
‘treatment’ refers to exclosures and open plots. Two sites
were situated within the red deer farm, and these con-
tained only six and three open plots, respectively, be-
cause some plot positions were lost. We surveyed the
vegetation in June 2001, 2006 and 2011. Each 1 · 1 m
plot was divided into 100 subplots. We recorded the
vascular and bryophyte species in each plot and mea-
sured their abundance as frequency in these 100 sub-
plots. In addition, the abundance and richness of young
trees (50–400 cm in 2011) was recorded at the macroplot
scale.

The intensity of red deer herbivory varied among the
12 open macroplots. To quantify this we estimated the
intensity of herbivory on randomly selected bilberry
ramets at each site (see also; Hegland et al. 2013). Bil-
berry is widely distributed, abundant, intermediately
preferred by red deer, and therefore a good indicator
species for monitoring the intensity of red deer herbivory
(Mysterud et al. 2010). In June 2001 and 2011, we
measured five and three randomly selected ramets,
respectively, in all seven plots in each macroplot, and
three ramets in four randomly selected plots per mac-
roplot in 2006. We calculated the intensity of herbivory
on each ramet as the percentage of annual shoots
browsed, in five categories: 0, 1 (1–24 %), 2 (25–49 %),
3 (50–74 %), 4 (75–100 %), (sensu Frelich and Lorimer
1985), divided by ramet height. Hereafter we term this as
‘herbivory intensity’. We used the mean herbivory
intensity of all ramets per macroplot per year as our
measure of intensity when analysing spatial hetero-
geneity statistically. To analyse temporal heterogeneity

we compare these mean values across the periods
2001–2006 and 2006–2011. Our herbivory-intensity
measure was strongly related to an independent fecal
count survey (r = 0.94, N = 12, P < 0.001, Hegland
et al. 2013).

Heterogeneity measures

To calculate alpha diversity we used the Shannon
diversity index (H¢) and evenness (exp[H¢]/S, where S is
the number of species; (Kindt and Coe 2005)) for all
species pooled and repeated this for the bottom layer
(bryophytes), field layer (all vascular plants, including
trees <50 cm), and the understory tree layer (trees
50–400 cm). For temporal species turnover (Predictions
1a and 1b), we calculated Bray-Curtis dissimilarity (per
cent dissimilarity/100, BC; Legendre and Legendre 1998)
within each plot for the first five years (2001–2006) and
the last five years (2006–2011). For spatial species turn-
over (Predictions 2a and 2b), we calculated BC between
each plot and all other plots within each macroplot and
year and used the mean of these six values as the BC
value for each plot. Prior to all BC calculations we
changed the range of the abundance scale for each species
from 100 to 16 with a power function (van der Maarel
1979), and thereby achieved a recommended intermedi-
ate weighting of species (Økland 1990; Rydgren 1993).

Statistical analyses

We analysed all responses with linear mixed effects
models (packages lme4 (Bates et al. 2014) and lmerTest
(Kuznetsova et al. 2015) in R version 3.1.1 (R Core
Team 2014). We started with full models, applied
backward elimination of fixed effects, and validated the
final models as proposed by Crawley (2007, Table S1).
Although species turnover is a proportion, we specified
all our models for Gaussian distribution, as the residuals
showed normal distributions, resulting in more conser-
vative p-values. As the two sites in the red deer farm had
much higher red deer densities than the other sites, we
ran all models with and without ‘farm’ as a factor.

Results

Across the three sampling years, we recorded 70 plant
species, 52 of which occurred in both treatments.
Overall, the mean number of species per plot was 16
(±0.2 SE). Vaccinium myrtillus, Avenella flexuosa and
Hylocomium splendens were common, and occurred in
almost all plots all years (Table 1). Viola riviniana,
Maianthemum bifolium and Veronica serpyllifolia were
among the eight species only occurring in open plots.
Corylus avellana and Populus tremula were among the 10
species unique to the exclosure plots. Occurences of
species unique to one treatment were rare, however.

Fig. 1 Our study included 12 sites. The design shows the placement
of seven plots in one open and one exclosure macroplot at each site.
Due to topography, the distance between exclosure and open
macroplots varied between 10 and 50 m



Ten years of excluding red deer significantly decreased
alpha diversity (Shannon index 2011 ± SE: open plots,
2.21 ± 0.02; exclosure plots, 2.14 ± 0.03, T = �2.046,
df = 332, P = 0.042, Table S2). However, herbivory
intensity and alpha diversity were uncorrelated (P =
0.918, Table S2). Evenness did not differ between open
and exclosure plots (evenness 2011 ± SE: open plots,
0.57 ± 0.01; exclosure plots, 0.57 ± 0.01, P = 0.568),
but there was a negative effect of herbivory intensity on
evenness within the open plots (b = �0.132 ± 0.043,
T = �3.052, df = 25.7, P = 0.005, Table S2). Exclud-
ing red deer did not affect the alpha diversity within the
bottom, field or understory tree layer (all, P > 0.05,
Table S3), but herbivory intensity reduced the field layer
alpha diversity (b = �0.747 ± 0.239, T = �3.121,
P = 0.002, Table S3). Evenness was negatively related to
herbivory intensity in the field (b = �0.201 ± 0.060,
T = �3.331, P = 0.002) and understory tree layers (b =
�0.464 ± 0.1655, T = �2.807, P = 0.010, Table S3).

Effect of red deer herbivory on temporal heterogeneity

Temporal species turnover (Bray-Curtis dissimilarity, BC,
within plot, between years) was significantly higher in
exclosure plots than in open ones for the first five-year
period (P = 0.005). In the last five-year period, however,
temporal species turnover in the exclosures was reduced

(P = 0.023), reaching the same level as in the open plots
(Fig. 2; Table 2). Temporal species turnover increased
significantly with increasing intensity of herbivory
(P < 0.001, Fig. 3; Table 2), but became non-significant,
although still positive, when the plots in the red deer farm
were omitted (P = 0.136, Table S4, Fig. S1).

Effect of red deer herbivory on spatial heterogeneity

Spatial species turnover (BC between plots in same
macroplot) was higher in exclosures than in open plots
10 years after the experiment started (P < 0.001),
whereas five years of exclusion was not enough to reveal
the effect of red deer (P = 0.270). On the open plots, BC
remained stable throughout (Fig. 4; Table 2). Similar
results were obtained when plots in the red deer farm
were omitted (Table S4). Spatial species turnover tended
to be positively correlated with the intensity of herbivory
overall (P = 0.089, Table 2), but the effect disappeared
when the plots in the red deer farm were omitted from
the model (P = 0.488, Table S4).

Discussion

The two dimensions of vegetation heterogeneity have
contrasting characteristics. Temporal heterogeneity can

Table 1 Frequency, F (percent of all plots where the species occurred; n = 84 for each treatment), and mean subplot frequency, MSF
(arithmetic mean of the subplot frequencies for a species, calculated from the plots where the species occurred), for species occurring in
‡25 % of the plots in one year and treatment

Species Grazed Ungrazed

2001 2006 2011 2001 2006 2011

F MSF F MSF F MSF F MSF F MSF F MSF

Calluna vulgaris 33 16 25 25 21 24 42 24 45 55 39 62
Empetrum nigrum 54 38 46 54 43 56 58 34 48 47 48 32
Pinus sylvestris 0 0 6 1 44 3 0 0 5 1 30 2
Sorbus aucuparia 74 6 70 6 64 7 69 4 58 6 64 6
Vaccinium myrtillus 100 74 100 82 99 81 100 68 99 80 99 80
Vaccinium vitis-idaea 98 47 93 35 88 27 96 47 93 43 94 36
Agrostis capillaris 5 32 24 35 25 41 5 29 14 18 11 15
Anemone nemorosa 29 10 31 10 26 8 17 8 12 9 12 12
Avenella flexuosa 100 85 100 95 100 92 100 85 100 96 100 96
Linnaea borealis 77 31 80 33 76 19 74 29 85 28 73 17
Luzula sylvatica 60 35 57 35 61 43 58 40 56 44 58 48
Melampyrum pratense 32 9 33 8 44 6 57 8 62 12 51 7
Oxalis acetosella 56 20 58 28 54 31 51 26 52 23 60 21
Potentilla erecta 58 22 63 25 60 29 57 19 54 22 54 25
Pteridium aquilinum 10 6 19 15 21 14 12 4 26 8 18 14
Trientalis europaea 68 12 75 11 65 10 70 9 63 10 49 7
Dicranum spp. 69 22 68 25 70 26 65 20 64 14 63 19
Hylocomium splendens 100 73 100 79 100 88 100 70 99 63 100 82
Plagiothecium undulatum 21 11 18 9 31 8 25 16 14 7 27 11
Pleurozium schreberi 52 9 38 7 31 3 46 9 27 4 36 5
Polytrichum spp. 33 17 31 23 40 16 30 20 27 19 32 14
Pseudoscleropodium purum 58 19 69 20 71 17 60 18 73 20 81 18
Ptilium crista-castrensis 71 22 68 26 77 26 63 16 58 18 67 26
Rhytidiadelphus loreus 85 29 83 20 83 29 82 27 71 17 76 15
Sphagnum spp. 26 22 32 22 32 28 29 26 29 26 31 27



destabilize the ecosystem, whereas spatial heterogeneity
can stabilize the ecosystem (May 1974). A temporally
heterogeneous forest will favour early succession species
and will be more susceptible to invading species,
stochastic events such as small-scale fires or wind
throws, and state shifts. A spatially heterogeneous for-
est, on the other hand, will have higher resilience, and
will thus be more robust to stochastic events.

In this study, we investigated the role of the red deer
in forming the heterogeneity of the boreal forest
understory vegetation over 10 years, and found two key
effects. Firstly, excluding red deer caused a distinct shift
in species composition, reflected in both spatial and

temporal species turnover (Predictions 1a and 2a). Sec-
ondly, we found that the intensity of herbivory had a
strong positive impact on temporal species turnover
(Prediction 1b), and a weak positive impact on spatial
species turnover (Prediction 2b).

Higher temporal species turnover in sites with high
intensities of herbivory (Prediction 1b) implies that the
species composition in such sites was less stable than in
sites with lower herbivory intensity. High levels of her-
bivory benefit pioneer and unpalatable species, and in-
hibit the growth and reproduction of slow growing
species such as trees or shrubs (Hegland and Rydgren
2016), and this pattern is reflected in the reduction in
evenness among the plant species (Table S2). By con-
trast, unpalatable species declined under high densities
of white-tailed deer (Odocoileus virginianus) in Pennsyl-
vania, USA, perhaps because trampling by the deer
caused soil compression, limiting the growth potential of
all plants (Heckel et al. 2010). In an old-growth, tem-
perate forest in Poland, Kuijper et al. (2010) found that
herbivory limited trees from growing larger than 50 cm.
Likewise, we have previously shown that in our study
area young deciduous trees germinated better in sites
experiencing high levels of herbivory, but when seedlings
became taller than the field layer vegetation, tree species
richness decreased (Hegland et al. 2013). Red deer also
strongly limit the abundance (number of individuals) in
this size class (Hegland and Rydgren 2016). Thus, in-
creased herbivory intensity reduces the number of trees
reaching reproductive age, and therefore is a crucial
factor in forest regeneration (Tremblay et al. 2006).

Temporal species turnover increased significantly in
the exclosures during the first 5 years of the study. This
implies that removing red deer herbivory from the sys-
tem created a distinct and rapid shift in the species

Fig. 2 Mean (±SE) five-year temporal species turnover, measured
by the Bray-Curtis dissimilarity index within plot: exclosure (black
circles) and open (white circles) plots during 10 years of experiment

Table 2 Effect of (a) exclosure treatment, and (b) herbivory intensity on temporal and spatial species turnover (BC); parameter estimates
for the most parsimonous model of the effects of year, treatment or herbivory intensity, and interactions

(a) Exclosure vs open plots (b) Herbivory intensity

Fixed effects Estimate SE df t P Fixed effects Estimate SE df t P

Temporal species turnover
(1a) (1b)
Intercept 0.173 0.011 17.5 15.652 <0.001 Intercept 0.136 0.008 8.2 17.690 <0.001
Exclosure (vs open) 0.027 0.009 25.1 3.069 0.005 Herbivory intensity 0.287 0.044 13.0 6.507 <0.001
Year 2006–2011 (vs 2001–2006) 0.002 0.008 161.0 0.271 0.787
Exclosure · year 2006–2011 �0.026 0.011 161.0 �2.298 0.023

Spatial species turnover
(2a) (2b)
Intercept 0.281 0.019 18.3 15.157 <0.001 Intercept 0.276 0.017 12.3 16.374 <0.001
Exclosure (vs open) �0.007 0.019 11.6 �0.369 0.719 Herbivory intensity 0.055 0.032 168.3 1.712 0.089
Year 2006 0.007 0.005 314.2 1.591 0.113
Year 2011 0.001 0.005 314.2 0.162 0.872
Exclosure · year 2006 0.007 0.006 312.0 1.106 0.270
Exclosure · year 2011 0.021 0.006 312.0 3.268 0.001

The models are linear mixed models fit with REML Satterthwaite approximations to calculate degrees of freedom, with spatial random
factor plot in macroplot by site for model 1a and 2a, and plot by site for model 1b, and plot by site plus temporal random factor year for
2b. Reference factors are Open 2001–2006 and Open 2001 for 1a and 2a, respectively, and represented by the intercept. A significant
interaction term means that the turnover is different in exclosure than in open plots the last five years (1a) and after 10 years (2a)
Bold values indicate significant p-values (p £ 0.05)
SE standard error, df degrees of freedom



composition. Changes in vegetation inside exclosures
after removing a cause of disturbance can reveal the
plants’ recovery abilities (Beschta and Ripple 2009). The
marked increase in temporal species turnover demon-
strated in our exclusion plots is an important finding
because it shows the high capacity of boreal forest plant
species to recover, even after experiencing high levels of
herbivory. Nevertheless, the effect of herbivory will
likely persist for some decades after the reduction or
removal of red deer (Nuttle et al. 2014), probably
depending on the original density of herbivores (Schütz
et al. 2003).

Temporal species turnover did not differ significantly
between exclosures and open plots (Prediction 1a) dur-
ing the last 5 years of the study, which suggests rapid
stabilization of species composition in our study system.
When we omitted data from the red deer farm (those

sites with extremely high red deer densities) from our
analyses, however, temporal species turnover remained
higher in the exclosure plots than in the open plots 10
years after excluding red deer (Table S4). This indicates
that rapid changes in temporal species turnover can be
expected after dramatic changes in an ecosystem (e.g.,
removing large herbivores). The continued difference in
temporal species turnover between the exclosures and
open plots outside the farm shows that red deer can
increase temporal species turnover, also at low to med-
ium densities, but that the effect is stronger at high
densities.

Spatial species turnover did not decrease as red deer
density increased (Prediction 2b); instead it increased
weakly. However, in line with Prediction 2a, we found
that excluding red deer from forest patches stimulated
spatial species turnover. This suggests that red deer
herbivory can have a homogenizing effect on the forest
understory although in our study, this effect took
10 years to become apparent. The potential for herbi-
vores to alter vegetation heterogeneity depends on the
intrinsic spatial pattern of the vegetation and its inter-
action with that of herbivory (Adler et al. 2001). Our
study examined the effects of herbivory in a boreal for-
est, with relatively homogenous vegetation. Although
red deer use a range of different habitat types, produc-
tive boreal forest is the habitat where Scandinavian red
deer spend most of their time during daylight, as it is
more important for foraging than earlier believed
(Godvik et al. 2009). Red deer feeding in the forest
understory is not spatially homogeneous, based purely
on the availability of forage plants, but depends also on
factors such as the distance to human infrastructure or
predators, and the availability of resting spots and high
quality forage (e.g. pastures and meadows, Adrados
et al. 2008; Godvik et al. 2009).

Exclusion of red deer resulted in 7 % reduction of the
plant species diversity [transforming Shannon index to
effective numbers, exp(H¢), Jost (2006)]. If all species
were evenly common (which they are not), this diversity
would translate to a species loss of 1.2 species. Such loss
may not seem substantial, but if there are no other
functionally similar species, it may affect long-term
ecosystem functioning (e.g. Mori et al. 2013; Sitters et al.
2016).

Our study was conducted over a relatively small area,
within an island of 11 km2. By locating our sites along a
gradient of herbivory intensity within this island, and
focusing on the fine-grained plant-species responses
within these sites and all within the pine-bilberry forest
ecotype, we eliminated as many sources of variation as
possible. We are thus able to isolate the effect of her-
bivory intensity on plant species heterogeneity. A study
across a larger spatial extent and with several vegetation
types, could potentially reveal greater effects of exclud-
ing red deer, but may not detect the fine scaled effect of
herbivory intensity seen here.

Selectivity and aggregation are two important pro-
cesses governing the effects of herbivory on vegetation

Fig. 4 Mean (±SE) spatial species turnover, measured with Bray-
Curtis dissimilarity index between plots within the same macro-
plots: exclosure (black circles) and open (white circles) plots during
the 10-year experiment

Fig. 3 Fitted relationship (black line, P < 0.001) and 95 % CI
(b ± 1.96 * SE, grey shade) between temporal species turnover,
measured with Bray-Curtis dissimilarity index within plot between
years, in relation to the gradient of herbivory intensity



heterogeneity and diversity (Augustine and McNaugh-
ton 1998). Patch-grazing herbivores are more likely to
increase spatial heterogeneity than species that feed
homogenously or highly selectively (Adler et al. 2001).
Studies on other large herbivores have shown that her-
bivory can either reduce (white-tailed deer, Rooney
2009) or increase (sheep, (DeGabriel et al. 2011); black-
tailed deer, Odocoileus hemionus,(Gaston et al. 2006))
spatial heterogeneity. For example, in a study on the
previously ungulate-free islands in British Columbia,
Canada, Gaston et al. (2006) found that uninvaded is-
lands were more similar in plant species composition
than islands with introduced black-tailed deer. Islands
without deer were smaller than those with deer, and
therefore theoretically should be more homogeneous
(MacArthur and Wilson 1963), suggesting that deer
drove biotic differentiation rather than homogenization.
Red deer, being intermediate feeders, may have less of
an effect on spatial heterogeneity. They feed on a
broader range of species than black-tailed deer (Hof-
mann 1989) and aggregate in smaller groups (Adler et al.
2001). Our results indicate that red deer herbivory spa-
tially homogenize even relatively uniform vegetation,
whereas the opposite would be expected (Adler et al.
2001).

Preferred species in heavily browsed areas may de-
pend on ephemeral recruitment opportunities; that is,
periods when herbivore populations are low (Fornara
and du Toit 2007). Fluctuations in the density of large
herbivore populations, spatially and in time, is therefore
likely to be important for plant recruitment (Kuijper
et al. 2010). Such ephemeral windows are not always
sufficient for vegetation regeneration, especially if the
ecosystem is not adapted to herbivory by the particular
species. For example, in New Zealand, introduced red
deer populations were reduced by about 92 % and were
kept at low densities for four decades (Tanentzap et al.
2009). Despite this, tree recruitment remained low;
showing that recovery in heavily herbivore-disturbed
systems, particularly those that have evolved in absence
of large herbivores, can take decades (Tanentzap et al.
2009). To permit natural regeneration, managers in
areas with high red-deer densities need to provide for
periodic ephemeral windows for recruitment, either in
time or spatially, in their management plans (Sage et al.
2003).

Conclusions

Understanding both the spatial and the temporal com-
ponents of vegetation heterogeneity is crucial to
advancing our knowledge of ecosystem functioning and
the associated role of large herbivores (Soininen 2010).
Our results show that a combined focus on the effects of
exclusion and the intensity of herbivory provides new
insights into the ecological role of red deer in boreal
forests. Interestingly, temporal heterogeneity of the
forest understory increased with increasing red deer

herbivory intensity, as well as when red deer were ex-
cluded. Increased temporal heterogeneity after excluding
red deer either suggests that low densities of deer sta-
bilize the species turnover, or that the recovery after
long-term herbivory takes more than a decade. Further
monitoring of the vegetation will illuminate this uncer-
tainty. However, the spatial heterogeneity was indeed
highest where red deer were excluded. Thus, our results
suggest that removing red deer would effectively result in
the most stable ecosystem over a prolonged period of
time. However, the lowest species diversity of plants
appeared where red deer were excluded. If both
stable but also species rich ecosystems are the manage-
ment goal, managers should sustain naturally fluctuat-
ing, but moderate red deer densities.
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Côté SD, Rooney TP, Tremblay J-P, Dussault C, Waller DM
(2004) Ecological impacts of deer overabundance. Annu Rev
Ecol Evol Syst 35:113–147. doi:10.1146/annurev.ecolsys.
35.021103.105725

Crawley MJ (2007) The R book. Wiley, Chichester
DeGabriel JL, Albon SD, Fielding DA, Riach DJ, Westaway S,

Irvine RJ (2011) The presence of sheep leads to increases in
plant diversity and reductions in the impact of deer on heather.
J Appl Ecol 48:1269–1277. doi:10.1111/j.1365-2664.2011.
02032.x



Elmqvist T, Folke C, NystromM, Peterson G, Bengtsson J, Walker
B, Norberg J (2003) Response diversity, ecosystem change, and
resilience. Front Ecol Envir 1:488–494. doi:10.2307/3868116

Fornara DA, du Toit JT (2007) Browsing lawns? Responses of
Acacia nigrescens to ungulate browsing in an African savanna.
Ecology 88:200–209. doi:10.1890/0012-9658(2007)88[200:
blroan]2.0.co;2

Frelich LE, Lorimer CG (1985) Current and predicted long-term
effects of deer browsing in hemlock forests in Michigan, USA.
Biol Cons 34:99–120. doi:10.1016/0006-3207(85)90103-x

Fuller RJ, Gill RMA (2001) Ecological impacts of increasing
numbers of deer in British woodland. Forestry 74:193–199. doi:
10.1093/forestry/74.3.193

Gaston AJ, Stockton SA, Smith JL (2006) Species-area relation-
ships and the impact of deer-browse in the complex phyto-
geography of the Haida Gwaii archipelago (Queen Charlotte
Islands), British Columbia. Ecoscience 13:511–522. doi:10.2980/
1195-6860(2006)13[511:sratio]2.0.co;2

Godvik IMR, Loe LE, Vik JO, Veiberg V, Langvatn R, Mysterud
A (2009) Temporal scales, trade-offs, and functional responses
in red deer habitat selection. Ecology 90:699–710. doi:
10.1890/08-0576.1

Heckel CD, Bourg NA, McShea WJ, Kalisz S (2010) Noncon-
sumptive effects of a generalist ungulate herbivore drive decline
of unpalatable forest herbs. Ecology 91:319–326. doi:
10.1890/09-0628.1

Hegland SJ, Rydgren K (2016) Eaten but not always beaten:
winners and losers along a red deer herbivory gradient in boreal
forest. J Veg Sci 27:111–122. doi:10.1111/jvs.12339

Hegland SJ, Lilleeng MS, Moe SR (2013) Old-growth forest floor
richness increases with red deer herbivory intensity. For Ecol
Manag 310:267–274. doi:10.1016/j.foreco.2013.08.031

Hester AJ, Edenius L, Buttenschon RM, Kuiters AT (2000)
Interactions between forests and herbivores: the role of con-
trolled grazing experiments. Forestry 73:381–391. doi:
10.1093/forestry/73.4.381

Hofmann RR (1989) Evolutionanry steps of ecophysiological
adaptation and diversification of ruminants: a comparative
view of their digestive-system. Oecologia 78:443–457. doi:
10.1007/bf00378733

Hovick TJ, Elmore RD, Fuhlendorf SD, Engle DM, Hamilton RG
(2015) Spatial heterogeneity increases diversity and stability in
grassland bird communities. Ecol Appl 25:662–672. doi:
10.1890/14-1067.1.sm

Jones CG, Lawton JH, Shachak M (1994) Organisms as ecosystem
engineers. Oikos 69:373–386. doi:10.2307/3545850

Jost L (2006) Entropy and diversity. Oikos 113:363–375. doi:
10.1111/j.2006.0030-1299.14714.x

Kindt R, Coe R (2005) Tree diversity analysis: a manual and
software for common statistical methods for ecological and
biodiversity studies. World Agroforestry Centre (ICRAF),
Nairobi, Kenya

Koleff P, Gaston KJ, Lennon JJ (2003) Measuring beta diversity
for presence-absence data. J Anim Ecol 72:367–382. doi:
10.1046/j.1365-2656.2003.00710.x
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Abstract Changes in large herbivore distribution and abundance can have effects that 

potentially cascade throughout the trophic structure of an ecosystem. Little is known about 

these indirect trophic effects of ungulate herbivory, so the aim of this study was to investi-

gate the role of red deer (Cervus elaphus) in determining the distribution and diversity of 

ground-dwelling beetles. We collected > 9000 beetles belonging to 149 species in a West-

ern Norway boreal forest by pitfall trapping inside and outside red-deer exclosures placed 

along a gradient in herbivory intensity. Our study showed that red deer herbivory had a 

significant effect on structuring ground beetle communities in this boreal ecosystem. Key 

findings were that: (1) out of 17 beetle species represented by more than 100 specimens, 

four species benefited from red deer herbivory and associated impacts, while two were det-

rimentally affected; 2) red deer herbivory did not affect beetle abundance or alpha diver-

sity, but increased local variation in beetle community structure (higher beta diversity); 

and 3) red deer browsing is important for the composition of the ground-beetle fauna. Her-

bivory improved the explanation of variation in beetle species composition on the forest 

floor by 40%. Given that herbivory is an indirect but central predictor of ground-dwelling 
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beetle communities, it should be included in future studies or monitoring programs of red 

listed or keystone ground-dwelling beetles.

Keywords Browsing · Cervus elaphus · Coleoptera · Grazing · Insect diversity · Species 

richness · Ungulates

Introduction

In recent decades, large herbivores have extended their range and increased in local abun-

dance throughout the northern hemisphere (Côté et al. 2004). Explanations proposed for 

this expansion include shifts to a milder climate, regulated hunting, and local extirpation 

of large predators (Mysterud et al. 2010; Ripple et al. 2014). Because selective herbivory 

modifies plant communities, large herbivores can modify ecosystem structure and func-

tion (Augustine and McNaughton 1998), for example by limiting forest regeneration and 

promoting field and bottom layer vegetation (Hegland and Rydgren 2016). This can occur 

even at low population densities if herbivores selectively feed on tree seedlings and sap-

lings (Côté et  al. 2004; Mysterud et  al. 2010; Beschta and Ripple 2016; Lilleeng et  al. 

2016). Studies of how large herbivores induce effects on ecosystems typically focus on 

plant communities. Herbivory by large mammals can, however, also have far-reaching 

effects on other trophic levels. Affected organisms include birds, other mammals and inver-

tebrates such as arthropods (deCalesta 1994; Pedersen et al. 2011; Foster et al. 2014; Chol-

let et al. 2016).

Arthropods comprise a diverse and species-rich group, and are important providers of 

ecosystem services by occupying crucial positions in all terrestrial food webs (Gullan and 

Cranston 2005; Prather et  al. 2013). Large herbivores can affect arthropod communities 

directly and indirectly, generating cascading effects throughout the arthropod interaction 

web (van Klink et  al. 2015). Direct impacts include accidental consumption and distur-

bance (Ben-Ari and Inbar 2013; Gish et al. 2017), whereas indirect effects on arthropod 

communities can occur through modifications to the soil and changes to vegetation struc-

ture, diversity and biomass (van Klink et  al. 2015). Such modifications can facilitate or 

inhibit the population dynamics of arthropod species. Arthropod diversity tends to increase 

when large herbivores increase plant species diversity and structural heterogeneity, but 

there are also examples were large herbivores increase plant species diversity but reduce 

arthropod diversity (van Klink et al. 2015). Effects of large herbivores are typically most 

pronounced on vegetation-dwelling arthropods (Suominen and Danell 2006; Brousseau 

et al. 2013).

Most studies of how herbivory affects arthropod communities have been done in grass-

lands, although studies from forests are also emerging (e.g. Baines et al. 1994; Allombert 

et al. 2005b; Melis et al. 2006, 2007; Martin et al. 2010; Brousseau et al. 2013; Bachand 

et al. 2014; Iida et al. 2016). Still, the mechanisms by which large herbivores affect these 

communities in other ecosystems remains poorly understood (van Klink et al. 2015). More-

over, most studies of how herbivores affect arthropods focus on single-species responses. 

A comprehensive approach, one that addresses changes in species richness, species com-

position and relationships to important environmental factors, would greatly improve our 

understanding of the complex ecological effects herbivores have on ecosystems (Dornelas 

et al. 2011; Foster et al. 2014).
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Boreal forests are widespread on the northern hemisphere and cover 11% of the Earth’s 

terrestrial surface (Bonan and Shugart 1989). Whereas boreal forests can be strongly 

affected by large herbivores (Côté et al. 2004), no consistent patterns have been found so 

far for the effects of large herbivores on arthropod communities in this system (Suominen 

and Danell 2006). Variation in species assemblages of ground-dwelling beetles (henceforth 

‘beetles’) in boreal forests is driven primarily by soil moisture and plant species composi-

tion (Birkemoe 1993; Toivanen et al. 2014), whereas plant species richness per se does not 

determine beetle richness (Similä et al. 2006). A clear relationship between beetle abun-

dance and site productivity has been shown (Birkemoe 1993; Simila et al. 2002). Moreo-

ver, beetles demonstrably respond to many sorts of disturbance at a local scale (Koivula 

2011; Kotze et al. 2011). Thus open patches, brought about by disturbances such as wild-

fire, wind throw and clear-cutting, often show higher beetle species richness than undis-

turbed sites (Koivula et al. 2002; Toivanen et al. 2014).

In Norway, red deer (Cervus elaphus) have reached unprecedented levels, best reflected 

by the harvest numbers, which for example increased by 70% from 1999 to 2009 (Aus-

trheim et al. 2011). There is little or no natural predation on red deer in Norway, and popu-

lations are regulated by climate (winter severity) and, mainly, hunting. Selective herbivory 

by red deer affects plant species composition and structure, and consequently light and 

moisture conditions near the forest floor (e.g. Baines et  al. 1994; Fuller and Gill 2001; 

Tremblay et al. 2006; Hegland et al. 2013; Hegland and Rydgren 2016). Red deer can have 

a range of community- and ecosystem-level impacts beyond that of herbivory itself (Côté 

et al. 2004). Consumption of plant parts can affect plant survival, structure and productiv-

ity, but also change plant chemistry, litter, and nutrient and water cycles, and defecation 

and trampling can alter soil chemistry, moisture, and soil physical properties (Augustine 

and McNaughton 1998, and references therein). We use the term ‘herbivory’ to encompass 

this range of influences because they all stem from that basic process. Although red deer 

have been found previously to spatially homogenize the understory plant community (Lil-

leeng et al. 2016), our knowledge of red deer effects on other trophic levels is still fragmen-

tary (Similä et al. 2006). This is unfortunate because assessments of the state and function-

ing of ecosystems requires knowledge of the status for several functional groups (Koivula 

2011).

The few studies that have addressed relationships between beetles and red deer in boreal 

forests do not show clear and consistent patterns. Most have focused only on carabids, 

ignoring other ground-dwelling species. Whereas one study indicates that herbivory by 

red deer do not affect carabid diversity even though the total number of beetles increased 

(Melis et al. 2006), studies on moose and reindeer find a unimodal response of beetle spe-

cies richness to herbivory intensity (Suominen et  al. 2003; Melis et  al. 2007). Environ-

mental conditions like soil moisture and vegetation are important determinants of carabid 

species compositional variation (Niemelä et al. 2007; Toivanen et al. 2014), but as far as 

we know, no studies have yet disentangled the relative contribution of large herbivores 

compared to key environmental variables in structuring the composition of ground-beetle 

communities.

Identifying how large herbivores affect biodiversity can provide important insights into 

the effects of the currently unprecedented high ungulate levels on long-term ecosystem 

stability of boreal forests. The aim of our study was to quantify the potential impacts of 

red deer herbivory on the ground-dwelling beetle community. We used an experimental 

research design with pitfall traps inside and outside red deer exclosures in a boreal for-

est with varying levels of red deer herbivory. Specifically, we asked: (Q1) Which ground-

dwelling beetle species benefit from, or are detrimentally affected by red deer herbivory? 
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(Q2) How does red deer herbivory influence the alpha and beta diversity and the evenness 

of ground-dwelling beetles? (Q3) What proportion of the variation in the ground-dwell-

ing beetle species assemblage can be explained by red deer herbivory intensity, relative to 

other environmental variables?

Methods

Study area

We conducted our study on Svanøy Island (11  km2, 61°30 N, 5°05 E), situated 2.3  km 

off the mainland, Sogn og Fjordane county, western Norway. The climate is oceanic with 

mean annual precipitation and temperature of ca. 2000 mm and 8 °C, respectively (Skogen 

and Lunde 1997, Florø www.met.no). Svanøy is located in the boreo-nemoral zone (Moen 

1999) and the dominant vegetation type is bilberry-pine (Vaccinium myrtillus–Pinus syl-
vestris) forest. Red deer density at Svanøy is estimated at ca. 7.5 deer  km−2, relatively high 

for western Norway (Hegland et al. 2013). The island also includes a fenced red deer farm 

with > 30 deer  km−2 (Fig.  1). Although such high densities are not found in wild popu-

lations in Norway, some Islands in British Columbia, Canada do reach such high levels 

(Allombert et al. 2005a). Red deer browsing limits the dwarf shrubs and young trees, but 

is beneficial for tree seedlings, ferns, forbs and bryophytes in our study area (Hegland and 

Rydgren 2016). High levels of red deer over longer time periods is likely to limit the num-

ber of trees that reach the reproductive stages (Lilleeng et  al. 2016), which may in turn 

cause a major shift in abiotic conditions for arthropods communities.

Study design and beetle sampling

In 2001, we established twelve blocks within old-growth pine forest at altitudes between 

20 and 140 m, each block containing one exclosure and one open (control) macroplot, both 

9 × 9 m (Fig. 1). We excluded deer from the exclosures by fencing a 10 × 10 m area with 

the macroplot in the center, using 3-m high fences of 10 × 10 cm wire mesh, and leaving 

a buffer zone of 0.5 m around the exclosure macroplot. In each macroplot, we randomly 

placed seven 1 × 1  m permanent vegetation plots, restricting them to flat terrain > 0.5  m 

from trees > 2  m high (Fig.  1). Accordingly, we had 7 × 2 × 12 = 168 plots overall. Plant 

Fig. 1  Illustration of our research design for sampling ground-dwelling beetles inside and outside red deer 

(Cervus elaphus) exclosures, along a natural gradient of red deer herbivory intensity. Positions of the twelve 

study blocks are indicated by black dots, and red-deer farm blocks indicated with a square on the map. See 

text for details
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species composition was recorded in each plot in June 2001, 2006 and 2011 and we 

recorded the abundance of all plants in each plot as frequency out of 100 equally sized 

subplots (Hegland et al. 2013; Hegland and Rydgren 2016; Lilleeng et al. 2016). In 2011, 

we captured ground-dwelling beetles in one pitfall trap adjacent to each permanent plot 

(total number of traps = 168). We used the vegetation characteristics and other environ-

mental variables sampled in each permanent plot as explanatory variables for each trap. We 

henceforth used ‘plot’ as a collective term for pitfall trap together with its adjacent perma-

nent vegetation plot. For pitfall traps we used plastic cups with an inner diameter of 8.3 cm 

and depth 10.0 cm, dug into the ground with the top of the cup level with the soil surface. 

To preserve the beetles and prevent evaporation we filled the cups 2/3 with a 1:1 mixture of 

polypropylenglycol and water to which we added a droplet of detergent to break the surface 

tension. We placed a 15 × 15 cm wooden plate 5–10 cm above each trap to prevent flood-

ing and litter infall. We started trapping in May 2011 and collected the contents of each 

trap at monthly intervals until August 2011. We pooled the three samples from each plot 

into a composite sample. We used the number of individuals as a measure of each species’ 

abundance (the maximum collected in any one plot was 53). All invertebrates were stored 

in 70% ethanol.

Pitfall traps, which are commonly used for trapping ground-dwelling beetles, are 

assumed to capture more active species at a faster rate than sedentary species (Andersen 

1995). We assume that this potential bias did not differ between the open and exclosure 

plots, and therefore did not affect comparisons between these treatments. All beetle speci-

mens were identified to species and classified to functional group according to their diet: 

‘predators’, ‘detritivores’, ‘omnivores’, ‘herbivores’, ‘fungivores’, ‘saproxylic’ and ‘others’.

Herbivory intensity

In 2011, we quantified local herbivore density in the twelve open macroplots indirectly, by 

estimating the extent of browsing on bilberry (Vaccinium myrtillus) ramets. Red deer have 

an intermediate preference for bilberry, which is thus a good indicator species for assess-

ing herbivore density in an area (Mysterud et al. 2010). In June 2011, we selected three 

bilberry ramets at random in each of the 168 plots. For each ramet, we recorded the per-

centage of annual shoots browsed using a five-grade ordinal scale: 0 (0–0.9%), 1 (1–24%), 

2 (25–49%), 3 (50–74%), 4 (75–100%). Our measure of herbivory intensity is adjusted for 

plant size by dividing the herbivory scale value by ramet height (Lilleeng et al. 2016). The 

mean of adjusted values for the 7 × 3 ramets in each macroplot (which was 0 in exclosure 

plots) was termed ‘current herbivory intensity’  (HIC) and used as an explanatory variable 

in our analyses. This index correlates well with fecal pellet counts (Hegland et al. 2013), 

which are also often used to estimate herbivore density. We have recorded browsing on bil-

berry since 2001, and the distribution of the blocks along the herbivory intensity gradient 

has remained similar over the years. To quantify any legacy of former browsing or grazing 

on the beetle assemblage, we also included a variable, termed ‘historical herbivory inten-

sity’  (HIH), by assigning to each exclosure macroplot the same herbivory intensity value as 

recorded for the corresponding open macroplot in 2011.

Environmental variables

We characterized the vegetation in each plot by measuring the height of the understory veg-

etation (average of three measures of the tallest plant in each plot, in cm) and by recording 
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the abundance of six plant growth forms: bryophytes, ferns, grasses, herbs, dwarf shrubs 

and trees (saplings ≤ 50 cm) as the sum of abundances for the species belonging to the par-

ticular growth form.

Soil samples were obtained by mixing three samples taken adjacent to each plot. Soil 

organic matter% (SOM) was measured as loss on ignition (100 – ash%). The total nitro-

gen in the soil sample, obtained as weight% by the Dumas method (Bremmer and Mulva-

ney 1982), was recalculated as weight% of organic matter by dividing by 0.01*SOM. The 

resulting variable, termed ‘total nitrogen’, was used in the analyses. pH was recorded in a 

water solution with a WTW720 pH-meter and a WTW SenTix81 pH-electrode. Soil mois-

ture was measured once in the four corners of all plots following at least two days without 

rain. All 168 plots were measured within 48 h, using an AT Delta-T moisture meter, type 

HH2 SM300 v 4.0, by Delta-T Devices Ltd. We used the mean of the four measurements 

per plot in the analyses. There was insufficient variation in light levels between plots to 

include this as a meaningful explanatory variable in the analyses, because all blocks had 

dense canopy cover (spherical densitometer measurement of canopy cover: mean = 97%, 

range 83–100%). We estimated altitude at each block with a handheld GPS.

Data analysis

We performed all statistical analyses in R, version 3.4.2 (R Core Team 2017), except for 

‘glmmadmb’ models (see under), which we ran on R, version 3.1.3 (R Core Team 2015). 

For Questions 1 & 2, we used raw variable values in our analyses. Before using multivari-

ate analyses to address Question 3 we transformed all environmental variables, except  HIC, 

 HIH, and herb and fern abundances, to zero skewness (Økland et al. 2001; Økland 2003) 

and ranged them on a 0–1 scale (Table  1).  HIC, herb and fern abundances included too 

many zero values to allow transformation to zero skewness, so these variables were ranged 

without being transformed.  HIH was also only ranged, to facilitate comparison with  HIC. 

Results of multivariate analyses using just the raw values for all environmental variables 

Table 1  List of explanatory variables used in multivariate analysis

Group = affiliation to explanatory variables group: environmental (E) and herbivory intensity (H) variables. 

All variables were continuous

Explanatory variables Mean (SE) Min–max Transformation Group

Altitude (m) 85 (3.55) 21–143 ecx E

Soil moisture (%) 42 (1.13) 20–94 ln(c + x) E

Total nitrogen 2.1 (0.05) 1.31–5.19 ln(c + ln(c + x)) E

pH 4.2 (0.02) 3.83–5.24 ln(c + x) E

Vegetation height (cm) 19 (0.67) 2–46 ln(c + x) E

Dwarf-shrub abundance 145 (8.50) 0–345 ln(c + x) E

Herb abundance 57 (5.05) 0–268 – E

Grass abundance 133 (5.26) 14–273 ln(c + x) E

Fern abundance 5 (1.18) 0–77 – E

Bryophyte abundance 176 (8.37) 20–406 ln(c + x) E

Young tree abundance 6 (0.98) 0–93 ln(c + x) E

Current herbivory intensity,  HIC 0.08 (0.01) 0–0.63 – H

Historical herbivory intensity,  HIH 0.16 (0.01) 0.01–0.63 – H
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did not differ significantly from those reported here, indicating that our conclusions were 

not influenced by the choice of data transformation. We validated our final models by 

assessing normality of residuals with quantile–quantile-plots and plots of residuals vs fit-

ted values, as well as comparing the models with the null model, as suggested by e.g. Zuur 

et al. (2012).

Species responses (Q1)

To examine the beetle species’ responses to red deer herbivory, we estimated the effects 

of treatment (all plots) and current herbivory intensity  (HIC, open plots) for species that 

were represented by at least 100 individuals in our collections. We used negative binomial 

generalized linear mixed effects models with AD model builder (glmmadmb Skaug et al. 

2016), including random factors macroplot nested in block for exclosure models, and block 

for herbivory intensity models. To evaluate if the number of species responding to her-

bivory differed from that expected from a random distribution, we used the ‘exact binomial 

test’ with p = 0.05, and alternative = ‘greater’.

Diversity measures (Q2)

To address how red-deer herbivory influence different aspects of beetle diversity, we used 

the R package ‘BiodiversityR’ version 2.5-3 (Kindt and Coe 2005) to calculate beetle spe-

cies richness (α diversity, the number of species) and evenness (exp(H )/species richness, 

where H  is Shannon’s diversity index). H , which combines measures of richness and 

abundance, gave no additional information and was not used, other than to calculate even-

ness. We estimated the effects of treatment (open vs exclosure, all plots) and current her-

bivory intensity  (HIC, open plots) on these diversity measures by using linear mixed effects 

models [lme4 (Bates et al. 2015) and lmerTest (Kuznetsova et al. 2016)], with macroplot 
nested in block, and block, respectively, as random factors. To evaluate whether species 

richness differed between the open and exclosure plots when differences in the number of 

sampled individuals were taken into account, we calculated individual-based rarefaction 

curves using the function ‘accumcomp’ (1000 permutations) in the BiodiversityR package 

(Kindt and Coe 2005) with treatment as the factor.

We used the functions ‘betadisper’ and ‘betadiver’ from the vegan package version 

2.3-3 (Oksanen et al. 2016), to calculate Whittaker’s index (Koleff et al. 2003) as a meas-

ure of beta diversity between treatments. Open and exclosure plots were compared by the 

permutation test for homogeneity of multivariate dispersions (function ‘permutest’ with 

999 permutations, Anderson et al. 2006).

Composition of beetle assemblages (Q3)

Multivariate analysis was used to assess the relative importance of red-deer herbivory and 

environmental variables in determining the composition of beetle assemblages. We first 

summarized the patterns of variation in beetle species assemblages in the 168 plots by par-

allel use of both global non-metric multidimensional scaling (GNMDS, Minchin 1987) 

and detrended correspondence analysis (DCA, Hill and Gauch 1980), as implemented in 

the vegan package (Oksanen et al. 2016). Parallel ordination (Økland 1996; van Son and 

Halvorsen 2014) was motivated by the argument that since all ordination methods may 

occasionally produce inappropriate results (artefactual axes), similar results obtained by 
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two conceptually different ordination methods makes a strong case that the axes represent 

real compositional gradients. Similarity of axes from different ordinations was assessed 

using Kendall rank correlation coefficients (cf. Liu et al. 2008). GNMDS ordination dia-

grams showed no evidence of methodological artefacts, while the DCA diagrams showed 

a clear tongue-shaped structure which often indicates inappropriate handling of data by 

the detrending procedure (Økland 1990). We therefore chose GNMDS results for further 

interpretation. We investigated the relationship between the two GNMDS ordination axes 

and the ranged and zero-skewness transformed explanatory variables: treatment, herbivory 

intensity, and environmental variables, evaluated at three nesting levels, block (df = 12), 

macroplot nested in block (df = 24), and plot nested in macroplot (df = 168), using split-

plot GLM (generalized linear models McCullagh and Nelder 1989; Auestad et al. 2008).

See Online Resource 1 for supplementary details for the ordination analyses.

We used variation partitioning (Borcard et al. 1992; Økland 1999, 2003) with canoni-

cal correspondence analysis (CCA; ter Braak 1986) and a Monte Carlo test with 999 per-

mutations (Oksanen et  al. 2016) to assess the relative importance of herbivory and the 

environmental variables in explaining the variation in beetle species composition. Prior to 

variation partitioning, we evaluated all explanatory variables individually. Only those with 

α ≤ 0.05 in the Monte Carlo permutation test were eligible for inclusion in the analysis. We 

selected variables for inclusion in the two groups, environmental influences and herbivory 

intensity, by performing separate forward selections of variables. Only those that explained 

significant (p < 0.01) additional variation (i.e. variation not explained by the previously 

selected variables) were incorporated in the subsequent analyses (Økland 2003). The final 

group of environmental variables, denoted E, consisted of altitude, soil moisture, pH, total 

nitrogen and vegetation height, whereas the herbivory intensity group, H, consisted of  HIC 

and  HIH (Table  1). We performed a sequence of (partial) CCA analyses to quantify the 

variation explained by H not shared with E (H| E), E not shared with H (E| H), and the 

variation shared by the two groups (H ∩ E). All variation components are expressed as 

fractions of the total variation explained (Økland 1999). Supplementary details in Online 

Resource 1.

Results

We collected 9733 individuals of beetles representing 149 species. Of these, 129 species 

and 4913 individuals were collected in the herbivore open plots and 113 species and 4820 

individuals in the exclosure plots. The mean (± SE) number of species and individuals in 

each plot was 16 species (± 0.6) and 59 individuals (± 3.4) in open plots, and 15 species 

(± 0.5) and 57 individuals (± 3.0) in exclosure plots(n = 84 for both groups). Of the 23 

families recorded, three were dominant: Carabidae (n = 4570 individuals), Staphylinidae 

(n = 2728), and Hydrophilidae (n = 1149). The three most abundant species were Pteros-
tichus niger (Fam. Carabidae, n = 1968), Megasternum concinnum (Fam. Hydrophilidae, 

n = 1134), and Philonthus decorus (Fam. Staphylinidae, n = 1024). Many species were rare, 

but all plots had five or more species. Out of the species with five or more individuals, 

Drusilla canaliculata, Loricera pilicornis, Notiophilus biguttatus and Proteinus atomarius 

were only recorded from open plots while Megarthrus nitidulus and Rhizophagus ferrug-
ineus were found in exclosure plots only.

The largest functional groups in our material were predatory beetles (77% of the 

total number of beetles) and detritivores (16%). Omnivores comprised 6% of the total, 
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fungivores and saproxylics 0.3% each, herbivores 0.2% and unclassified 0.1%. We found 

no significant effects of treatment on the overall abundance of the respective groups, except 

for saproxylic beetles which were more abundant (27 out of 34 individuals) in open plots. 

A complete species list with abundance and feeding guilds in open and exclosure plots can 

be found in Online Resource 2.

Total nitrogen, pH, herb and bryophyte abundances were positively correlated, and 

vegetation height and dwarf-shrub abundance were negatively correlated with current 

herbivory intensity  (HIC, Online Resource 3). Historical herbivory intensity  (HIH) was 

related to these variables in largely the same way, and was also positively correlated with 

soil moisture, grass abundance, bryophyte abundance and the abundance of tree saplings 

(Online Resource 3).

Species responses (Q1)

Four out of the 17 most abundant species (those with > 100 individuals) were categorized 

as ‘winners’ and two as ‘losers’, with increasing or declining abundances in relation to 

red deer herbivory (Fig.  2 and Online Resource 4). The proportion of species respond-

ing to herbivory was significantly higher than expected (observed proportion = 0.35 vs. 

expected = 0.05, p < 0.001). The declining species were Phosphuga atrata (estimates are 

exclosure vs open; β = 0.63, SE = 0.27, z = 2.30, p = 0.022) and Megasternum concinnum 

(β = 0.46, SE = 0.19, z = 2.36, p = 0.018), and the increasing species were Geotrupes sterc-
orosus (β = − 0.68, SE = 0.31, z = − 2.23, p = 0.026), Trechus secalis (β = − 0.86, SE = 0.23, 

z = − 3.70, p < 0.001), Patrobus atrorufus (β = − 1.77, SE = 0.86, z = − 2.05, p = 0.040), and 

Nebria brevicollis (β = − 2.40, SE = 0.43, z = − 5.54, p < 0.001, Fig.  2). The abundances 

of P. atrorufus (β = 10.79, SE = 4.28, z = 2.52, p = 0.012) and N. brevicollis (β = 17.09, 

SE = 5.46, z = 3.13, p = 0.002) were positively related to current herbivory intensity, 

whereas Cryptophagus setulosus (β = − 5.85, SE = 1.91, z = − 3.06, p = 0.002), P. atrata 

(β = − 6.09, SE = 2.09, z = − 2.91, p = 0.004), and Nicrophorus vespilloides (β = − 7.28, 

Fig. 2  Responses of the 17 most abundant beetle species (> 100 individuals in total) to exclusion of red 

deer, categorized as ‘winners’ or ‘losers’. Parameter estimates (± 1.96 SE) from mixed models comparing 

abundance in open and exclosure plots are given on the horizontal axis. Affiliation of beetle species to func-

tional group is given in brackets, P predator, H herbivore, D detritivore
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SE = 3.60, z = − 2.02, p = 0.043) abundance was negatively related to current herbivory 

intensity (Online Resource 4). The abundance of all beetles pooled was not related either to 

treatment (open/exclosure) or to herbivory intensity (p values > 0.05, Table 2). 

Beetle diversity responses to red deer herbivory (Q2)

Neither species richness nor evenness were significantly related to treatment (open vs 

exclosure, p-values > 0.05) but for herbivory intensity there was a trend towards increas-

ing richness and reduced evenness with increasing herbivory intensity (p values = 0.090, 

Table  2). The cumulative number of species, however, was smaller in the exclosures 

(Online Resource 3). Red deer herbivory increased the heterogeneity of the beetle assem-

blages, judging from the beta diversity value, which was higher in open than in exclosure 

plots (permutation test; 999 permutations; F = 6.56, p = 0.009).

Composition of beetle assemblages related to herbivory and environment (Q3)

The first GNMDS axis, the main beetle compositional gradient, explained most of the 

variation in species composition at the block level (fraction of total sum-of-squares 

explained, FVE = 0.78), followed by plot in macroplot (FVE = 0.17), and macroplot 

within block (FVE = 0.06) levels (Table  3). It was negatively related to current her-

bivory intensity  (HIC), soil chemistry (pH and total nitrogen), and grass and bryo-

phyte abundance, but positively related to herb and dwarf-shrub abundance (Table  3, 

Online Resource 6). More than half of the variation along the second GNMDS axis was 

explained at the block level (FVE = 0.62), while plot in macroplot was again impor-

tant (FVE = 0.26) and macroplot in block explained the rest (FVE = 0.12). The sec-

ond GNMDS axis was associated with both current and historical herbivory intensity 

 (HIH) and separated blocks situated inside the red deer farm from other blocks (Online 

Table 2  Parameter estimates from linear mixed effects models with macroplot nested in block as random 

factors for exclosure models and random factor block for current herbivory-intensity models

We validated each final model by visually investigating normality in model residuals with a quantile–quan-

tile-plot and plots of residuals versus fitted values, in addition to comparing it with the null model. We 

report model estimates with explanatory variable treatment or herbivory intensity also for models were 

there were no significant effect of these variables, i.e. when the null model were the most parsimonious, to 

provide information for the reader

Estimate SE t P Estimate SE t p

Richness

 Intercept 16.012 0.983 16.291 < 0.001 Intercept 14.371 1.291 11.131 < 0.001

 Exclosure vs 

open

− 1.024 0.916 − 1.118 0.287 Herbivory 

intensity

10.041 5.252 1.912 0.085

Evenness

 Intercept 0.615 0.024 25.357 < 0.001 Intercept 0.652 0.029 22.226 < 0.001

 Exclosure vs 

open

− 0.012 0.028 − 0.445 0.665 Herbivory 

intensity

−0.224 0.119 − 1.878 0.090

Abundance

 Intercept 58.488 6.575 8.896 < 0.001 Intercept 54.280 10.450 5.193 < 0.001

 Exclosure vs 

open

− 1.107 5.812 − 0.190 0.852 Herbivory 

intensity

25.760 42.520 0.606 0.558
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Resource 6, Fig. 3). Herb abundance was negatively related to the second GNMDS axis 

(Table 3). 

Although open and exclosure plots were not significantly separated along GNMDS axis 

1 (split-plot glm, p > 0.05, Table  3), species composition varied in response to whether 

herbivory had ceased for the past 10  years of the study. In all but two blocks, plots in 

exclosures tended to be placed further towards the high-score end of this axis, being more 

like open plots with lower current herbivory intensity (F = 3.037, p = 0.109, Fig. 3).

The two groups of explanatory variables, herbivory intensity and environmental 

attributes, explained 16.2% of the total variation in beetle composition. Of this, her-

bivory intensity alone explained 28% of the total variation explained (FTVE), the envi-

ronmental variables alone explained 56% of the variation, and 16% of the FTVE was 

shared by herbivory intensity and the environmental variables (Online Resource 7).

Discussion

Species responses (Q1)

Red deer herbivory resulted in both benefiting and detrimentally affected species among 

the ground-dwelling beetles. Because herbivores consume arthropods only unintentionally 

Fig. 3  Global non-metric multidimensional scaling ordination of beetles, sampling plot scatter. Plots with 

similar species assemblages occur close to each other in the ordination diagram. GNMDS axes 1 and 2 are 

scaled in half-change units. Arrows connect the centroids of the twelve open plots with the centroids of the 

corresponding exclosure plots. We used numbers to identify blocks. For block 9, the centroids of open and 

exclosure plots did not differ much related to the GNMDS axes, and therefore this arrow is short and not 

clearly visible in the figure. Blocks 11 and 12 are located in the red deer farm. Open and filled circles repre-

sent open and exclosure plots, respectively
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(Gish et al. 2017), these changes in beetle abundance are most likely an indirect effect of 

ground disturbance by red deer. The predatory beetle Nebria brevicollis is common in for-

ests, but is also found in disturbed areas (Elek et al. 2017). This may explain why N. brevi-
collis showed the strongest positive response to red deer herbivory observed in our study 

(see also Stewart (2001). Patrobus atrorufus, another predator, was also more abundant in 

red deer plots. Melis et al. (2007) report P. atrorufus only from areas with no or low moose 

browsing but, in contrast to our results where the species was abundant, they only recorded 

four specimens in their study. Trechus secalis has previously been characterized as a gen-

eralist predator, not responding to forest age or vegetation cover (Koivula et al. 2002), but 

we found it positively associated with red deer herbivory. Conversely, Melis et al. (2007) 

found most T. secalis individuals in moist areas experiencing low-intensity browsing. Nie-

melä et al. (2007) classify both P. atrorufus and T. secalis as well adapted to both open and 

closed forests. Therefore, one possible explanation for the positive response of these gener-

alist predators to red deer herbivory may be reduced competition from other predatory spe-

cies that is not adapted to the disturbance from red deer. Finally, the coprophagus species 

Geotrupes stercorosus lays eggs in tunnels dug under the feces of large herbivores, which 

may explain its positive response to the presence of red deer.

The two loser species in our study were Phosphuga atrata, a flightless predator special-

izing on gastropods (Ikeda et al. 2007), and Megasternum concinnum, which lives among 

and feeds on dead plants. Red deer herbivory opens-up the vegetation and removes biomass 

from the forest floor (Hegland and Rydgren 2016). Although we did not find a significant 

negative correlation between current herbivory intensity and soil moisture, herbivory likely 

reduces aboveground humidity by opening-up the vegetation, making the environment less 

suitable for gastropods. Thus, the loser species are possibly indirectly affected by red deer 

herbivory via their feeding habits. Although none of the winners or losers are rare or red 

listed (Henriksen and Hilmo 2015), our results show that red deer herbivory significantly 

affected the abundance of some major ground-dwelling beetle species. This effect is likely 

to cascade through their trophic relationships.

Both Melis et al. (2006) and Gonzalez-Megias et al. (2004) found higher total ground 

beetle abundance in grazed than ungrazed areas and explained this as being due to differ-

ences in shrub cover. Although dwarf-shrub cover in our study area was also negatively 

affected by red deer herbivory (Hegland and Rydgren 2016), we found no effect of her-

bivory on beetle abundances. Therefore, dwarf-shrub cover does not seem to be a suitable 

indicator of total beetle abundance.

Red deer influence on diversity measures (Q2)

We found no effects of red deer herbivory on beetle species richness or evenness. This 

accords with the results of the study of red deer–carabid relationships by Melis et  al. 

(2006). In contrast, moose and reindeer herbivory appears to affect beetle alpha diversity 

(Suominen et  al. 2003; Melis et  al. 2007), possibly a response to these ungulates’ more 

selective diet compared with red deer (Hofmann 1989; Adler et  al. 2001). However, 

although often expected to be positive, there is currently no consensus about existence of 

a general, causal relationship between vegetation diversity and beetle diversity (van Klink 

et al. 2015). In some studies, no significant effect of grazing on plant species richness has 

been found even though grazing negatively impacts arthropod species richness by reducing 

the availability of food for herbivorous or detritivorous arthropods (van Klink et al. 2015). 
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Gonzalez-Megias et  al. (2004) observed variable responses in beetle-species abundance, 

biomass and diversity in relation to herbivory, depending on the measure being compared, 

habitat and time. In our study, although plant species richness was lower in exclosures 

than in open plots, and showed a unimodal relationship to a gradient of herbivory intensity 

(Hegland et  al. 2013), this did not translate into effects on beetle-species richness. The 

number of beetle species and total abundances thus seem stable at low and high deer popu-

lation densities.

Although the number of beetle species is not affected by red deer herbivory, beetle spe-

cies composition was less similar among the open plots (i.e. beta diversity was higher). We 

have previously shown an opposite effect of red deer herbivory on the plant community, 

with the number of plant species increasing while beta diversity decreased (Lilleeng et al. 

2016). In contrast, moose herbivory has been found to reduce beta diversity in both vegeta-

tion and ground-dwelling beetles (Melis et al. 2007), although this could be due to site- or 

region-specific differences in the importance of vegetation structure complexity to beetles 

rather than to differences in the effects of different herbivores.

Composition of beetle assemblages related to herbivory and environment (Q3)

As expected, environmental variables are more important than herbivory in determining 

beetle-community composition, with soil chemical factors and relative abundance of dif-

ferent plant growth forms as the most important variables. Suominen et  al. (2003) like-

wise found that the main source of variation in beetle-species assemblages is among-site 

environmental differences. Furthermore, physical barriers between the blocks that limit the 

distribution of species will also contribute to variation between blocks. Despite this, we 

found a significant independent effect of red deer herbivory on forest beetle assemblages 

that alone contributed 28% of the explained variation in the dataset.

Soil moisture did not have as pronounced effect on the local distribution of beetles as 

suggested by Toivanen et al. (2014). Soil moisture was a significant variable in our vari-

ance-partitioning analyses, but was not significant in explaining variation along the two 

GNMDS axes. The likely explanation for this is that our blocks are pine-dominated with 

a short soil-moisture gradient, restricted to the relatively dry side of the soil-moisture 

gradient investigated by Toivanen et  al. (2014). Soil pH and nitrogen content were both 

important in explaining beetle composition, perhaps because of the beetles own preference 

for pH (Paje and Mossakowski 1984), or due to their prey species’ sensitivity to pH and 

nitrogen. Defecation by large herbivore can enrich both nitrogen and pH levels in the soil 

(Moe and Wegge 2008; Abbas et al. 2012). We found stronger correlation between both 

pH and nitrogen and ‘historical herbivory intensity’, than with ‘current herbivory inten-

sity’ (Online Resource 2), suggesting that the most important source of variation in pH 

and nitrogen among plots is natural between-block-variation. If soil nitrogen was causally 

related to red deer abundance, then total nitrogen should be more strongly correlated with 

current herbivory intensity, than with historical herbivory intensity.

In our study area, dwarf shrubs are functionally important for ground-dwelling beetles. 

The cover and assemblage of mature trees is probably the most important factor for bee-

tle species assemblages within the boreal forest (Niemelä et al. 2007). However, red deer 

herbivory does not affect the short term density of mature trees in the studied pine for-

ests (Lilleeng et al. 2016). Our results show that beetle assemblages strongly relates to the 

abundance of dwarf shrubs (Online resource 4). On the forest floor, dwarf shrubs like Cal-
luna vulgaris and Vaccinium myrtillus play an important ecological role. Shrubs provide 

shade and influence soil moisture conditions and vertical vegetation structure and cover 
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(Stewart 2001), thus affecting both herbivorous insects and their predators. Increases in red 

deer density may thus eventually impact the functioning of forest ecosystems also when 

they do not affect the mature trees, if the deer dramatically reduce dwarf-shrub popula-

tions (Hegland and Rydgren 2016). Keystone herbivores may alter the structure and com-

position of ecological communities, and unprecedented herbivore densities can result in 

trophic cascades (Polis 1999; Terborgh et al. 2001; Rooney and Waller 2003; Côté et al. 

2004; Lilleeng et al. 2016). We have shown that red deer induce changes in beetle species 

groups with which they do not directly interact, suggesting that the arthropod food web is 

being altered by red deer herbivory, underlining the potential of large herbivores to func-

tion as ecosystem engineers (Jones et al. 1994). Only a fraction of the red deer’s potential 

to moderate boreal forest ecology has been explored here. In areas with threatened or near-

threatened beetle species, red deer should be considered as a potential powerful moderator 

of species’ assemblages, favoring beetle species associated with high grass- and bryophyte-

cover, and suppressing beetles depending on herb- and dwarf shrub-cover.
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Composition of beetle assemblages (Q3)

Ordination analyses 
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block
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Variation partitioning 





Leistus terminatus 
Nebria brevicollis 
Notiophilus biguttatus 
Carabus coriaceus 
Carabus granulatus 
Carabus hortensis 
Carabus nemoralis 
Carabus problematicus 
Carabus violaceus 
Cychrus caraboides 
Loricera pilicornis 
Patrobus atrorufus 
Trechus obtusus 
Trechus secalis 
Pterostichus diligens 
Pterostichus melanarius 
Pterostichus niger 
Pterostichus oblongopunctatus 
Pterostichus rhaeticus/nigrita 
Pterostichus strenuus 
Calathus micropterus 
Agonum fuliginosum 
Dicheirotrichus placidus 
Calodromius spilotus 
Dromius agilis 
Dromius angustus 
Anacaena globulus 
Cercyon lateralis 
Megasternum concinnum 
Myrmetes paykulli 
Acrotrichis cognata 
Acrotrichis intermedia 
Agathidium atrum 
Agathidium laevigatum 
Nargus wilkini 
Choleva fagniezi 
Sciodrepoides fumatus 
Sciodrepoides watsoni 
Catops coracinus 
Catops nigricans 
Catops nigrita 
Catops tristis 
Stenichnus collaris 
Phosphuga atrata 
Nicrophorus vespilloides 
Omalium rivulare 
Omalium rugatum 
Anthobium atrocephalum 
Olophrum piceum 
Acidota crenata 



Lesteva longoelytrata 
Megarthrus nitidulus 
Proteinus atomarius 
Proteinus brachypterus 
Mycetoporus lepidus 
Ischnosoma splendidum 
Lordithon exoletus 
Lordithon thoracicus 
Bolitobius cingulatus 
Bolitobius inclinans 
Tachinus laticollis 
Tachinus marginellus 
Tachinus pallipes 
Tachinus proximus 
Tachinus signatus 
Aleochara moerens 
Oxypoda alternans 
Oxypoda annularis 
Oxypoda brevicornis 
Acrostiba borealis 
Ocalea picata 
Liogluta micans 
Liogluta microptera 
Geostiba circellaris 
Atheta castanoptera 
Atheta cinnamoptera 
Atheta crassicornis 
Atheta excellens 
Atheta fungi 
Atheta hypnorum 
Atheta incognita 
Atheta intermedia 
Atheta nigricornis 
Atheta picipennis 
Atheta procera 
Atheta sodalis 
Atheta subtilis 
Amischa analis 
Drusilla canaliculata 
Zyras humeralis 
Gyrophaena affinis 
Leptusa pulchella 
Leptusa ruficollis 
Autalia impressa 
Syntomium aeneum 
Oxytelus laqueatus 
Stenus impressus 
Lathrobium brunnipes 
Lathrobium fulvipenne 
Xantholinus tricolor 
Othius myrmecophilus 
Othius punctulatus 



Bisnius puella 
Philonthus decorus  
Philonthus marginatus 
Staphylinus erythropus 
Quedius fuliginosus 
Quedius fulvicollis 
Quedius mesomelinus 
Quedius molochinus 
Quedius nigriceps 
Quedius picipes 
Geotrupes stercorosus 
Aphodius depressus 
Potosia cuprea 
Cyphon coarctatus 
Athous subfuscus 
Selatosomus impressus 
Dalopius marginatus 
Dictyoptera aurora 
Podabrus alpinus 
Absidia schoenherri 
Malthodes fuscus 
Malthodes mysticus 
Epuraea marseuli 
Epuraea pygmaea 
Omosita depressa 
Rhizophagus dispar 
Rhizophagus ferrugineus 
Cryptophagus dorsalis 
Cryptophagus setulosus 
Atomaria bella 
Atomaria hislopi 
Cerylon fagi 
Sphaerosoma pilosum 
Aridius nodifer 
Cis lineatocribratus 
Sphaeriestes castaneus 
Otiorhynchus nodosus 
Otiorhynchus porcatus 
Otiorhynchus scaber 
Otiorhynchus singularis 
Polydrusus undatus 
Strophosoma melanogrammum 
Hylobius abietis 
Rhyncolus ater 
Hylurgops palliatus 
Hylastes brunneus 
Tomicus minor 
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Supplementary material 1 (SM1):



Table A1.

A) Treatment

0.001

B) Red deer browsing intensity



Table A2.

A) Treatment × time

×
×
×

B) Red deer browsing intensity



Table A3.

A) Treatment × time

×
×
×

B) Red deer browsing intensity



Table A4.

A) Treatment × time, family Negative binomial

B) Red deer browsing intensity
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