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Summary

Alum shale is an acid-producing type of rock that can be encountered in mining and
construction work in Northern Europe. Such shales can have high levels of naturally
occurring radioactive material (NORM) and stable trace elements (“heavy metals”). Acid
rock drainage (ARD) with high levels of these elements can develop under the right

conditions.

At Gran, Hadeland, Norway, a new tunnel was constructed, and large amounts of alum
shale containing NORM were excavated. These masses were used to fill an excavated bog
under the planned road. In the present work, leaching experiments with alum shale from
Gran were performed to investigate the potential mobility of NORM and stable trace
elements under different storage conditions. Of special interest was the assessment of

mobility of NORM at the site, of which 238U and daughters like 226Ra are most important.

In order to obtain detailed results on the behaviour of 226Ra in the leaching experiments,
amethod for direct determination of 226Ra in water and digested geological material was
developed utilizing triple quadrupole inductively coupled plasma mass spectrometry
(ICP-QQQ). The method utilizes N20 as a reaction gas to ensure interference-free
measurements. The detection limit for water samples was 0.42 pg L1 226Ra (15 mBq L1),
which is compliant with the specifications for methods used for routine analysis of
drinking water quality according to European and U.S. regulations. The method was also
applied to water samples with high total dissolved solids (TDS) after dilution, and to
digested geological samples including alum shale. The developed method is substantially

time and resource saving compared to existing methods for measurement of 226Ra.

Alum shale debris was collected from the tunnel during the construction work, and used
for the leaching experiments. The alum shale was geochemically classified to be from
horizon 3a of the alum shale formation, and had high levels of 238U (and daughters) and
stable trace elements. The ratio of the neutralization potential (NP) to the acidification

potential (AP) was about 0.2, and the debris was clearly expected to be acid producing.

The effect of oxygen access on the leaching potential of the alum shale debris was
investigated with one-year batch experiments performed in atmospheric oxygen
conditions (AOC) and low oxygen conditions (LOC). High sulphate concentrations,

especially in the leachate from the AOC treatment, indicated sulphide oxidation, but the



buffer capacity of the rock was not depleted after one year, and pH in leachates of both
treatments was 7.7. Leaching of several elements was nevertheless high, and indicated
that especially Mo, Ni, Zn, Cd and U are of environmental concern. While the results varied
for different elements, the LOC storage conditions seemed to give an overall slower

release of contaminants to the environment.

An additional batch experiment was set up to investigate effects of variations of natural
wet - dry climatic conditions on the leaching from the debris. The effect of a) cyclic
exchange of the leachant in contact with the debris, and b) periods of drying and wetting
the rock debris were investigated over a 28 week period. In the WET treatment, the water
was exchanged every 5 weeks, and in the DRY treatment the debris was exposed to cycles
of 3 weeks in water followed by 2 weeks drying in air. Again, sulphate concentrations
indicated sulphide oxidation, and drying of the debris seemed to increase the oxidation.
However, the buffer capacity of the debris was not exceeded, and at the end of the
experiment, the pH was about 7.6 in the leachates of both treatments. The content of
calcite and carbonates in the debris (representing the NP) was, however, reduced to less
than half in both treatments at the end of the experiment. The experiment demonstrated
that exchange of water increased the leaching of elements that had limited solubility, such
as As, V, Ba and 2%26Ra. Periods of drying the alum shale in air increased leaching of Li, V,
Mo and 226Ra, and would thereby increase their mobility in the environment. Exchange of
water resulted in depletion of inherent buffer capacity of the alum shale, which will

increase the risk of ARD as well as likely reduce the time before onset of ARD.

Results from the AOC-LOC experiment were compared to concentrations in water
samples from the disposal site at Gran. The water samples from the disposal site, had
similar pH, Ca and S042- concentrations, but much lower concentrations of Mo, Mn, Co, Ni,

Zn, Cd and U, and much higher concentrations of NOs-, Cl;, Na, As and Sb.

Results from this work shows that when alum shale or other acid-producing rocks are
stored in water, it is crucial to avoid intrusion of air and exchange of water. Water
exchange will lead to oxygenated water coming in, which increases the sulphide oxidation
and thereby acid production. Furthermore, contaminated water could leak out, and
dissolved carbonates could be washed out, depleting the NP. Thus, proper storage of
excavated alum shale and other acid-producing rocks is of crucial importance to avoid

adverse environmental effects.



Sammendrag

Alunskifer er en syreproduserende bergart man ofte stgter pd i Nord-Europa i forbindelse
med gruvedrift og anleggsarbeid. Denne skiferen har ofte hgye nivder av naturlig
forekommende radioaktive materialer (Naturally Occurring Radioactive Materials,
NORM) og stabile sporstoffer («tungmetaller»). Sur avrenning (Acid Rock Drainage, ARD)

med hgye nivaer av disse grunnstoffene kan derfor utvikle seg under gitte betingelser.

Under utbyggingen av den nye tunnelen pa Gran (Hadeland, Norge) ble store mengder
alunskifer med hgye nivder av NORM gravd ut. Steinmassene ble brukt til & fylle en
utgravd myr som lad under den planlagte veitraséen. I det foreliggende arbeidet ble
utlekkingsforsgk med alunskifer fra Gran gjennomfgrt for & undersgke potensiell
mobilitet av NORM og stabile sporstoffer ved ulike lagringsforhold. Fokus ble spesielt
rettet mot d vurdere mobiliteten til NORM i deponiet, hvorav 238U og urandgtre som 226Ra

er viktigst.

For a kunne samle detaljert informasjon om oppfgrselen til 226Ra i utlekkingsforsgkene
ble det utviklet en metode for direkte bestemmelse av 226Ra i vann og oppsluttet geologisk
materiale, ved bruk av trippel kvadrupol induktivt koblet plasma massespektrometri
(ICP-QQQ). Metoden benytter N20 som reaksjonsgass for & unnga interferenser ved
maling. Deteksjonsgrensen for vannprgver var 0,42 pg L-1226Ra (15 mBq L), og metoden
oppfyller dermed kravene for rutineanalyser av drikkevann i henhold til regelverkene i
EU og USA. Analysemetoden ble ogsa brukt for vann med hgyt totalt opplgst faststoff etter
fortynning, samt for oppsluttet geologisk materiale, inkludert alunskifer. Sammenlignet
med eksisterende metoder for maling av 226Ra er den utviklede metoden saerdeles tids-

og ressursbesparende.

Alunskifer til utlekkingsforsgkene ble hentet fra tunnelen pa Gran i
konstruksjonsperioden. Etter geokjemisk klassifisering ble alunskiferprgven bestemt til
a veere fra lag 3a i alunskiferformasjonen. Prgven hadde hgye nivder av 238U (med dgtre)
samt stabile sporstoffer. Forholdet mellom ngytraliseringspotensiale (NP) og
syredanningspotensiale (AP) var ca. 0,2, og materialet var fglgelig antatt & vaere netto

syreproduserende.

Effekten av oksygentilgang pa utlekkingspotensialet til alunskifermaterialet ble

undersgkt med et ettdrig batchforsgk utfgrt ved atmosfaeriske oksygenbetingelser

Xi



(Atmospheric Oxygen Conditions, AOC) og ved lite oksygen tilgjengelig (Low Oxygen
Conditions, LOC). Hgye konsentrasjoner av sulfat, spesielt i vannfasen i AOC-
behandlingen, indikerte sulfidoksidasjon, men bufferkapasiteten til skiferen var ikke
overskredet etter et ar, og i begge behandlingene var pH i vannfasen ca. 7,7. En rekke
grunnstoffer ble allikevel frigjort i hgye konsentrasjoner, og spesielt Mo, Ni, Zn, Cd og U
skaper miljgmessig bekymring. Generelt sa det ut til at lagring ved LOC betingelser var
gunstig for a4 redusere spredning av potensielt skadelige stoffer til miljget, men

resultatene varierte noe for de ulike grunnstoffene.

Et annet batchforsgk ble satt opp for a undersgke effekter av vaeting og tgrking av
alunskiferen med tanke pa naturlige klimatiske variasjoner. Effekten av a) syklisk
utskifting av vannfasen i kontakt med alunskifermaterialet, og b) perioder med tgrking
og veeting av alunskifermaterialet ble undersgkt i en periode pa 28 uker. I WET-
behandlingen ble vannfasen skiftet ut hver femte uke, mens i DRY-behandlingen ble
alunskifermaterialet eksponert for sykluser bestdende av 3 uker i vann etterfulgt av 2
uker tgrking i luft. Ogsa i dette forsgket indikerte sulfatkonsentrasjonene at det foregikk
oksidasjon av sulfider, samt at tgrking av alunskifermaterialet sa ut til & gke denne
oksidasjonen. Bufferkapasiteten til alunskiferen ble allikevel ikke overskredet, og pa
slutten av forsgket var pH i vannfasen omtrent 7,6 for begge behandlingene. Dog var
innholdet av kalsitt og karbonater i materialet (dvs. NP) mer enn halvert i begge
behandlingene etter forsgket. Utskifting av vannfasen gkte utlekkingen av grunnstoffer
med lav lgselighet, for eksempel As, V, Ba og 226Ra. Perioder med tgrking av alunskiferen
i luft gkte utlekkingen av Li, V, Mo og 22¢Ra, og forventes a gke mobiliteten av disse i
miljget. Utskifting av vannfasen resulterte i utarming av alunskiferens iboende
bufferkapasitet, noe som vil gke risikoen for sur avrenning (ARD) og sannsynligvis

redusere tiden fgr det inntreffer.

Resultater fra AOC-LOC eksperimentet ble sammenlignet med konsentrasjoner i
vannprgver fra alunskiferdeponiet pad Gran. Vannprgvene fra deponiet hadde lignende
pH og konsentrasjoner av Ca og SO42-, men mye lavere konsentrasjoner av Mo, Mn, Co, Ni,

Zn, Cd og U, samt mye hgyere konsentrasjoner av NOs-, Cl-, Na, As og Sb.

Resultater fra dette arbeidet viser at dersom alunskifer eller andre syreproduserende
steinmasser lagres i vann er det av avgjgrende betydning a unngd luftinfiltrasjon og

utskifting av vannet. Utskifting av vannet vil fgre til at oksygenrikt vann kommer inn, noe
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som gker sulfidoksidasjonen og dermed syreproduksjonen. Videre fgrer utskifting av
vannet til at forurenset vann lekker ut samt at karbonater i lgsning fjernes, hvilket fgrer
til en utarming av ngytraliseringspotensialet. Fglgelig er riktig lagring av
alunskifermasser og andre syredannende bergarter avgjgrende for & unnga negative

effekter pa miljget.
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1 Introduction

Crushed rock masses produced in mining and construction work represent an important
source of naturally occurring radioactive materials (NORM) and stable elements that
potentially can be released to the environment. Processing and storage of rock masses
under conditions different from the natural deposit may expose the rock surfaces to
weathering, and can subsequently cause release of harmful elements to the environment.
Certain types of rock can produce acid when exposed to air and water, causing acid rock
drainage (ARD), which greatly enhances the leaching of several elements from the rocks,
and thereby increases the risk of adverse effects on downstream organisms. This is a
widespread problem in mining areas (acid mine drainage, AMD) and in other places
where acid-producing rocks are weathered (Appelo & Postma, 2010; vanLoon & Duffy,
2011).

Alum shale is an acid-producing type of rock commonly encountered in construction
work in the Oslo Region of Norway (Figure 1).In 2013-2015, a tunnel was constructed to
take national road no. 4 (Riksvei 4) around Gran centre, Hadeland, and about 66 500 m3
of alum shale were excavated in the process. The alum shale debris from the tunnel
construction was used to fill a bog situated at the southern entrance of the tunnel, partly

underlying the new road.

Alum shale is often enriched in several potentially problematic trace elements as well as
NORM, specifically the uranium-series (Falk et al., 2006; Owen et al., 1990; Pabst et al.,
2016). As uranium-238 (238U) decays, highly radiotoxic daughter nuclides like radium-
226 (%26Ra) are produced. During weathering of the rock, these stable and radioactive
elements can be released in potentially harmful amounts into the surroundings.
Terrestrial and aquatic biota downstream of weathering rock masses can therefore
experience a multiple stressor scenario with exposure to harmful levels of both stable and
radioactive elements possibly associated with acidic water. From alum shale, production
of acid is expected when the rock surface is exposed to air and water. As a result,
increased leaching of a number of elements is likely when debris is stored with free access
to air. Acid production is not expected in alum shale kept under anoxic conditions.
However, there can still be leaching of several elements that are soluble by circumneutral

pH, giving neutral rock drainage (NRD), but the release rate is expected to be slower



compared to by low pH values. Thus, for the storage site at Gran, measures were taken to

reduce water exchange and hinder oxygen intrusion into the stored alum shale masses.

Figure 1: Map for radon risk, eastern Norway. Alum shale areas are marked in dark grey (extra high radon
risk, (NGU, 2016)). Modified from NGU (2019).

There is a lot of construction activity going on in alum shale, e.g., in the Oslo area and
further north on both sides of Lake Mjgsa to Lillehammer. Projects like the new

governmental quarters (NGI, 2019b) and train tunnel from Ski to Oslo (Follobanen) (NGI,



2019a) generate large amounts of excavated alum shale that need to be handled and
stored properly. The Norwegian Environmental Agency has published guidelines for
characterization, handling and storage of acid-producing rock (Endre & Sgrmo, 2015;
Sgrmo etal., 2015). The deposition of alum shale from construction work is also regulated
in Norwegian law. The Pollution Control Act (Forurensningsforskriften, § 2-3) (2004)
defines contaminated ground as soil or bedrock that produces acid or other substances
that can cause contamination in contact with water and/or air. Following amendments
performed in 2011, the regulation also applies to NORM. For material containing natural
2380 in secular equilibrium with all daughter nuclides, the limit for radioactive waste is
1Bq 238U g1 (= 80 mg U kg1) (Stralevernsforskriften, 2016). Norwegian alum shales
have been found to have about 20-400 mg U kg! (Pabst et al., 2016) and Alloway (2013)

reports concentrations up to 1,250 mg U kg for black shales worldwide.

In this work, leaching from alum shale under different storage conditions is investigated
in the context of the potential impact of release of trace elements and NORM from such
storage sites on the local environment. Emphasis is given to radionuclides, because of the
more limited availability of information on their behaviour in comparison to trace
elements. This is particularly true for 226Ra, for which there is little knowledge in the

literature on leaching from black shales over time under relevant storage conditions.

The tunnel construction at Gran has been used as a case study, and information from
related fieldwork and experiments investigating bioavailability of radionuclides and

stable elements in the alum shale and their effects on biota are included in the discussion.

1.1 Research aims and hypotheses
The overarching aim of this thesis was to assess the potential release and mobility of key
radionuclides and stable elements in alum shale under different storage conditions.

Particular focus was directed toward NORM as the available information is limited.
The aims for this work can be summarized as:

1. Develop a method for quick and efficient quantitative determination of 226Ra to
better assess environmental consequences
2. Investigate the leaching of NORM and stable elements from alum shale when

stored in water under atmospheric and low oxygen conditions



Investigate the effect of exchange of water and periods of drying on the leaching
of NORM and stable elements from alum shale
Investigate how the buffer capacity of stored debris is affected by different

processes under varying storage conditions

Furthermore, some hypotheses were formulated:

1.

Even without a pH drop, there will be considerable leaching of elements that are
soluble at a circumneutral pH, resulting in potentially harmful water
concentrations

Drying of the debris between periods of submersion will lead to greater pyrite
oxidation and increased leaching of a range of elements

Exchange of water will lead to faster depletion of the buffer capacity of the debris
Ra will follow Ba and be limited by BaSOa4 solubility, and thus have lower mobility
as pyrite oxidation increases

Exchange of water will increase the mobility of elements that are limited by

solubility constraints, like 226Ra and Ba

To enable detailed investigations of the mobility of 226Ra in alum shale, a method was

developed for direct measurement of 226Ra in water and digested samples in Paper I. In

Paper II, the leaching of stable and radioactive elements from alum shale debris in

atmospheric and low oxygen conditions was investigated. In Paper III, the effect of

exchanging water and drying of debris on the leaching of stable and radioactive elements

from alum shale was investigated.



2 Background
2.1 Alum shale

I

Figure 2: Unweathered alum shale from the tunnel construction at Gran.

Alum shale (Figure 2) is a sedimentary rock formed from sediments deposited under
reducing conditions. It is a black shale (black mudrock) formed in the Cambro-Ordovician
period, i.e., about 500 million years ago (Owen et al.,, 1990; Pipkin et al,, 2008). Black
shales are found throughout the world, with particularly large deposits in Northern
Europe as well as Russia, USA, Canada, Australia, China and Brazil (Alloway, 2013). In
general, alum shales are an acid producing type of rock, causing acid rock drainage (ARD)
(Pabst et al., 2016). In Norway, alum shale is mainly found in the Oslo Region (Endre &
Sgrmo, 2015). However, acid-producing rock can be encountered in large parts of the
country (Endre & Sgrmo, 2015). The Ordovician successions of the Oslo region have been
described by Owen et al. (1990). Here, the somewhat simplified lithological grouping of
Pabst et al. (2016) is used. The different horizons have variable compositions and thus
different potential for acid production and leaching of NORM and stable elements. The
alum shale formation comprises horizons 1 to 3a, where the lowermost horizon, i.e.,
horizon 1, mainly consists of (not-acid-producing) sandstone, while horizons 2 and 3a
have high content of organic matter and sulphides, and are the focus of this work. The
alum shale formation ranges in thickness from about 20 to almost 100 metres (Owen et

al, 1990).

The main use of alum shale has been for production of alum salt (hydrated aluminium

sulphate, most commonly with potassium, KAl(SO4)x12 H20), which historically has been
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used for multiple purposes including tanning of hide, fixing of colours in the textile
industry and in pharmaceuticals (Andersson et al.,, 1985). The kerogen of the alum shale
has been used for oil production in Sweden (Andersson et al.,, 1985), and 23 % of gas
production in the US in 2010 was extracted from shales with fracking (Erlstrom, 2014).

Alum shale has also been mined for metals, for example U and V (Andersson et al., 1985).

2.1.1 Mineralogy

Alum shale consists of silicate minerals, organic matter (kerogen), sulphides and
carbonates (Falk et al., 2006; Owen et al., 1990; Pabst et al., 2016). The sulphide minerals,
for example pyrite (FeSz2) and pyrrhotite (FeS), are formed due to the reducing conditions
during sedimentation and formation of the rock, and is the source of the acid-producing
capacity of the rock. The carbonate in alum shale is often calcite (CaCOs3), and can be
present in the form of nodules, giving a very uneven distribution of the carbonates in the
rock (Owen et al,, 1990; Pabst et al., 2016). Kerogen is incompletely decomposed organic
matter from sedimentation and is responsible for the characteristic black colour

(Tourtelot, 1979).

2.1.2 Pyrite oxidation and acid neutralization
Pyrite can be oxidized by various oxidizing agents, for example oxygen and ferric iron
(Fe3*), and the overall process can be described by four equations (Chandra & Gerson,

2010; Singer & Stumm, 1970):

FeS,(s) +§02 (aq) + H,0 = Fe?** +2S502 +2H* Equation 1
Fe?t + %02 (aq) + HY =2 Fe3t + %HZO Equation 2
Fe3*t +3H,0 = Fe(0OH;3)(s) + 3H* Equation 3
FeS,(s) + 14Fe3* + 8H,0 = 15 Fe?* + 2502~ + 16H™ Equation 4

Equation 1 describes the oxidation of pyrite by oxygen and water. The produced ferrous
iron (Fe?*) is not stable, and its oxidation to ferric iron is shown in equation 2. As long as
the pH is circumneutral, the solubility of ferric iron is very low, and it precipitates as iron
(oxy)hydroxides, illustrated with Fe(OH3) in equation 3. This represents another source
of acid, and the net production in equations 1-3 is 4 moles of protons per mole of pyrite.
As long as oxygen is available and pH is circumneutral, equations 1-3 are constantly

relevant. When the pH drops below ~4, solubility of ferric iron increases and the ferric
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iron starts oxidizing pyrite (equation 4) (Appelo & Postma, 2010). Equation 4 represents
a propagation of pyrite oxidation as pH decreases: ferric iron ions speeds up the
oxidation. Also note that when the pH decreases, equation 3 will shift to the left, and this
mechanism will no longer be a source of H*. Fe3* in solution is also important for
transport of acid: as acid rock drainage meets neutral stream water, precipitation of Fe
(oxy)hydroxides will cause a delayed release of acid. When the pH decreases, acid reacts
with the rock causing increased weathering rates and concomitant release of radioactive

and stable elements.

Biological activity can catalyse pyrite oxidation (Appelo & Postma, 2010; Parbhakar-Fox
& Lottermoser, 2015). However, assessing the effect of the biological activity was outside

the scope of this work due to practical limitations.

In extreme cases, pyrite oxidation can cause negative pH values (Appelo & Postma, 2010).
The presence of carbonates in the rock can buffer the produced acid, but the pH will drop
if all the carbonate is used or not readily available for neutralization. Calcite dissolution
and carbonate equilibrium can be described with the following equations (vanLoon &

Duffy, 2011):

CaC0; = Ca’*t + C0%~ Kgp =5%x107° Equation 5
CO%~ + H;0" = HCO3 + H,0 pK,, = 10.32 Equation 6
HCO3 + H;0% = C0,(aq) + 2H,0 pK,1 = 6.3 Equation 7
C0,(aq) = CO,(g) Ky =33x1077 Equation 8

Note that equation 7 is also including the step via carbonic acid (H2CO3), but this
concentration will be minor compared to dissolved COz, and the equations are thus

simplified (vanLoon & Duffy, 2011).

Silicate minerals, like muscovite and quartz, are more stable and will degrade very slowly
unless aggressive weathering conditions (i.e., lower pH) prevail (Appelo & Postma, 2010).
Silicate weathering will buffer the acid, but this process is extremely slow relative to
neutralization by for example calcite, and areas with mainly silicate rocks are susceptible

for acidification from pyrite oxidation, and also to acid rain (Appelo & Postma, 2010).



A very important property of excavated rock materials is the acidification potential (AP)
compared to the (acid) neutralization potential (NP), see Equation 9. The AP of a rock is
estimated by assuming that all S in the rock comes from sulphides behaving like pyrite,
and the NP is estimated from the content of carbonates, assuming these behave like

calcite (Lawrence & Wang, 1996; Pabst et al., 2016).

Neutralization potential

Acidification potential Equation 9

If this ratio is <1, the rock will usually be acid producing, while if it is above 3 it s classified
as neutralizing (Pabst et al,, 2016). Due to uncertainties in the assumptions for estimating
sulphide and calcite content, rocks having a ratio between 1 and 3 fall into the uncertainty
zone where one cannot be certain that the rock is not acid producing. However, even
without a pH drop to increase leaching, radionuclides and stable elements incorporated

in the pyrite materials can be released during oxidation, or contaminants can be released

from other minerals and from organic matter in the rock, giving neutral rock drainage

(NRD) (Alloway, 2013; Appelo & Postma, 2010; Bierens de Haan, 1991).

Figure 3: Weathered alum shale.



Comparing the fresh alum shale rock in Figure 2 with the weathered sample in Figure 3
illustrates the weathering of alum shale. In Figure 3, note the expansion of the layers
while the structure of the rock is broken down - the rock itself is in the process of

fragmenting. The yellow precipitate is iron sulphates.

2.1.3 Stable elements

The formation of black shales in shallow seawater with a reducing environment is partly
responsible for the enrichment of a number of trace elements (Alloway, 2013). As
mentioned, alum shale is enriched in a range of trace elements including Cd, Co, Cu, As,
Ni, Zn, V, Mo, Ba and U (Falk et al., 2006; Owen et al., 1990; Pabst et al., 2016). These can
leach into the nearby aquatic environment or become enriched in soils developed on the

alum shale.

As alum shale is weathered, a number of processes may result in release of potentially
harmful amounts of a variety of elements. Physical breakdown of rock at, e.g, a
construction site will increase surface area and create reactive surfaces with a high
potential for leaching (Bierens de Haan, 1991). By contact with water, soluble minerals
will start dissolving, and if oxygen is present, redox-sensitive components will start to
change. As pyrite is oxidized, elements present as impurities in the mineral itself,
particularly As, Co, Niand Sb, but also a range of other elements, will be released (Abraitis
etal, 2004; Bierens de Haan, 1991). Impurities in carbonates will also be released as the
carbonates dissolve to neutralize the produced acid. These mechanisms can cause release
of harmful levels of elements that are soluble by neutral pH, such as As, Cd, Co, Mo, Ni, Sb,
U and Zn, giving neutral rock drainage (NRD) (Alloway, 2013; Endre & Sgrmo, 2015; Jeng,
1992; Lavergren et al., 2009; Lydersen et al., 2002). Other elements have a limited
solubility at circumneutral pH, or are not released from the minerals before more
aggressive weathering conditions prevail, and are not expected to cause major problems

unless pH is reduced.

The ferric (oxy)hydroxides resulting from pyrite oxidation at circumneutral pH (equation
3 above) represent an important scavenging agent, and can limit the mobility of a number
of elements in the environment (Appelo & Postma, 2010; Braunschweig et al., 2013). As
and Sb are, for example, typically associated with iron (oxy)hydroxides (Appelo &
Postma, 2010; Okkenhaug, 2012). If the pH of the system drops, the scavenging effect

from the precipitation of the Fe (oxy)hydroxides ceases as equation 3 shifts to the left.
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Furthermore, already precipitated iron (oxy)hydroxides can dissolve to buffer the pH
change, releasing the scavenged contaminants once more (Parbhakar-Fox & Lottermoser,

2015).

Another mechanism that limits mobility of elements is precipitation of oversaturated
compounds. One such compound is the salt BaSOs, and its low solubility limits the
leaching of Ba in sulphate-rich acid rock drainage, as well as of the heavier alkaline earth

metal Ra which is co-precipitated, see section 2.1.4.2.

Many elements that remain fixed by sorption or in minerals at circumneutral pH are
mobilized as the water becomes more acidic (Appelo & Postma, 2010). Al becomes
soluble when pH drops below about 5, and a potentially major environmental problem
(Appelo & Postma, 2010; Endre, 2013; Rayner-Canham & Overton, 2006). Inorganic
monomeric Al can have a detrimental impact on aquatic life (Rosseland et al., 1992). From
the disposal sites of sulphide-bearing rock from road construction in southern Norway,
90 tons of S leaches into the downstream fjord Kaldvellfjorden each year, together with
18 tons of Al, and 4.5 tons of Mn (Hindar, 2013). In addition, co-leached elements such as

Ni, Zn, Co, Cu and Cd are released.

Another important factor can be the presence of organic matter in the disposal site, which
is important for speciation and mobility of e.g., Ni, Zn, Cd and U (Appelo & Postma, 2010;
Moulin et al., 2004). In the alum shale disposal site at Gran, an excavated bog, interactions
with organic matter can be important. Organic matter can either reduce mobility of the
elements by stabilizing them in the disposal site, or increase mobility of otherwise
insoluble elements through complexation and transport in dissolved organic matter. The
effect of organic matter on the mobility of elements in the disposal site at Gran was

considered to be outside the scope of this work.

2.1.4 Naturally occurring radioactive material (NORM)

NORM is present everywhere on earth, and can, in some places, reach harmful
concentrations, resulting from natural processes or human activities. Sources of NORM
include tailings from mining of both uranium and stable metals, coal mining and
combustion, mineral fertilizers, scales and produced water from oil and gas extraction,

water and wastewater treatment residuals, mineral sands and waste rock from
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construction work (Landa, 2007). NORM contributes the main part of the ionizing

radiation dose to the general human population (UNSCEAR, 2018).

In alum shale, the most important radionuclides are associated with the decay chain of
238(J (see Figure 4). The age of the rock ensures secular equilibrium between 238U and
daughter nuclides in bedrock, at least until the noble gas 222Rn, which can escape through
cracks in the bedrock (Sheppard et al, 2006). Once alum shale has been weathered,
secular equilibrium cannot be assumed anymore as the different elements in the decay
chain have different chemical properties, and thus environmental behaviours. However,
because of tedious measurement procedures for most 238U daughter nuclides, secular
equilibrium is often (erroneously) assumed in risk assessments. For example, for natural
238(J the limit for radioactive waste in Norway is 1 Bq L-1, assuming secular equilibrium
with all daughter nuclides (Stralevernsforskriften, 2016). However, several studies
illustrates the different behaviour of the radionuclides in nature, resulting in different
distribution between compartments. Navas Izquierdo et al. (2005) measured the depth
profile distribution of 238U, 226Ra and 219Pb in a natural soil where the content of the given
isotopes are assumed to originate from the parent bedrock. 238U was found to be depleted
in the upper layers of all soils, and enriched in deeper layers, while 226Ra showed a
homogeneous distribution down the soil depth profiles. 210Pb was found to decrease with
depth in three of five sites, suggesting a relation to physical properties like soil particle
movement and deposition, for example by radon emanation and deposition of daughters.
An example from Norway is the work by Thgrring et al. (in prep.), where 238U, 226Ra, 210Pb
and 219Po was measured in soil and plant samples from a NORM rich area. In most

samples, the relation between the radionuclides was far from secular equilibrium.

While the mechanisms and reactions mentioned for stable elements also affects
radionuclides, there are some special considerations for this latter group: As an unstable
atom - such as 238U - disintegrates, other elements (daughters/progeny) are formed with
differing chemical properties, with the result that the tendency of the atom to stay in
various compartments of the environment, changes. Thus, to predict the mobility,
transport, biological transfer and resulting effect on biota of radionuclides in a specific
site, the properties of all the daughters must be considered. A short overview of some of

the radionuclides important for this work is presented below.
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Figure 4: Decay chain of 238U. The major decay routes are marked with solid arrows, while the less probable
decay routes are marked with broken arrows. Information about 234Pa has been modified from Wikimedia
(2014) according to information from IAEA (2019). The figure is reused under the Creative Commons
Attribution 3.0 Unported license.

2.1.4.1 Uranium (U)

Of the naturally occurring uranium isotopes, 238U (99.27 %) is far more abundant than
2350 (0.72 %) and 234U (0.005 %). While being known for being radioactive, the chemical
toxicity of 238U (ty = 4.46 x 109 y) is higher than the radiotoxicity. This is reflected in lower
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drinking water guidelines when considering chemical properties (30 ug L-1) than when

considering radiochemical properties (10 Bq L-1 = 800 pg L-1) (WHO, 2017).

Common oxidation states are IV and V], e.g., as uranous (U*+) and uranyl (U¢*) ions, with
the latter being much more soluble and thus important for uranium mobility, and also the
prevailing state by oxidizing conditions in nature (Landa, 2007). However, in bedrock U
is often present as U, such as in uraninite (UO2) - a primary U ore mineral (Alloway,

2013).

As black shales are formed in shallow, reducing seawater, U can accumulate in the
sediments by reduction of the highly soluble uranyl ion to the poorly soluble uranous ion,
together with complexation by organic matter (Alloway, 2013). Swanson (1961)
summarizes three processes for enrichment of U in black shales: Sorption by organic
matter from river and sea water, direct precipitation of U (likely as uraninite) in reducing
conditions and precipitation by phosphate. The dominating process will depend on the
conditions during formation of the black mud (Swanson, 1961). Organic matter is partly
responsible in all these processes, as decomposition of organic matters causes the
reducing conditions and the phosphate is likely biogenic, and as a result, marine shales
with low organic matter generally contain less U than shales with > 2 % organic matter

(black shales) (Swanson, 1961).

Uranium sorption to soil has been found to be highest between pH 5 and 8.5 (Landa,
2007). Organic soils have been found to have the highest Ka values for U (Sheppard et al.,
2006; Vandenhove et al.,, 2009), humic ligands are found to be important for U speciation
(Moulin et al, 2004) and U has increased solubility in carbonate rich water (Seder-
Colomina etal., 2018; Stanley & Wilkin, 2019). Furthermore, amorphous iron (like freshly
formed iron oxyhydroxides from pyrite oxidation) can be important for sorption of U
(Braunschweig et al., 2013). All these factors can be important for the mobility of U in the

disposal site at Gran.

2.1.4.2 Radium (Ra)
The Ra isotope found in the 238U decay chain, and thus the most important in alum shale,
is 226Ra (ty, = 1600 y). As a heavy calcium analogue with high mobility in the environment

and accumulation in bone in vertebrates, 226Ra is one of the most radiotoxic naturally
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occurring radionuclides and is of relevance from both an environmental and a human

radiation protection perspective (IAEA, 2014).

As an alkaline earth metal, Ra is found in nature in the oxidation state +II. At the pH of
most natural waters, dissolved Ra will be present primarily as the uncomplexed Ra?+
cation (IAEA, 2014). While not directly sensitive to changing redox conditions, the
mobility of Ra can be influenced by dissolution or precipitation of sorbing phases (Landa,
2007). Ra forms soluble salts with chloride, bromide and nitrate. The alkaline earths are
often found in insoluble deposits, with silicates, phosphates, sulphates and carbonates
being important, and Ra is easily co-precipitated with barium due to the similar chemical
behaviour (Mitchell et al, 2013). As Ra sulphate has very low solubility
(Ksp=4.25 x 10-11 Kirby and Salutsky (1964)), and because Ra is co-precipitated with
BaSO4, Ra is not expected to leach extensively in acid rock drainage as many other
elements (Landa, 2007). Ra can sorb to clay minerals, chalky soil, colloidal silicic acid, Mn
and Fe (oxy)hydroxides and organic matter (IAEA, 2014; Landa, 2007; Lieser, 1995).
Groundwater low in sulphate, with high ionic strength and high contents of Ca2* and BaZ?+,

are conducive to the transport of Ra.

Furthermore, 226Ra is the precursor to radionuclides that are major contributors to the
dose to the general population, like the radon daughters 21°Pb and 21°Po (UNSCEAR,
2018). Thus, monitoring 226Ra is important for dose and risk assessments. In emergency
situations, there is also a pronounced need for rapid analyses of drinking water and other

sample matrices (Maxwell & Culligan, 2012).

The drinking water limit for 226Ra set by the U.S. Environmental Protection Agency
(USEPA) is 5 pg L1 (0.2 Bq L) (National Primary Drinking Water Regulations, 2009), and
in the EU, the Euratom Drinking Water Directive indicates a value of 14 pg L-1 (0.5 Bq L1)
(EU, 2013). In both cases, the required detection limit (DL) for the analysis of 226Ra in
drinking water is 1 pg L-1 (0.04 Bq L1) (EU, 2013; GPO, 2012).

Determination of 226Ra in environmental samples usually involves lengthy, work-
intensive procedures before measurement by liquid scintillation counting, alpha or
gamma spectrometry (Hou & Roos, 2008; IAEA, 2010; Kohler et al., 2002). The analysis
of one sample can take days to weeks. Accelerator Mass Spectrometry (AMS), Thermal

Ionization Mass Spectrometry (TIMS) and Inductively Coupled Plasma Mass
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Spectrometry (ICP-MS) have also been used for 226Ra determination, and offer faster
analysis time than the radioanalytical techniques. However, the developed methods still
require tedious concentration and separation procedures prior to analysis in order to
increase Ra concentration and/or remove interferences (Becker, 2005; Hou & Roos,
2008; TIAEA, 2010, 2014; Lagacé et al,, 2017; Maxwell & Culligan, 2012; Morvan et al,,
2001; Zhang et al,, 2015). Direct measurements of 226Ra have until recently been limited
to methods with insufficient detection limits, as discussed in Paper I (Weersted et al.,

2018).

For geological samples, such as soils and rocks, there is an additional challenge for Ra
determination by ICP-MS, which is to achieve complete recovery of the element from the
sample matrix. Sulphates of Sr, Ba and rare earth elements (REE) are very difficult to
dissolve, and Ra can be present as inclusions in such minerals (Abbasi et al., 2016; IAEA,
2010; Ulrich et al, 2012). For Ra determination, digestion with HNOs, HF, HCI or
combinations of these are commonly used (IAEA, 2014). However, this may not
necessarily result in a complete recovery of Ra from the sample (Melgard, 2017), and

consequently lead to underestimation of the Ra content.

2.1.4.3 Thorium (Th)

232Th (tv = 1.4 x 1010y) constitutes the “parent” of another, natural decay chain.
Although this radionuclide is not as abundant as 238U in alum shale, it can still be present
in smaller amounts. Th exists in nature as a tetravalent ion (Landa, 2007). Most Th
compounds have low solubility, and Th is easily sorbed to clay and humic material or
precipitated, giving a low mobility and low concentrations in water. Humic substances
are considered particularly important for adsorption of Th, while the presence of
inorganic anions such as carbonate, fluoride, phosphate, chloride and nitrate can increase
the solubility by formation of complexes (EPA, 1999). The binding to dissolved organic
matter can increase the mobility of Th (Moulin et al., 2004). Solubility is greatly enhanced
when pH falls below 2-3, and substantial leaching from U tailings can occur due to acid

rock drainage (Landa, 2007).

2.1.5 Other concerns
In addition to the environmental threat from the acidic, toxic leachate from alum shale
investigated in this work, there are several other challenges associated with this and

similar rock types. The acidic leachate aggressively attacks construction materials such
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as concrete and steel, and can shorten the service life of constructions (Endre & Sgrmo,
2015). Another challenge that is encountered is formation of sulphate minerals as
sulphides are oxidized. These take up to several times greater volume than the former
sulphide minerals, and swelling of the rock can occur, causing damage to building
foundations and other constructions (Endre, 2013; Endre & Sgrmo, 2015). This is
illustrated above in Figure 3, wherein both precipitates and expansion of the layers of the
alum shale are clearly seen. Undisturbed alum shale bedrock can also cause a human
health hazard, as 222Rn, one of the U daughters, is a radioactive noble gas and leaks into
households, increasing the risk for lung cancer in humans (UNSCEAR, 2018). Lastly, the
pyrite oxidation is an exothermic reaction, and large amounts of improperly stored alum
shale can self-ignite (Endre & Sgrmo, 2015). A notable example is provided by the case of
the railway line from Jaren (a few kilometres from Gran, our study site) to Randsfjorden:
At the end of the 19t century, alum shale was used as foundation for this 7 km railway
stretch, and exothermic reactions of the rock caused the railroad to be free of snow for

several years after construction (Lgken, 2007).

2.2 Speciation, bioavailability and multiple stressors

The source and release scenario can determine the physico-chemical form (speciation)
of elements, and thus mobility and bioavailability of the contaminants after a release
(Salbu et al., 2004). Species of low molecular mass are assumed to be more mobile and
potentially bioavailable than colloids and particles. Particles/solids can, on the other
hand, act as sources for contamination over time, depending on the properties and
weathering rates of the solid. Thus, information on source characterization and
behaviour in different media are needed to estimate the long-term environmental impact
of various types of contamination. ARD exemplifies the importance of the source and
resulting matrix of the contaminant, as the formation of acid and a subsequent dramatic
drop in pH will greatly enhance leaching of several stable and radioactive elements
(Appelo & Postma, 2010). Mechanical breakdown of alum shale will lead to formation of
everything from submicron-sized particles to large rock fragments. Finely crushed alum
shale can be transported by water unless the debris is properly contained, and especially

by high water discharge large amounts of particles can be washed away.

The mobility of various elements in the rock depends on their speciation, which changes

as the rock is exposed to water and oxygen. Once released, the speciation of elements in
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solution depends on a number of factors such as pH, ionic strength, alkalinity and the
presence of inorganic ligands and dissolved organic matter (Landa, 2007; Lydersen et al.,
2002; Moulin et al., 2004; Rosseland et al., 1992). Thus the acid from ARD is not only a
problem because it reacts with the rock and thereby increases leaching, but also because
the acid changes solubility and speciation of many elements. Potential effects on the
environment can thus be greater, as certain elements will be more soluble by lower pH,
and some elements are also more bioavailable by lower pH, and is taken up to a greater

extent - and causes a greater effect. The low pH itself can also be harmful for biota.

For stable elements, uptake in an organism is necessary to cause a biological effect, while
for radionuclides effects can also be caused by external radiation exposure. For a-
emitters like 238U and 226Ra, that emit only low energy y-radiation alongside a-particles,
internal dose is, however, by far the most important (Loveland et al., 2006; UNSCEAR,
2018). High alkalinity and content of base cations like Ca2+ and Mg2+ can reduce mobility
of trace elements in soil and compete for uptake in aquatic organisms, thus reducing

uptake of certain elements (Lydersen et al.,, 2002).

When assessing effects on organisms in the laboratory, single elements or compounds
are usually considered. These results are then used for assessing environmental risks and
determining environmental quality standards for each contaminant individually.
However, in nature, organisms will often experience a mixed toxicity scenario where the
sum of the stressors can be additive (1+1 = 2), synergistic (1+1 = 3) or antagonistic
(1+1 = 0.5), and the combined effect on biota can be difficult to predict (Eggen et al., 2004;
Salbu et al,, 2019). When exposed to alum shale leachate, organisms will likely experience

stress from multiple stable and radioactive elements.

Alum shale is nutrient rich, and soils developed on alum shales are often fertile, though
with elevated levels of unwanted stable and radioactive elements. Potentially harmful
levels of trace elements have been found in food products grown on soils developed on

black shales (Alloway, 2013).

2.3 Case study: Gran
When building the tunnel at Gran, Hadeland, Norway (Figure 5), black shales with
potential for ARD were expected in the excavated bedrock, both from the alum shale

formation (horizons 2-3a) and from the Galgeberg horizon (3bf) (Endre, 2013; Owen et
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al,, 1990). The Galgeberg horizon is a part of the Tgyen formation, which was formed later
in the Cambro-Ordovician period than the alum shale formation, and can thus be expected

higher up in the succession (Owen et al., 1990; Pabst et al., 2016).

Figure 5: Tunnel construction at Gran.

Proper storage of acid-producing rock can be difficult and expensive to achieve, and
consequences of improper storage can be detrimental for the local environment (Pipkin
et al,, 2008; Sgrmo et al., 2015). In 2013, the Norwegian Public Roads Administration
(NPRA - Statens Vegvesen) got permission to reuse black shale in the road foundation at
Gran (Fjermestad et al,, 2018). The local situation at Gran is unusual from the perspective
of several factors important for avoiding ARD by the chosen storage conditions
(Fjermestad et al, 2018). Of special importance were the geological formations
surrounding the excavated bog, making it a suitable disposal site, and that the rock
masses that were to be disposed were mainly unweathered, reducing the reactivity. Local
storage is preferable to avoid large transportation costs and oxidation of debris during
transit. Detailed investigations, risk analyses and preparations were made; see

Fjermestad et al. (2018).
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As a part of the 4-year research and development program NORWAT (Nordic Road
Water) at NPRA, a project was initiated to examine the effects on biota from the
construction work at Gran (Skipperud et al, 2016a). The project included fieldwork
before and during the construction work as well as various laboratory experiments, and

results from this project are included in the discussion.
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3 Materials and methods

3.1 Developing a method for the determination of ?2°Ra

Figure 6: ICP-QQQ (left) and high sample throughput of 226Ra (right).

An Agilent 8900 triple quadrupole inductively coupled plasma mass spectrometry (ICP-
QQQ, Figure 6) was used for developing a new detection method for 226Ra. The instrument
has an octopole collision-reaction cell positioned between two quadrupole mass filters
(Q1 and Q2) (Figure 7). Nitrous oxide (N20) was used as reaction gas. The first
quadrupole (Q1) of the instrument was set to introduce only mass 226 into the collision-
reaction cell, where an oxygen atom transfers from N20 to Ra*. The last quadrupole (Q2)
then selects mass 242 (226Ra'¢0+). In this way, spectral interferences are excluded and
the mass spectre is free of noise. This detection method for 226Ra was first developed for
samples that had been separated and concentrated with cation exchange (Melgard,
2017). In the present work, the method was adapted to direct measurements of a sample

without concentration or separation.

Mass filter Q2
Mass filter Q1 Collision-reaction cell (Detector)

Sample m/z 226 226Rq* 4+ N,0 — 226Rq160+ m/z 242

Figure 7: Overview of the measurements process of 226Ra in the ICP-QQQ.

The full method is described in Paper I.

3.1.1 Analysis of more complex matrices
In order to study the effect of high total dissolved solids (TDS) on the sensitivity of the

ICP-QQQ measurements of Ra, formation water from a Silesian underground coalmine
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was tested. The samples were analysed after 30 times dilution. This formation water was
used in an interlaboratory comparison conducted in 2015 by the Silesian Centre for
Environmental Radioactivity, Central Mining Institute (GIG, Poland) (Bonczyk & Michalik,
2016).

Soil and rock samples were analysed after digesting 0.2-0.3 g sample with 2 mL HNO3 + 4
mL H3PO4 in a Milestone UltraWAVE at 260 °C for 40 minutes. This acid combination was
chosen based on results from Melgard (2017). The digested sample was diluted to 50 mL,
left over night for sedimentation and further diluted 1+9 or 1+14 with 5 % (V/V) HNOs3
before analysis with the same method as water samples. The reason for the second
dilution is to reduce the total dissolved solids (TDS) introduced into the instrument. The
accuracy of the method was verified by the use of certified reference material (CRM)
IAEA-448 (Radium-226 in soil from oil field) and reference material IAEA-314 (226Ra,
Th and U in stream sediment), and found to be satisfying when the sample was measured
the day after digestion. However, for the CRM IAEA-448, the measured concentration of
226Ra in the digested sample was substantially lower when the sample was measured
again after 12 weeks (Table 1). This was likely caused by a (co)precipitation or sorption
to sedimented particle, as no decrease was seen when the sample was shaken to include
the precipitate in the aliquot taken out for dilution. To avoid this problem completely, 2
mL of HBF4 can be included in the acid mix used for digestion, see Table 1. Addition of 1
mL HBF4 was not sufficient.

Table 1: Measured 226Ra in digested CRM IAEA-448 with time after digestion, with or without including the

bottom precipitate. Certified activity concentration is 19.05 + 0.26. All samples were digested on the same
day and measured on the same day 12 weeks later. N=3.

Dilution 2 mL HNO3 + 4 mL H;POs 2 mL HNO; + 4 mL H3PO4
+ 2 mL HBF,
(kBg kg™') (kBg kg™')
On digestion day, w/precipitate 17.73 £ 0.02 17.7+0.6
12 w after digestion, w/o precipitate 0.8+0.2 17.3+0.5
12 w after digestion, w/precipitate 18.6+0.9 18+ 1

To summarize, the acid mix used in Paper I (2 mL HNO3 + 4 mL H3PO4) is adequate if the
sample is diluted to the final volume for measurement shortly after digestion, or shaken
before the final dilution to ensure inclusion of precipitates. The problem with
precipitations is eliminated if 2 mL HBF4 is used in the digestion; there were in fact no

visible precipitations in the samples digested with this acid mix. The use of HBF4 does
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however come with greater health risk than the HNO3+H3PO4 acid mix, and necessitates

extra precautions to ensure a safe working environment.

3.2 Site description

At Gran (Figure 8), large amounts of alum shale were excavated during tunnel
construction, and the debris was used to fill a bog situated at the southern entrance of the
tunnel (Figure 9), partly serving as foundation for the new road. Debris from tunnel blasts
containing > 10 % alum shale were stored in the disposal site (Fjermestad et al., 2018).
Overall, 66 500 m3 of alum shale (horizon 2-3a) and 10 500 m3 black shale from the
Galgeberg horizon (3bf3) were placed in the bog (Fjermestad et al., 2018). Most of the
black shale was taken directly from the tunnel to storage in the disposal site to minimize
oxidation and avoid further breaking down of rock during off/on loading for temporary
storage (Fjermestad et al., 2018). Increased fragmentation of the rock would result in
smaller particles with increasing surface area and thereby higher reactivity (Bierens de

Haan, 1991).

m— Dagens veg
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o s 10 il T

Figure 8: Left: Areas north of Oslo with alum shale (orange), the circle indicates the position of Gran (NRPA
& NGU, 2011). Right: Plan for the building of the new road and tunnel (Rv. 4) (www.vegvesen.no).
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Measures were taken to keep the debris submerged in water, and the disposal site was

covered with a surface coating to reduce access to air.

Figure 9: Disposal site at Gran.

3.3 Sampling and sample treatment

Alum shale samples from tunnel: Alum shale excavated in the tunnel construction at
Gran was used for leaching experiments (Papers Il and III). About 10 kg unweathered
alum shale debris was collected 19.05.2015 directly from a tunnel blast in the alum shale
formation (chainage 9354), executed the same day. Handheld XRF (Niton™ XL3t GOLDD+
from Thermo Scientific) was used to ensure that U-rich material was collected. Alum
shale from this batch was also used for uptake experiments with earthworms (Schopke,

2017).

Water samples from disposal site: For comparison with experimental results, water in
the disposal site was sampled in the period where disposal of masses in the site was
ongoing, and the site was still an open pond. Sampling was performed 19/05/2015, 1

year and 2 months after the tunnel construction started, and thus also the storage of
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masses. 1-2 months later the tunnel excavations were finished and the site was sealed.
Conductivity and pH were measured in situ, directly in the disposal site, with handheld
multi-meter in the Multi series from WTW. Unfiltered water samples were taken for
analysis of anions. The water in the disposal site was sampled untreated for total analysis,
and fractionated in situ: the water was filtrated (0.45 pm membrane filters, Millipore) for
analysis of the dissolved fraction and ultrafiltrated (Amicon hollow fibre, nominal cut off
10 kDa) for analysis of the low molecular mass (LMM) fraction. A combined size and
charge fractionation system was applied using hollow fibre interfaced with ion
chromatography (cation resin Chelex and anion resin AG) (Barnes, 1975; Driscoll, 1984;
Teien, 2005). The samples intended for ICP-MS analysis were acidified with 5 % (V/V)

ultrapure HNOs. All water samples were taken in triplicates, stored in the dark at 4 °C,

and analysed as described in sections 3.6 and 3.7.

Figure 10: Alum shale used for the experiments (before crushing, left), jaw crusher for crushing of alum
shale debris (middle) and sieving of alum shale through 2 mm (right).

Sample handling: The collected alum shale was stored until experiments were initiated;
six months for the AOC and LOC treatments, and 1.5 years for the DRY and WET
treatments. To get fresh rock surface, pieces larger than 1-2 cm were selected and
crushed with a jaw crusher (Figure 10), sieved through a 2 mm mesh, and stored under
nitrogen until experiment start-up (1-3 days). The debris was crushed in air, as this best

simulates what happens in construction work.

25



3.4 Alum shale characterization
The alum shale debris (crushed as described in section 3.3) was characterized before and

after the leaching experiments of Paper Il and Paper III

Total element concentrations were determined by ICP-MS (see section 3.7) after
digestion. 0.25 g of debris in triplicates was digested at 260 °C for 40 min in a Milestone
UltraCLAVE with the following acid mixtures: 5 mL HNOs (for Li, P, S, Ca and Fe), 5 mL
HNOs + 1 mL HF (Mn, Cu, Zn, As, Mo, Cd, Sn, Sb and U), and 2 mL HNOs + 4 mL H3PO4 (Be,
Na, Mg, Al, K, V, Cr, Co, Nj, Sr, Ba, La, Ce, Pr, Nd, Sm, Eu, Gd, Dy, Ho, Er, Tm, Yb, Lu, Pb, 226Ra
and Th). Rh was added as internal standard. Digested samples were diluted to 50 mL.
Certified reference materials were digested and measured in parallel to the alum shale:
NIST 2709a San Joaquin Soil and NSC ZC 73007 soil (all three digestions), NIST 2710a
Montana I soil (only HNOs3 digestion), and NSC DC 73325 soil (only HF digestion). When
determining 226Ra content, reference materials IAEA-314 (sediment) and IAEA-448 (soil)
were used. Results for all reference materials where within the uncertainties of certified

values.

The pH of the debris was measured at room temperature in a 1+2 V/V mix of debris and
water left overnight, with a handheld multi-meter in the Multi series from WTW. Organic
matter was estimated from loss on ignition (550 °C overnight). Total organic (TOC) and
inorganic (TIC) carbon in the debris were measured by coulometry. The TOC was only
measured in the starting material and used for geochemical characterization (see section
3.9). Particle size distribution was determined for a 10 g sample, where organic matter
had been removed by heating with H202, by wet sieving through 0.06 mm (removing the
sand fraction) and separating silt and clay (<0.002 mm) by sedimentation according to
Stokes’ law. Mineral composition was determined by powder X-ray diffraction (XRD) on
a D8 Discover (Bruker). The XRD diffractograms were analysed with TOPAS software for
peak identification using a reference spectra library, and quantified by the Rietveld

refinement technique.

Elemental maps of alum shale debris were obtained by micro X-ray fluorescence
spectroscopy (1-XRF) using a Bruker M4 Tornado (Bruker Nano GmBH) equipped with a
Rh target excitation source operated at 50 kV, 200 pA and 25 pm spot size, and a dual
XFlash® silicon drift detector. A small container was filled with alum shale debris and the

surface was pressed and flattened with an iron spatula. A 7.0 mm x 5.6 mm area was
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mapped under vacuum (20 mbar) using a 20 pm step size, dwell time of 10 ms pixel 1, and

4 measuring cycles.

3.5 Leaching experiments: experimental design

The leaching experiments were designed to investigate the effect of different storage
conditions on the leaching from alum shale, investigating varying access to oxygen, drying
of the debris and concentrations effects. Two different experiments were performed, with
a total of four different treatments (Figure 11). The specifics for each experiment are

described in the subchapters below.

Leaching of
alum shale

Paper II: Paper III:
Continuously Cyclicexchange
immersed of water

Atmospheric Low oxygen Changing water 3
oxygen conditions without drying Wet %FK;JY el
conditions (AOC) (LOC) (WET) (

Figure 11: The different treatments in the leaching experiments.

All treatments were performed with 1 part alum shale to 10 parts leachant (synthetic
rainwater). Synthetic rainwater was prepared with the same quality as rain falling in
Hurdal, a meteorological station in a 27 km radius from the alum shale sampling point
(Aas etal, 2015). The average ion concentrations and pH (4.93) of the rainwater in 2010-
2014 was used. One sample consisting of only artificial rainwater (no debris) was kept in
parallel to each treatment as a blank, and treated, sampled and analysed in the exact same

way to monitor contamination and other unintended effects in the experiment.

Jeng (1991) observed a significant effect of temperature on the leaching from alum shale.
The batch experiments were performed at 10 °C (Figure 12) as this is an environmentally
relevant temperature in Scandinavia. The samples were kept dark to exclude the effect of

photodegradation.
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Figure 12: Leaching samples kept at 10 degrees with different access to air (left), gas sampling from LOC
treatment (right).

All samples were shaken by hand 2-3 times per week to get all of the debris in contact
with the leachant. This was preferred over continuous shaking or rolling of samples, as
that could cause physical breakdown of particles giving an observed increase of element

concentrations in the colloidal fraction unrelated to leaching processes.

Leachate aliquots were taken out as a function of contact time (Table 2) for leachate
analyses as described in sections 3.6 and 3.7. The sampled volume was replaced with
synthetic rainwater.

Table 2: Duration and sampling points of leaching experiments. Blue: Submerged, low oxygen. Yellow:

Submerged, atmospheric oxygen, Red: drying of debris in air. Sampling points are approximately marked
by X.

Week | 1| 2| 3| 4| 5] 6] 7| 8] 9]10]|11|12[{13[{14[15[16{17|18|19]|20]|21]|22]|23|24|25(26(27(28| ... |52
LOC
AOC

YK X X X
WET | X X| 00 X X[ X X| o X X|o0x X X|00x X
DRY [ X XK X XK X XX X XK X X0 X
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3.5.1 Paper lI: Continuously immersed, AOC and LOC treatments
Batch experiments were chosen to mimic the storage conditions applied at Gran. For all
samples, 150 g crushed rock was used to 1.5 L synthetic rainwater, and the experiment

lasted for 1 year. Two treatments were used:

>

OC: Three samples were kept continuously immersed in synthetic rainwater and open

to the atmosphere (atmospheric oxygen conditions, AOC), contained in 2 L

Nalgene polypropylene bottles (Thermo Scientific).

c—
()

Three samples were kept continuously immersed in synthetic rainwater under
low oxygen conditions (LOC), contained in 2 L heavy-duty polypropylene vacuum
bottles (Nalgene, Thermo Scientific) inside bags of oxygen-excluding material
(FireDebris Tubular Rollstock from Ampac). The samples were handled and stored
under a N2 atmosphere, and had septa installed in the lid for sampling of the gas
phase (Figure 12). The synthetic rainwater used for this treatment was flushed
with nitrogen for about 1.5 hours before use, and the oxygen content was
measured to 0.01 mg L-1. The setup did not completely exclude oxygen, and thus
measurements of oxygen in both water and gas phase are presented in section

4.2.2.

Water aliquots were sampled at 1 hour, 24 hours and at 1, 4, 12, 28 and 52 weeks after

first mixing of water and rock (Table 2).

The AOC and LOC treatments (Paper II) were chosen to investigate two possible scenarios
of relevance to the storage site at Gran, depending on how successful the design of the
storage site is in excluding oxygen. The two treatments could also mimic situations that
might occur at different time points after establishing the site, or at the same time with

increasing oxygen access in the upper part of the site and gradual depletion downwards.

3.5.2 Paper llI: Cyclic exchange of water, WET and DRY treatments
The effect of exchange of water on the leaching from the alum shale was investigated in
another batch experiment. Crushed alum shale (180 g) was mixed with synthetic

rainwater (1.8 L) in 2 L Nalgene polypropylene bottles. Two treatments were used:

DRY: Four samples were exposed to wet and dry cycles where the debris was kept

alternately in water (3 weeks) and air (2 weeks). The wet cycle was repeated 6
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times with dry periods between. In the dry periods, the debris was dry after a bit

more than a week.

ET: The water of four samples was changed every 5 weeks without drying the debris.
The cycles were going in parallel to the DRY samples, and there were thus 5 cycles

of 6 weeks and a last cycle of 3 weeks.

At the end of each wet period, water was carefully lifted off the sedimented alum shale

debris using a peristaltic pump to minimize loss of particles.

The treatments with cyclic exchange of water (Paper III) were included to investigate
what happens in the case of poor or uncontrolled storage conditions. The DRY treatment
mimics what could occur in the upper part of the storage site, e.g.,, in an especially dry
summer giving fluctuating ground water level. The WET treatment mimics the conditions
that could occur in the storage site if water is frequently exchanged, but below

fluctuations of the groundwater level, like during snowmelt or heavy rain.

The WET and DRY treatments lasted for a total of 28 weeks. Aliquots for analysis of
leachate quality were taken out at 1 h, 24 h, 1 and 3 weeks after starting a cycle (mixing
debris with synthetic rainwater) for all samples, and additionally at 5 weeks for the WET

samples (see Table 2).

3.6 Leachate analysis

Leachate aliquots were collected with a syringe and split for different analyses. Oxygen
concentration (with a FDO® 925 Optical Dissolved Oxygen Sensor), conductivity,
oxidation-reduction potential (ORP) and pH were measured immediately after sampling
on untreated aliquots with handheld multi-meter in the Multi series from WTW. En was

calculated from ORP by adding 207 mV, according to instructions from producer.

Samples for ICP-MS analyses, alkalinity, dissolved organic carbon (DOC) and anion
chromatography were immediately filtered by 0.45 pm polyethersulfone membrane
syringe filters (VWR), and selected subsamples were also filtered by 10 kDa Amicon®
Ultra-15 centrifugal filter devices from Merck Millipore for analysis of low molecular
mass (LMM) components by ICP-MS. The samples were stored in the dark at 4 °C. Prior
to measurements, samples for ICP-MS were acidified with 5 % (V/V) ultrapure HNOs.
Alkalinity was measured by colorimetry according to ISO 9963-1:1994 with titration
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down to pH 4.5. Anions were quantified by ion chromatography using a Lachat IC5000
system equipped with a Dionex™ lonPac™ AS22-Fast IC column and a Dionex AMMS™ 300
ion suppressor, both from Thermo Scientific. DOC was determined with a TOC-VCPN

analyser from Shimadzu, but all samples were below the detection limit (DL) (1.8 mg L-1).

When sampling the leachate from the two leaching experiments, samples were collected
of the dissolved fraction (<0.45 um) and for certain time points also of the low molecular
mass fraction (<10 kDa, LMM). This allowed for the identification of the colloidal fraction
(= dissolved fraction - LMM fraction) in addition to the two measured fractions.
Unfiltered water, giving the total concentrations, was not sampled. This would include
the particulate fraction, which would mainly depend on the size of the crushed alum shale

added to the experiment and the time since the sample was last agitated.

3.7 ICP-MS analysis

Water samples from fieldwork, synthetic rainwater, leachate and digested alum shale
were analysed for Li, Be, Na, Mg, Al, P, S, K, Ca, V, Cr, Mn, Fe, Co, Ni, Cu, Zn, As, Sr, Mo, Cd,
Sn, Sb, Ba, La, Ce, Pr, Nd, Sm, Eu, Gd, Dy, Ho, Er, Tm, Yb, Lu, Pb, 232Th and 238U with Agilent
8800 or 8900 Triple Quadrupole ICP-MS. Ge, In, Ir and Bi were added online as internal
standards. The instrument was switched between He, Oz and no gas in the
collision/reaction chamber to remove interferences. On each analysis day, an in-house

standard covering all analysed elements except Sn was measured for quality control.
226Ra was measured in samples as described in section 3.1 and Paper 1.

3.8 Gas-phase measurements

Samples of the gas phase of the LOC treatment (Paper II) were analysed with an Agilent
7890A Network Gas Chromatograph to determine the levels of Oz, N2, CH4 and CO2. The
results are, however, only semi-quantitatively described as the gas phase was exchanged

with N2 during each water sampling.

3.9 Statistics and data treatment

Figures and tables show average + one standard deviation of replicate samples. T-tests
were used for identifying significant differences between treatments (Miller & Miller,

2005). Grubbs test was used for identifying outliers.
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In the sampling at 28 weeks, one of the LOC samples showed an unexpectedly high level
of oxygen in both the water and the gas phase, which was reflected in higher
concentrations of several elements making the sample more similar to the AOC samples.
Thus, for the two last sampling points, data from this sample were considered as outliers

and were omitted, and the presented LOC data represents only two samples.

In the AOC-LOC experiment, the leachate concentrations at 12 months and the
concentrations in the alum shale starting material were used to calculate the relative
mass fraction (%) of each element that leached during the experiment. In the cyclic
experiment, the mass in solution at the end of each wet period were summed for each
sample individually. This mass was used together with the concentration in the starting

material to calculate the leached fraction of an element.

Geochemical characterization of the alum shale sample was provided by the Norwegian
Geotechnical Institute (NGI). The characterization was made by comparing data from
whole-rock analysis (elemental composition, TIC and TOC) and calculated acidification
and neutralization potentials with an existing database of Cambro-Ordovician black
mudrocks from the Oslo region (Norway), as described by Pabst et al. (2016). The
acidification potential (AP) of the debris was estimated by assuming that all S in the rock
comes from sulphides behaving like pyrite, and the neutralization potential (NP) was
estimated from the TIC, assuming these carbonates behave like calcite (Lawrence &

Wang, 1996; Pabst et al,, 2016).

For comparison with measured alkalinity, the solubility of calcite was used to estimate
the alkalinity at the prevailing conditions in the experiments, as described by vanLoon
and Duffy (2011). For the LOC samples, measured CO2 concentrations were used for the
calculations, while for the AOC samples the atmospheric concentration of 390 ppm was

used (Hartmann et al., 2013).
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4 Results and discussion

The results and discussion are based on the attached papers. In Paper I, a new method
for direct determination of 226Ra in water and digested geological samples is described.
In Papers II and III, alum shale collected at Gran is characterized and mobility of

radionuclides and stable elements from the debris is investigated under different

conditions.

4.1 High throughput, direct determination of ?2Ra in water and digested

geological samples — Paper |
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Figure 13: Overview of the developed method for analysis of 226Ra in environmental samples (Paper I:
Weersted et al.,, 2018).

In order to handle efficiently the large number of 226Ra-determinations required for this
study, a method was developed for direct measurements of 226Ra in water samples with
triple quadrupole Inductively Coupled Plasma Mass Spectrometry (ICP-QQQ) as
described in materials and methods (section 3.1) and Paper I (Wersted et al., 2018); see
overview in Figure 13. The use of N20 as reaction gas introduced a highly chemoselective
step into the process to ensure that no separation before analysis was necessary. Analysis
of water samples was achieved within 2 minutes on a running instrument. To the authors’
knowledge, no other methods provide results for 226Ra as fast and simple as the proposed
method, for neither water nor geological samples. The preparation of geological samples
is subject to microwave digestion capacity, and with our instrumentation, preparation

and analysis of 15 samples can be completed in 3 hours.
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The detection limit (DL) for water samples was 0.42 pg L-1 (15 mBq L-1). Samples with
lower concentrations can be concentrated before analysis, e.g., according to Lagacé et al.
(2017) or Zhang et al. (2015). However, the DL achieved with direct measurements is
compliant with the specifications for methods used for routine analysis of drinking water
quality according to European and U.S. regulations (DL of 1 pgL-1). This means that
drinking water quality can be better monitored as more samples can be analysed and
results are available almost immediately. Water samples with high total dissolved solids
(TDS) were measured after dilution, with accordingly higher DL. Using methods for
concentration and separation developed for high-TDS samples before analysis could

substantially lower the DL, see e.g. Lagacé et al. (2017) or Zhang et al. (2015).

Soil and rock samples were measured with the same method as used for water samples,
after acid (HNOs + H3PO4) digestion and dilution, resulting in a limit of detection of
0.75 ng kg1 (27 Bq kg1) for the original sample material. For some samples, reduction in
dissolved 226Ra was observed after storage of a digested sample. This seemed to be
related to (co)precipitation or sorption to sedimented particles in the sample. If digested
samples are to be stored before analysis, this issue can be avoided by a) diluting the
sample to the final volume and acid concentration for measurement right after digestion
(storage was then not a problem), b) shaking the stored sample vigorously before the
final dilution, to ensure inclusion of sedimented particles, or c) including HBF4 in the acid
mix used for digestion. The estimated average of 226Ra in the continental crust is about
33 Bq kg1 (IAEA, 2014), although actual background levels vary by location. Soil 226Ra
concentrations in areas with normal background (i.e, not areas of high natural
background) vary from 3.7 to 126 Bq kg! (IAEA, 2014). Thus, the developed method is

sufficiently sensitive to detect elevated concentrations of 226Ra in rock and soil.

For samples with about 5 pg 226Ra L-1, the relative standard deviation (RSD) of repeated
measurements (precision) was about 10 %, but varied with the complexity of the sample
matrix, and the RSD decreased as sample concentration increased (see Tables 3 and 4 in
Paper I). The accuracy of the method was tested with digested soil reference materials

and found to be adequate, see Table 5 in Paper L.

A brief summary of the method for the different sample types is provided in Table 3. The
key advantages of this direct analysis method are short preparation time, low labour

intensity, low sample input (2 mL for water samples, 0.2 g for geological material), high
y p p p g g g g
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sample throughput (2 min sample to sample, > 150 samples measured in 8 h) and use of
standard ICP-QQQ hardware. Considering the opportunity for processing large numbers
of samples with minimal effort, in a wider context, the method may prove indispensable
for improving emergency preparedness, environmental monitoring and collection of

large datasets for the purpose of environmental modelling.

Table 3: Overview of the proposed methods for detecting 226Ra in water, water with high total dissolved
solids (TDS) and geological samples. Detection limit (DL) and quantification limit (QL) are calculated as 3
and 10 times the standard deviation of the blank concentrations, respectively (Paper I; Weersted et al.,
2018).

Water High-TDS water Geological material
Sample size needed 2 mL (8 mL) <1mL 02g
Sample preparation Acidification Acidification Acid digestion
Dilution (30x%) (1.5 h/15 samples)
Dilution
Analysis time 2 min 2 min 2 min
(sample to sample)
Sample throughput > 150 samples/8 h > 150 samples/8 h For digested samples:
> 400 samples/24 h > 400 samples/24 h > 150 samples/8 h
> 400 samples/24 h
Detection limit 0.42 pg L 17 pg L™ 0.75 ng kg™
15 mBq L™ 0.61 Bq L’ 27 Bq kg™
Quantification limit 1.4 pg L 56 pg L 2.5 ng kg™’
51 mBqg L 2.1BglL"’ 91 Bqg kg™

The described method was successfully applied to water and alum shale samples from
the leaching experiments (Paper II and III). The use of this method allowed for collection
of detailed information on the behaviour of 226Ra in the leaching experiments, which
would not be (practically) possible using traditional methods requiring large sample

volumes and work-intensive sample preparation.

4.2 Mobility of NORM and stable elements in alum shale — Paper Il & Il

4.2.1 Characterization of the alum shale

Values of pH, total inorganic carbon (TIC), loss on ignition, total organic carbon (TOC) and
particle size distribution for the alum shale used as starting material in the two
experiments and of the debris after the experiment are presented in Table 4. The TIC
concentrations of both the untreated and treated samples were similar to what has been
found in other alum shales in Norway, and in the lower range of other Cambro-Ordovician
black shales in Norway (Pabst et al., 2016). The particle size distribution is important as
size of particles are determining for the surface area and thus reactivity and weathering

rates. The particle size distribution was quite similar in the two experiments with the
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main part of the debris being sand sized, a smaller fraction silt sized and little debris in

the clay fraction.

The most marked changes can be seen for the cyclic experiment, where the pH of the
debris was reduced with almost a unit from before the experiment to after, and the TIC

was reduced to less than half of the original value in both treatments (p < 0.0009).

Table 4: pH, total inorganic carbon (TIC), loss on ignition (LOI), total organic carbon (TOC) and particle size
distribution in alum shale debris before and after leaching under atmospheric (AOC) or low (LOC) oxygen
conditions, or with cyclic exchange of water either with (DRY) or without (WET) periods of drying.

n pH TIC Lol TOC Sand Silt Clay
2-0.06 mm 60-2 ym <2 pm
% % % % % %
AOC-LOC exp.
Starting mat. 1 7.31 0.29 13 8.9 86.6 12.2 1.2
AOC 3 748+0.01 025%+0.06 13.1+0.3 - - - -
LOC 3 7.36+0.03 025+0.01 13.1+0.1 - - - -
Cyclic exp.
Starting mat. 12 7.53 0.22 £ 0.02 12.3 7.8 90.4 8.5 1.1
WET 4 6.62+0.07 0.09+0.01 12.6%0.2 - - - -
DRY 4 6.65+030 0.10+0.01 12.7+0.2 - - - -

aFor the TIC analysis of the starting material for the cyclic experiment, n=2.
- : samples have not been measured

The concentrations of selected elements determined with ICP-MS in the unleached alum
shale used for the two leaching experiment are presented in Table 5. In general, the
starting material for the two experiments had quite similar concentrations of most
elements. The greatest differences was seen for Ca which was 50 % higher in the debris
used for the AOC-LOC experiment compared to the cyclic experiment. Differences above
15 % were seen for Cr, Mn, Ni, Sr, Mo, Ba and 226Ra. Most of these differences are not

significant (p = 0.05), but simply reflects the heterogeneity of the material.
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Table 5: Total element concentrations of the alum shale used for the leaching experiments, n=3.

Alum shale Alum shale
AOC-LOC experiment? Cyclic experiment

Group 1 Li 31.3+0.3 32+0.6 mg kg

Alkali metals Na 3.23+0.03 3.3+0.2 g kg™

K 42 +1 39+3 g kg’

Group 2 Mg 9.0+0.3 9.2+04 g kg

Alkaline earth metals  Ca 135 8.8+23 g kg™
Sr 146 +7 18277 mg kg™’

Ba 0.8+0.1 0.66 + 0.04 g kg™

226Ra 35+2 306 ng kg’

1.28 £ 0.07 1.1+0.2 kBq kg

Groups 4-11 \Y 3.08 +0.08 29+0.2 g kg™’
Transition metals Cr 139 £ 29 118+ 8 mg kg™’
Mo 226 + 4 265+4 mg kg™’
Mn 272 £ 52 311112 mg kg

Fe 32+3 3314 g kg™
Co 234 +0.1 22+2 mg kg™’
Ni 438 + 34 366 + 27 mg kg
Cu 141+5 146 £ 1 mg kg™’
Group 12 Zn 514 + 36 564 + 112 mg kg’
Cd 11.2+0.8 12+2 mg kg’

Group 13 Al 79+1 77+4 g kg
Group 14 Pb 47 £1 4742 mg kg’
Group 15 As 88+4 811 mg kg’
Sb 19.1+0.8 20+ 0.4 mg kg

Group 16 S 31+3 32+4 g kg™’
Actinides 232Th 148+0.7 14.1+0.9 mg kg
0.060 + 0.002 0.0057 + 0.004 kBq kg
238y 107 £ 2 110+ 3 mg kg
1.34 £ 0.02 1.37 £ 0.03 kBg kg

a AOC = atmospheric oxygen conditions, LOC = low oxygen conditions.

Table 6 shows the minerals identified in the alum shale debris, together with the relative
fractions (%) that these minerals contribute to the measured content of elements in the
debris. Potential impurities in the different minerals are also listed, i.e.,, what has been
found as impurities in such minerals by others. However, which elements that will in fact
occur as impurities will vary with the geographic origin of a rock sample as this greatly
depends on the local conditions during formation of the material (Abraitis et al., 2004;
Botkin & Keller, 2005). Also, this list is not specific for alum shales, but applies to the

separate minerals as part of different types of rocks.
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Muscovite, quartz, pyrite and calcite were found in the alum shale debris using XRD, as
well as about 30 % amorphous material. Slight variations are seen for the debris used for
the two leaching experiments, and the biggest difference is seen for calcite. While this
difference is likely not significant, similar differences in TIC and Ca concentrations of the

samples support that is an actual difference in calcite content.

The measured amorphous material includes about 13 % organic matter. The organic
matter in alum shale can originate both from marine and terrestrial sources (Armands,
1972). Terrestrial organic matter will often be humic matter, which is one of the sources
of U in the alum shale (Swanson, 1961). Both Armands (1972) and Fjermestad (2013)
found U in all fractions tested by using various leaching techniques on alum shale.
Armands (1972) found that U was correlated to K-feldspar in the alum shale as well as
detrital minerals (zircon, titanite, phosphorite), with organic matter (probably fixed as
uranyl humates) and with organic sulphur and pyrite. However, Armands (1972) also
hypothesized that some of these relations were simply covariation and that U can occur
in alum shale as dispersedly distributed UO2 or amorphous pitchblende, and not as part
of one of the major phases detected by XRD. For alum shale from Gran, advanced
microanalytical characterization has shown that U, Th and more elements (Al, V, Pb, Mg,
Fe and Si) were associated with high density inclusions in the rock (Skipperud et al.,
2016a). This indicates that the radionuclides are present in a different phase than the
phases detected with XRD. The results also showed that Ca, Mg and Mn were associated
with each other, which might indicate that the three are associated with calcite. Mn

followed Ca especially closely.

For the AOC-LOC experiment, no changes in mineral concentrations were measured in
the leached debris after the experiment, while in the cyclic experiment the calcite
concentration was reduced to about a third after the experiment for both the WET and
the DRY treatment (see table 3 in Paper III). Pyrite concentrations did, however, not

change in either experiment, despite expected pyrite oxidation.
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Calcite was very heterogeneously distributed in the samples. This is reflected in high
standard deviations for Ca in ICP-MS measurements of debris and for calcite in XRD

results. It was also confirmed by XRF, see Figure 14. Calcite in alum shale can be present

as nodules (Pabst et al., 2016), and that seems to be the case here.

Figure 14: XRF results for alum shale debris from Gran. Left: Picture of the sample analysed. Right: signal
for Cain the same section. The colour intensity reflects the relative fluorescence signal for the given element

4.2.1.1 Geochemical characterization of the alum shale

The method of Pabst et al. (2016) for geochemical characterisation of Norwegian
Cambro-Ordovician black mudrocks is based on comparing whole rock analysis with a
database containing several hundred samples from the Cambro-Ordovician stratigraphy
collected in the Oslo area. Triangular plots as well as plots of acidification potential (AP)
vs. neutralization potential (NP) and Fe vs. S are used to see how the sample places itself

among the samples in the database.

The geochemical characterization placed the collected alum shale batch in horizon 3a of
the alum shale formation, see Figure 15 - Figure 19. Though, for some parameters, the
samples position themselves in horizon 2. Horizon 3a (and also horizon 2) is expected to
be acid producing, and to have high levels of NORM (U-series) and several stable trace
elements (Owen et al., 1990; Pabst et al., 2016). In the figures, the larger symbols
represent the measured replicates when characterizing the alum shale used in Paper II
(AS1-AS3) and paper III (AS4-AS6), while the other points represent samples from the
different horizons in the Cambro-Ordovician stratigraphy, from a database collected by

the Norwegian Geotechnical Institute (NGI).
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Figure 15: Selected triangular plots of samples from the Cambro-Ordovician stratigraphy in the Oslo area.
Black circles show the grouping of the different horizons. AS1-AS3 are replicate measurements of the debris
used for the AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic experiment. The
arrow marks the position of these samples. The other points represent samples from the different horizons
in the Cambro-Ordovician stratigraphy, from a database by the Norwegian Geotechnical Institute (NGI).
Stot = total sulphur content.
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Figure 16: Selected triangular plots of samples from the Cambro-Ordovician stratigraphy in the Oslo area.
Black circles show the grouping of the different horizons. AS1-AS3 are replicate measurements of the debris
used for the AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic experiment. The
arrow marks the position of these samples. The other points represent samples from the different horizons
in the Cambro-Ordovician stratigraphy, from a database by the Norwegian Geotechnical Institute (NGI).
Stot = total sulphur content.
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Figure 17: Selected triangular plots of samples from the Cambro-Ordovician stratigraphy in the Oslo area.
Black circles show the grouping of the different horizons. AS1-AS3 are replicate measurements of the debris
used for the AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic experiment. The
arrow marks the position of these samples. The other points represent samples from the different horizons
in the Cambro-Ordovician stratigraphy, from a database by the Norwegian Geotechnical Institute (NGI).
Stot = total sulphur content.
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For the TIC, only one replicate of the debris for each experiment was measured. Thus, the
three replicates in Figure 18 have different values for AP (estimated from S), but the same
for NP (estimated from TIC). For the AOC-LOC experiment (Paper II), the average
calculated AP of the debris was 96.5 kg CaCOs eq t-1, and the NP was 24.4 kg CaCOs eq t1,
giving a ratio of 0.25. For the cyclic experiment (Paper III), these values were
99.9 kg CaCO3 eq t1, 18.3 kg CaCO3 eq t'1, and 0.18, respectively. Thus, the debris used for

both experiments were clearly expected to be acid producing.
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Figure 18: Neutralization potential (NP) vs. acidification potential (AP) in Norwegian Cambro-Ordovician
black mudrocks. AS1-AS3 are replicate measurements of the debris used for the AOC-LOC leaching
experiment, and AS4-AS6 of the debris used for the cyclic experiment. The arrow marks the position of
these samples. The other points represent samples from the different horizons in the Cambro-Ordovician
stratigraphy, from a database by the Norwegian Geotechnical Institute (NGI).

A ratio of Fe and S close to 1:2 (Figure 19) indicates that the sulphur in the sample is
mainly present as pyrite (FeSz2) (Pabst et al, 2016), as was also indicated by the

mineralogy results.
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Figure 19: Ratio of Fe to S in Cambro-Ordovician black mudrocks. AS1-AS3 are replicate measurements of
the debris used for the AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic
experiment. The arrow marks the position of these samples. Other points represent samples from the
different horizons in the Cambro-Ordovician stratigraphy, from a database by the Norwegian Geotechnical
Institute (NGI). Stot = total sulphur content.

4.2.2 Leaching as a function of time: Physico-chemical variables

Several physical-chemical variables were monitored in the leachates during the
experiments in order to understand the leaching processes. Of special interest was of
course the pH, as there was expected to be acid production from pyrite oxidation. The
variation in leachate pH with time in the two leaching experiments is presented in Figure
20. The graph on the left represents the AOC-LOC experiment (Paper II), with leaching of
alum shale debris under atmospheric (AOC) and low (LOC) oxygen conditions. The inset
graph shows the variation in pH for the first week of the experiment as this is difficult to
read from the main graph. The graph on the right presents the pH results from the cyclic
leaching experiment (Paper III). Each vertical line represents the start of a new cycle, i.e.,
mixing of the debris with fresh synthetic rainwater. In the DRY treatment, the debris was
dried for two weeks before a new cycle started (see section 3.5), while for the WET

treatment, fresh synthetic rainwater was added right after removal of the old.

In all treatments of the two experiments, pH increased from 5.0 in the synthetic rainwater
to 7.9-9.0 within one hour, with the highest values measured in the LOC treatment. Then,

there was a sudden drop to about pH 7.0-7.4 at 24 h in all treatments except the LOC
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treatment, before the pH rose again. Similar behaviour was also seen in later cycles in the
cyclic experiment. All treatments had a pH of 7.6-7.8 in the end of the experiment- also
in all the cycles of the cyclic experiment. The pH values reflects the dissolution of

carbonates.

The sudden drop in pH at 24 h in the AOC, WET and DRY treatments could be attributed
to precipitation of Fe (oxy)hydroxides, with Fe(III) originating from pyrite oxidation. This
is supported by the lack of such a drop in the LOC treatment, where the pyrite oxidation

is expected to be more limited.
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Figure 20: Leachate pH as a function of time in the AOC-LOC experiment (left) and the cyclic leaching
experiment (right). The inset graph (left graph) is showing the first week of the experiment. The error bars
represent one standard deviation of replicate samples. Full (AOC, WET) and dashed (LOC, DRY) lines are
connecting average concentrations of samples. In the graph for the cyclic experiment, each vertical line
represents the start of a new cycle. For each sampling point in the AOC-LOC experiment, n=3, except for 28
and 52 weeks of the LOC treatment where n=2. For the cyclic experiment, n=4.

The sulphate concentrations increased with time (Figure 21), and the release rate for all
treatments was highest in the beginning of the experiments. This represent most likely
both dissolution of soluble sulphate compounds and pyrite oxidation. For the AOC-LOC
experiment (Figure 21, left), notice the marked difference between the two treatments,
with higher sulphate concentrations in the AOC treatment. This was expected from the
higher oxygen access leading to increased pyrite oxidation. In the cyclic experiment
(Figure 21, right), there was a marked difference between the treatments with greater
sulphate leaching in the DRY treatment. Again, this was expected from higher oxygen
access. The measured concentration of S in the leachate corresponded well with the

measured SO42-. When looking at the leached amount of S as % of the debris content, the
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leaching increased in the order LOC < AOC < WET < DRY, i.e., with increasing access to

oxygen.

The direct comparison of the two experiments is, however, potentially misleading. The
debris used for the two experiments were from the same batch, however, as seen in Table
5, there were small differences in composition of the two subsamples. Probably more
important, the debris for the cyclic experiment was stored for a longer time before the
experiment was initiated, and the surface of the debris has likely been oxidized to a
greater extent. An attempt was made to correct for this by choosing larger pieces and
crushing these to get fresh surfaces, but there was nevertheless a certain fraction of the
surface that had been exposed to air before the experiment started. The oxidation during
storage is reflected in the faster increase in sulphate concentration in the cyclic
experiment, with about 260 mg L1 after three weeks, while there was 190 mg L-1 after
four weeks in the AOC treatment. If the starting point was the same, the AOC, DRY and

WET treatments should have been similar in the first few weeks of the experiment.
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Figure 21: Dissolved (<0.45 pm) sulphate concentrations as a function of time in the AOC-LOC experiment
(left) and the cyclic leaching experiment (right). The error bars represent one standard deviation of
replicate samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average concentrations of
samples. In the graph for the cyclic experiment, each vertical line represents the start of a new cycle. For
each sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC treatment
where n=2. For the cyclic experiment, n=4.

Previous works with leaching experiments under varying experimental conditions have
shown that the rate of pyrite oxidation depends on the surface area of the samples, the
concentration of oxidizing agent, and only slightly on the initial pH of the leachant

(Bierens de Haan, 1991). The Pourbaix diagram in Figure 22 depicts the stable forms of
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Fe by different pH and redox conditions. The desired state for storage of acid-producing

rock is the area where pyrite is stable, i.e., the area marked with FeSz (s).

In the aqueous phase of the leaching experiments, En (calculated from measurements of
ORP) ranged from 246 to 497 mV, which together with the measured pH (6.5-9.2) places
all samples in the stability range of Fe(III) (Grundl et al., 2011). Thus, oxidation of pyrite
was expected. The green rectangle in Figure 22 marks the area within which the pH and

Enh measurements fall.

/5

SE

pH

Figure 22: Pourbaix diagram showing the predominant phases of Fe and S with varying Ex and pH values.
The conditions in the two leaching experiments fall within the green box. Pyrite is stable in the area marked
with FeSz (s). The diagram is made in Medusa with the Hydra database. Input conditions are typical for the
leaching experiment: 2 mM S04%, 0.1 uM Fe3*, 1 mM COs2, t = 10 °C. Dashed, green lines show the stability
range of water.

As mentioned above, the pyrite concentrations in the debris did not change in either
experiment, despite expected pyrite oxidation under the prevailing conditions. However,
if we look at the total amount of S that leached in the experiments, we see that maximum

5 % of the debris content leached, and some of this was likely from sulphates. Thus,
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probably <5 % of the pyrite oxidized in the duration of the experiment, and this was not

sufficient to cause a significant change in the debris concentrations detectable by XRD.

For the AOC-LOC experiment, determination of the Oz levels was important for
documenting the conditions, especially in the LOC treatment. Concentrations of Oz in
water are presented in Figure 23, and were substantially lower in the LOC treatment
compared to the AOC treatment. In the LOC samples, addition of the alum shale increased
dissolved oxygen levels from 0.01 to 0.20 * 0.07 mg L1 in the first 1 h, likely caused by
oxygen bound to the surface of the crushed alum shale. Thereafter the oxygen levels
fluctuated between 0.3 and 0.9 mg L-1. The highest levels were observed at the end of the
experiment (52 weeks). This was also seen for the Oz in the gas phase, which increased
from about 0.4 % in the first week to around 3.5 % by the end of the experiment, still
substantially lower than atmospheric levels (21 %). As the gas phase was completely
exchanged every time the water was sampled, the results do not represent development

with time and are not presented in any more detail.

For the AOC treatment, the initial Oz concentration in the leachant was 8.4 mg L-1 oxygen,
which increased to 9.00 + 0.02 mgL-! at 1 h due to release from the alum shale and

equilibration with air. After this, the Oz concentration varied between 9.5 and 10.1 mg L-1.

In the cyclic experiment, Oz concentration was measured at selected time points only, and

were similar to the measurements for the AOC treatment, both in the WET and the DRY

treatments.
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Figure 23: Dissolved oxygen as a function of time in the AOC-LOC experiments. The error bars represent
one standard deviation of replicate samples. Full (AOC) and dashed (LOC) lines are connecting average
concentrations of samples. For each sampling point, n=3, except for 28 and 52 weeks of the LOC treatment
where n=2.
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4.2.2.1 Carbonates and buffer capacity

If more pyrite is oxidized and more acid is produced, then more carbonates are expected
to dissolve and thereby buffer the pH. Concentration of Ca in solution in the AOC-LOC
experiment increased faster in the AOC than the LOC treatment (Figure 24, left) as was
also seen for sulphate. Concentrations of Ca increased a bit quicker in the cyclic
experiment (Figure 24, right) compared to the in the AOC-LOC experiment, as was also
seen for sulphate. Thus, the Ca measurements supports the assumptions made from the

sulphate concentrations.
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Figure 24: Dissolved (<0.45 um) leachate concentration of Ca as a function of time in the AOC-LOC
experiment (left) and the cyclic leaching experiment (right). The error bars represent one standard
deviation of replicate samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average
concentrations of samples. In the graph for the cyclic experiment, each vertical line represents the start of
a new cycle. For each sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the
LOC treatment where n=2. For the cyclic experiment, n=4.

At the pH values observed in the two leaching experiments (6.5-9.2), carbonates in the
water will mainly be present as bicarbonate (HCO3-), and this will be the major part of
what is measured as alkalinity. The alkalinity of the leachate likely reflects dissolution of
calcite (CaCOs3) in the debris. In the AOC-LOC experiment (Figure 25, left), the alkalinity
was similar for the two treatments at 1 hour and 4 weeks after initial mixing, then the
alkalinity in the LOC samples increased steadily to 1.9 mmol L-1 at 52 weeks, while the
AOC samples stabilized at about 1.1 mmol L-1. The solubility of calcite increases with
higher partial pressure of COz in air (Pcoz) (vanLoon & Duffy, 2011). In the LOC treatment,
Pcoz up to 5 times higher than the atmospheric COz concentration of 390 ppm (Hartmann

etal., 2013) was determined in the gas phase (Paper II). Calculations indicated that this
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was likely responsible for the higher alkalinity measurements in this treatment (Figure

25, left), and not only differences in pyrite oxidation.

In the cyclic experiment (Figure 25, right), alkalinity gradually decreased from cycle to
cycle in the WET treatment, while for the DRY treatment, the alkalinity in cycle 2 was less
than half of that in cycle 1, and leachates in following cycles all reached about the same
levels (~0.5 mmol L-1). Summing the alkalinity at the end of each cycle gives a total of 29
% less buffer capacity in the DRY leachates compared to the WET (p = 2e-8). While the
longer contact time in the WET treatment gave more time for dissolution of calcite, the
change in calcite and TIC content of the debris was the same for both treatments (see
section 4.2.1), thus, the difference in measured alkalinity was likely caused by greater

sulphide oxidation in the DRY treatment.
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Figure 25: Alkalinity as a function of time in the AOC-LOC experiment (left) and the cyclic leaching
experiment (right). The error bars represent one standard deviation of replicate samples. Full (AOC, WET)
and dashed (LOC, DRY) lines are connecting average concentrations of samples. In the graph for the cyclic
experiment, each vertical line represents the start of a new cycle. For each sampling point in the AOC-LOC
experiment, n=3, except for 28 and 52 weeks of the LOC treatment where n=2. For the cyclic experiment,
n=4.

As shown in section 4.2.1.1 and Figure 18, the estimated ratios for neutralization
potential (NP) to acidification potential (AP) were 0.25 and 0.18 for the AOC-LOC and
cyclic experiments, respectively. Thus, the debris used for the leaching experiments was

clearly expected to be acid producing.

As mentioned, rock masses with NP:AP < 1 are considered surely acid producing, NP:AP
> 3 are considered safe, and rock masses falling in between are in the uncertainty zone
(Pabst et al., 2016). However, depending on local regulations, a smaller uncertainty zone

can be used, and rock masses with NP:AP > 1.2 can be considered safe (Dold, 2017). At
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Gran, a 1:1 relationship was used for classifying rock as safe together with other criteria

(Fjermestad et al., 2018). This is further discussed in section 4.3.3.1.

When calculating the AP and NP, all carbonates are assumed to behave like calcite - which
fits well with the XRD results in this case — and each mole of calcite is expected to
neutralize two moles of protons (Lawrence & Wang, 1996; Pabst et al.,, 2016). However,
because the pKai for carbonic acid is 6.3 (see section 2.1.2), when all carbonates are spent
for neutralization, the pH will be below 6.3. This is often lower than the optimal pH in a
disposal site (Dold, 2017) and for leaching from masses considered safe and thus
disposed of freely. Thus, Dold (2017) argues that when calculating NP, only one mole of
protons should be assumed neutralized per mole of calcite. Using this assumption, the
estimated NP to AP ratios are 0.13 and 0.09 for starting materials of the AOC-LOC and
cyclic experiments, respectively. This rock debris is considered clearly acid-producing in
either case, but if dealing with rock masses close to being considered safe (and especially

if 1.2 is used as the “safe” ratio for NP:AP), this difference in calculations can be crucial.

When setting a limit for NP:AP ratios that are acceptable, local conditions are important,
and knowledge of the mineralogy is of utmost importance (Dold, 2017). While the molar
ratio of NP and AP is important, the reactivity of minerals largely depends on mineral
properties and fragmentation of the rock increasing the surface area (Dold, 2017;
Parbhakar-Fox & Lottermoser, 2015). The size of mineral grain size depends on the
conditions during formation of the mineral/rock. If the pyrite minerals are large, the
reactivity is lower and acid production will be slower. One of the problems with alum
shale is that fragmentation easily occurs when it is handled (Endre & Sgrmo, 2015),
causing large surface areas. For storage of acid-producing rock masses, one solution is
addition of neutralizing material like shell sand or other carbonate rich material (Dold,
2017; Hindar, 2010). However, it is then of crucial importance that this material is
available for acid neutralization: elements released during sulphide oxidation and
breakdown of other materials in the rock masses can cause precipitations, and the

neutralizing material can be deactivated by precipitations on the surface (Hindar, 2010).

Furthermore, if there is any exchange of water in a disposal site (at a pH where carbonate
or bicarbonate is present), the dissolved bicarbonates can be transported out and the
buffer capacity is lost. This was demonstrated in the cyclic experiment (Paper III), where

water with considerable alkalinity was removed (Figure 25, right) in each cycle, and the
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calcite was depleted much faster than in the AOC-LOC experiments of Paper II. This means
that a substantial amount of the assumed buffer capacity of calcite can be lost without
contributing to neutralization of acid, supporting Dold’s (2017) arguments for using 1

mole of H* per mole of calcite for calculations of the AP to NP ratio.

Higher Pcoz is expected underground due to microbial activity (vanLoon & Duffy, 2011),
and CO2 will also be produced as a result of neutralization of acid by carbonates. Thus, in
a storage site like at Gran, higher Pcoz and thus increased solubility of calcite can be
expected, and if water is exchanged this will lead to an even greater loss of buffer capacity.
This could mean that rock masses that are assumed to be neutralizing can turn into acid-
producing as the carbonates are washed out, and should be taken into account when

estimating a “safe” NP:AP ratio.

4.2.3 Leaching as a function of time: NORM and trace elements

Leaching results for selected elements are presented and discussed here, for more
information see Paper Il and III. As mentioned, the leaching results from the two different
experiments are not directly comparable as the alum shale material used for the two
experiments was not identical, and the debris used for the cyclic leaching experiment was

likely more oxidized before starting the experiment due to longer storage time.

The concentrations of elements in the dissolved (<0.45 um) and low molecular mass
(LMM, < 10 kDa) fractions were determined by ICP-MS. In the AOC-LOC experiment, all
elements where present as > 90 % LMM. The same was true in the cyclic experiment,
except for U, as is described in more detail together with the leaching results below. In
the cyclic experiment, the LMM fraction of 226Ra was only measured at a few time points
(end of cycles 3-6 for WET and 4-6 for DRY), but the results indicated that 226Ra as

expected was mainly present as LMM species.

In both experiments, the leaching of most elements was fastest in the beginning. This can
be an artefact of the crushing of the rock, causing fresh, reactive surfaces and does not

necessarily result from chemical weathering processes.

4.2.3.1 Alkali metals (Group 1)
The relative fraction (%) leached of the different alkali metals are presented in Table 7,
and the leaching curves for K are presented in Figure 26. In the AOC-LOC experiment,

there seemed to be a slight difference between the two treatments up to 28 weeks, but at
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52 weeks this difference disappeared. Looking at the leaching curves for the cyclic
experiment, it seems that K was released faster after the drying periods, i.e., that K
originated from a phase affected by oxidation. All K in the debris could be accounted for
by muscovite (see Table 6), which is not expected to weather before pH drops
considerably (Appelo & Postma, 2010). However, as only ~0.3 % of K was released in the
experiment, it could also originate from another phase that was too scarce for detection

by XRD.

Table 7: Leached alkali metals at the end of the AOC-LOC leaching experiment (52 weeks) and the cyclic
leaching experiment (28 weeks). Values are in percent of total debris content. For the AOC treatment, n=3,
while it is 2 for the LOC treatment and 4 for the WET and DRY treatments.

AOC-LOC experiment (Paper Il) Cyclic experiment (Paper lll)

AOC LOC WET DRY

% leached % leached % leached % leached
Li 0.66 0.45 0.98 1.2
Na 1.1 1.0 2.3 2.4
K 0.13 0.13 0.32 0.35

Leaching curves for Li and Na were quite similar to K (though at different concentrations),
except that Li leached 50 % more in the AOC treatment compared to the LOC (see Figure

2 in Paper II) and that very little Na was released in cycles 2-6 (see Paper III).
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Figure 26 Dissolved (<0.45 um) K concentrations as a function of time in the AOC-LOC experiment (left)
and the cyclic leaching experiment (right). The error bars represent one standard deviation of replicate
samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average concentrations of samples.
In the graph for the cyclic experiment, each vertical line represents the start of a new cycle. For each
sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC treatment where
n=2. For the cyclic experiment, n=4.
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4.2.3.2 Alkaline earth metals (Group 2)

The lighter alkaline earth elements Mg, Ca and Sr were quite soluble in the leaching
experiment, and a considerable amount of especially Ca and Sr leached from the debris
(Table 8). Leaching figures for Ca were presented earlier in section 4.2.2.1.

Table 8: Leached alkaline earth metals at the end of the AOC-LOC leaching experiment (52 weeks) and the

cyclic leaching experiment (28 weeks). Values are in percent of debris content. n = 3 for the AOC treatment,
2 for the LOC treatment and 4 for the WET and DRY treatments.

AOC-LOC experiment (Paper Il) Cyclic experiment (Paper lll)

AOC LOC WET DRY
% leached % leached % leached % leached
Mg 0.94 0.85 2.0 2.1
Ca 9.5 8.8 26 25
Sr 16 15 22 21
Ba 0.02 0.03 0.38 0.36
226Ra 0.12 0.09 0.63 0.76

The solubility of the heavier alkaline earth elements Ba and 226Ra was generally low, and
the fractions leached were less than 1 % of the total debris content in any treatment
(Figure 27, Figure 28, Table 8). The most likely explanation for this is precipitation of
BaS04 and co-precipitation of 226Ra, and in the AOC-LOC experiment the Ksp of BaSO4
(1.07 x 10-19, 25 °C (CRC Handbook of Chemistry and Physics, 1993)) was slightly exceeded
in all sampling points (Figure 27, left). The cyclic leaching experiment was well designed
to further investigate the behaviour of Ba and 226Ra; to check how exchange of water
would affect the solubility, and specifically if drying of the rock would lead to higher

oxidation, higher sulphate concentrations and lower Ba and thus 226Ra solubility.

Solubility calculations indicated that Ksp of BaSO4 was exceeded only in certain parts of
the cyclic experiment, see Figure 27 (right). The sampling points where the Ksp was
exceeded coincided with drops in measured 226Ra concentrations (Figure 28, right). As
we see in Table 8, 12-19 times more Ba and 5-8 times more 226Ra leached in the cyclic
experiment compared to the AOC-LOC experiment. These differences are bigger than for
the other elements, and reflect that Ba and 226Ra concentrations are limited by solubility.
Thus, the solubility and mobility of both Ba and 22¢Ra increased markedly with exchange
of water, as expected. On the other hand, opposite of the expectations, the leaching of
226Ra was higher in the DRY compared to the WET treatment despite higher sulphate
concentrations in the DRY treatment. This reflects that BaSO4 solubility was only

exceeded for parts of the experiment, and the faster leaching rate in DRY seen in Figure
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28 furthermore suggests that 226Ra leached from a phase that is sensitive to the drying

part of the experiment, for example sensitive to oxidation.
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Figure 27: Dissolved (<0.45 um) Ba concentrations as a function of time in the cyclic leaching experiment.
Each vertical line represents the start of a new cycle. Full (AOC, WET) and dashed (LOC, DRY) lines are
connecting average concentrations of samples. The error bars represent one standard deviation of replicate
samples. Grey (LOC, DRY) and orange (AOC, WET) circles mark the sampling points were Ksp for BaSO4 is
exceeded. For each sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC
treatment where n=2. For the cyclic experiment, n=4.
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Figure 28: Dissolved (<0.45 pm) 226Ra concentrations as a function of time in the AOC-LOC experiment (left)
and the cyclic leaching experiment (right). The error bars represent one standard deviation of replicate
samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average concentrations of samples.
In the graph for the cyclic experiment, each vertical line represents the start of a new cycle. For each
sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC treatment where
n=2. For the cyclic experiment, n=4.

4.2.3.3 Transition metals (Groups 4-11)
The solubility and behaviour varied substantially between the different transition metals
(Table 9). Despite what can be assumed from Table 9, the solubility of Co and Ni did not

seem to increase because of the water exchange. The difference between the two
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experiments was caused by a high release rate in the first cycle of the cyclic experiment
(see Figures S9 and S10 in the supporting information for Paper III), similar to what is
described for Cd in section 4.2.3.4, and was thus not related to the exchange of water or

the drying period. The solubility in cycles 2-6 was rather low.

Leaching curves for Mn (Figure 2 in Paper II and Figure 2 in Paper III) in all treatments
were similar to the ones presented for Ca in section 4.2.2.1, just at lower concentrations.
Mn generally had a high mobility, and the same was seen by Fjermestad et al. (2017) and
Helmers (2013), while Hjulstad (2015) observed quite low Mn concentrations in her
leaching experiments.

Table 9: Leached transition metals at the end of the AOC-LOC leaching experiment (52 weeks) and the cyclic

leaching experiment (28 weeks). Values are in percent of alum shale debris content. n = 3 for the AOC
treatment, 2 for the LOC treatment and 4 for the WET and DRY treatments.

AOC-LOC experiment (Paper Il) Cyclic experiment (Paper lll)

AOC LOC WET DRY
% leached % leached % leached % leached

\% 0.0006 0.0002 0.00097 0.0013
Cr 0.0001 0.0001 <0.004 <0.003
Mo 22 71 14 18
Mn 6.3 5.6 8.9 8.6
Fe 0.00009 0.0001 <0.0002 <0.0001
Co 0.78 0.33 1.59 1.64
Ni 1.2 14 2.6 2.5
Cu 0.007 0.004 <0.1 <0.1

The leaching of Mo (Figure 29) was similar for all four treatments in the beginning of the
experiments. After four weeks, the concentration of Mo was about 1300 pg L-1 in both the
AOC and LOC treatment, while the WET and DRY treatments had concentration of about
1200 pg L1 at 3 weeks and the WET treatment had almost 1400 pg Mo L1 after 5 weeks.
After 4 weeks, the concentration of Mo in the AOC treatment increased linearly, while the
concentrations in the LOC treatment stabilized at ~1600 pg L-1. In the cyclic experiment,
Mo kept leaching substantial amounts in cycle after cycle, and there was a marked higher
leaching rate in the DRY treatment compared to the WET. Overall, 28 % more leached in
the DRY treatment (p = 3x10-6) - the difference between the treatments was reduced by
the longer contact time in the WET treatment. Results in both experiments indicated that
Mo leached from a phase that was sensitive to oxidation, but the similarity of the first
weeks of the two experiments indicated that Mo was not affected by oxidation during
storage before start-up of the cyclic leaching experiment, as was likely the case for Cd

(see below). The conditions in the AOC treatment and WET treatment should be the same,
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except the exchange of water. At 28 weeks, 14.0 % of the Mo had leached in the WET
treatment and 14.5 % in the AOC treatment - thus leaching of Mo did not seem to be
affected by the concentration of Mo or other elements in the leachate, only by the contact

time and the access to oxygen.

The observed high mobility of Mo in alum shale from Gran is in accordance with findings
by Fjermestad et al. (2017), Santos (2014) and Hjulstad (2015), and in other alum shales
(Lavergren et al,, 2009).
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Figure 29: Dissolved (<0.45 pm) Mo concentrations as a function of time in the AOC-LOC experiment (left)
and the cyclic leaching experiment (right). The error bars represent one standard deviation of replicate
samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average concentrations of samples.
In the graph for the cyclic experiment, each vertical line represents the start of a new cycle. For each
sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC treatment where
n=2. For the cyclic experiment, n=4.

The other transition metals are further discussed in Paper II (Weersted et al., in prep.-a)

and Paper III (Weersted et al., in prep.-b).

4.2.3.4 Group 12

Zn and Cd were both quite mobile under the experimental conditions, with 0.4-4.4 %
leached in the different treatments (Table 10).

Table 10: Leached group 12 elements at the end of the AOC-LOC leaching experiment (52 weeks) and the

cyclic leaching experiment (28 weeks). Values are in percent of alum shale debris content. For the AOC
treatment, n=3, while it is 2 for the LOC treatment and 4 for the WET and DRY treatments.

AOC-LOC experiment (Paper Il) Cyclic experiment (Paper lll)

AOC LOC WET DRY
% leached % leached % leached % leached
Zn 1.8 0.43 1.1 1.2
Cd 2.6 0.82 4.0 4.4
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Cd exhibited quite different behaviour in the two leaching experiments (Figure 30). The
linear leaching curve in the AOC treatment of the AOC-LOC experiment indicated that the
element would leach at a constant rate for a prolonged time by atmospheric oxygen
conditions, while the solubility under lower oxygen conditions was much more limited -
indicating a sensitivity to oxidation. The pattern observed in the cyclic experiment was,
however, very different. The leaching rate was much higher in the first cycle of the cyclic
experiment and reached higher concentrations in 1 week than the AOC treatment
reached in 52 weeks. If the starting points for the two experiments were the same, AOC,
WET and DRY treatments should have been similar in the first few weeks. As the
concentration of Cd in the debris for both experiments was quite similar (Table 5), one
explanation for the difference between the two experiments is that the debris was
oxidized during storage, before the onset of the cyclic experiment. This underlines the
importance of relocating alum shale debris to appropriate storage conditions within a
short period time after excavation. The difference between the two treatments in the
AOC-LOC experiment and the effect of storage indicated that Cd leached from a mineral

that is sensitive to oxidation, while there seemed to not be so much effect of the drying

periods.
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Figure 30: Dissolved (<0.45 um) Cd concentrations as a function of time in the AOC-LOC experiment (left)
and the cyclic leaching experiment (right). The error bars represent one standard deviation of replicate
samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average concentrations of samples.
In the graph for the cyclic experiment, each vertical line represents the start of a new cycle. For each
sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC treatment where
n=2. For the cyclic experiment, n=4.

The reason for the sudden drop in Cd concentrations after 1 week in the first cycle is

unknown, but the same behaviour was seen for Co, Ni and Zn (see Figures S9, S10 and
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S11 in SI to Paper III). Co and Zn also had similar leaching curves as Cd in the AOC-LOC

experiment, while Ni deviated (see Figure 2 of Paper II).

Leaching of Cd from alum shale collected at Gran observed by Hjulstad (2015) was much
lower, with 0.09 pg L1 after a seven weeks batch experiment. As in the presented work,
all dissolved Cd was low molecular mass (LMM) species. Of this, Hjulstad (2015) observed
that about 80 % of Cd was cationic and the rest anionic or neutral. Fjermestad et al.
(2017) observed up to about 18 pg L1 Cd in containers with alum shale from Gran left
open to precipitation over an eight month period, which is more similar to the results in

Figure 30.

4.2.3.5 Groups 13-16

Elements in group 13, 14 and 15 generally exhibited low solubility (Table 11). Leachate
concentrations of S in the leaching experiment corresponded to the measured sulphate
concentrations, see Figure 21.

Table 11: Leached elements from the groups 13-16 at the end of the AOC-LOC leaching experiment (52

weeks) and the cyclic leaching experiment (28 weeks). Values are in percent of alum shale debris content.
For the AOC treatment, n=3, while it is 2 for the LOC treatment and 4 for the WET and DRY treatments.

AOC-LOC experiment (Paper Il) Cyclic experiment (Paper lll)

AOC LOC WET DRY
% leached % leached % leached % leached
Group 13 Al 0.000009 0.00003 0.00025 0.00026
Group 14 Pb 0.0004 0.0004 <0.009 <0.009
Group 15 As 0.009 0.003 0.018 0.019
Sb 0.70 1.0 1.7 1.3
Group 16 S 3.3 2.5 4.4 5.0

After 4 weeks there was about 20 pg L1 Sb in the leachates from both the AOC and the
LOC treatments (Figure 31), then the concentrations decreased in the AOC treatment,
while in the LOC treatment the concentrations peaked at about 25 pg L1 at 12 weeks
before decreasing. Sb was slowly released during the first weeks of the cyclic experiment
giving ~8 pg L-1at 3-5 weeks, and it might have been affected by oxidation during storage
of the debris. Solubility of Sb was in general higher in the treatments with less oxygen.
However, more Sb was released in total in the cyclic experiment - likely because the
exchange of water removed some solubility restrictions like precipitation or co-
precipitation. Low Sb solubility can be caused by scavenging by Fe (oxy)hydroxides, for
which Sb has a high affinity (Braunschweig et al., 2013; Okkenhaug, 2012), which could

explain the lower solubility with more oxygen in the system.
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Figure 31: Dissolved (<0.45 pm) Sb concentrations as a function of time in the AOC-LOC experiment (left)
and the cyclic leaching experiment (right). The error bars represent one standard deviation of replicate
samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average concentrations of samples.
In the graph for the cyclic experiment, each vertical line represents the start of a new cycle. For each
sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC treatment where
n=2. For the cyclic experiment, n=4.

4.2.3.6 Actinides
The relative fractions (%) of actinides in the different leaching treatments are presented
in Table 12. The mobility of 238U was clearly higher under the tested conditions than the

mobility of the other radionuclides, 226Ra (section 4.2.3.2) and 232Th.

Table 12: Leached actinides at the end of the AOC-LOC leaching experiment (52 weeks) and the cyclic
leaching experiment (28 weeks). Values are in percent of alum shale debris content. For the AOC treatment,
n=3, while it is 2 for the LOC treatment and 4 for the WET and DRY treatments.

AOC-LOC experiment (Paper Il) Cyclic experiment (Paper lll)

AOC LOC WET DRY
% leached % leached % leached % leached
282Th <0.00004 0.0002 <0.006 <0.001
238 4.0 4.9 3.3 2.3

238U was relatively soluble, and 2.3-4.9 % of the total concentrations in the debris leached
in the different treatments (Table 12). The leaching of 238U was quite similar in the first
weeks of all four treatments (Figure 32). At four weeks, concentrations were 192 and
221 pg Lt in the AOC and LOC treatments, respectively. In the WET treatment,
concentrations were 175 pg L't at three weeks and 242 pg L1 at five weeks, and in the

DRY treatment the concentration was 195 ug L-! at three weeks.
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Figure 32: Dissolved (<0.45 pm) 238U concentrations as a function of time in the AOC-LOC experiment (left)
and the cyclic leaching experiment (right). The error bars represent one standard deviation of replicate
samples. Full (AOC, WET) and dashed (LOC, DRY) lines are connecting average concentrations of samples.
In the graph for the cyclic experiment, each vertical line represents the start of a new cycle. For each
sampling point in the AOC-LOC experiment, n=3, except for 28 and 52 weeks of the LOC treatment where
n=2. For the cyclic experiment, n=4.

The fastest U leaching rate was observed in the LOC treatment. This is not a direct effect
of the lower oxygen conditions, as the less oxidized U is less soluble than UYL One
hypothesis is less scavenging by Fe (oxy)hydroxides formed from pyrite oxidation, as U
has a high affinity for these (Braunschweig et al.,, 2013; Vandenhove et al., 2007). Based
on the measured sulphate concentrations, the relative rate of pyrite oxidation for the
different treatments is expected to have been DRY > WET > AOC > LOC. However, if Fe
(oxy)hydroxides was important for the U concentration, leaching rates should have been
slower in DRY compared to WET. While less U leached in total in the DRY treatment
(Table 12), the rate of leaching in the two treatments was the same - seen by the
overlapping curves in Figure 32. Thus, 238U seemed to leach from a phase that was
unaffected by the drying periods, and the difference between the leaching of 238U in the
WET and DRY treatments seemed to be caused by difference in contact time. Another
reason for the faster leaching in the LOC treatment could be increased solubility of U in
carbonate rich water (Seder-Colomina et al, 2018; Stanley & Wilkin, 2019), as the

measured alkalinity was higher in this treatment.

If the leaching of U under atmospheric oxygen conditions was mainly controlled by
contact time, the leaching in the AOC and WET treatments should be similar. The total

leached amount of U in the WET treatment was 3.3 % after a total of 28 weeks leaching,
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and the same value was seen for U in the AOC treatment at 28 weeks. The exchange of

water thus seemed to have no effect on the leaching of 238U.

The leaching behaviour of U was unlike any other measured element, possibly reflecting
a different source phase in the rock than the other measured elements. The daughter
226Ra was expected to be in the same phases as the mother nuclide 238U, but has a

completely different chemical behaviour, thus, similar leaching curves were not expected.

Hjulstad (2015) also observed high mobility of U in alum shale from Gran, and measured
concentrations of 118 pug L1 U after seven weeks in a batch leaching experiment similar
to the AOC treatment. Fjermestad et al. (2017) measured up to 5,000 pg L1 U in

containers with alum shale left open to precipitation over an eight month period.

In the cyclic experiment, up to 90 % of U was present in the colloidal fraction at the
beginning of the cycles, though < 10 % in the end of the cycles (Figure 33). This cyclic
variation can mainly be ascribed to lower dissolved concentrations of 238U in the leachate
in the beginning of the cycles, but there was also a decreasing trend in colloidal
concentrations in each cycle with 1-3 pg L1 in the beginning of a cycle and about 0.5 ug
L1 later in the cycle - except in cycle 1, where calculated colloidal concentrations were
up to 18 pug L-1. Colloids in the leachates could for example be newly formed precipitation

products or results from flocculation and scavenging by Fe.
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Figure 33: Percentage colloidal fraction of 238U as a function of time in the cyclic leaching experiment. For
all data points, n=4.
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In her leaching experiments with alum shale from Gran, Hjulstad (2015) observed that
all the dissolved U was LMM species, and of that, almost 75 % were in the anionic +

neutral fraction, while the remaining 25 % were cationic.

As expected, Th exhibited low solubility (Table 12). Also in the disposal site and other
leaching experiments with alum shale from Gran, Th has shown low solubility
(Fjermestad et al., 2017; Skipperud et al., 2016a). However, solubility of Th is greatly
enhanced when pH falls below 2-3, and substantial leaching from U tailings can occur due
to acid rock drainage (Landa, 2007). Thus, if there is a pH drop in the storage site at Gran,

increased mobility of Th might be the result.

4.2.4 Comparison with the disposal site

The concentration of elements in the water in the disposal site at Gran is compared with
the results from the end (52 weeks) of the AOC-LOC experiment in Table 13. The pH
values and the concentrations of sulphate, Mg and Ca were quite similar, indicating a
similar overall water quality. The higher conductivity in the disposal site is likely
explained mainly by the higher concentrations of NOs-, Cl- and Na and the somewhat

higher concentration of SO4%-.

Nitrate was at least 2,000 times higher in the disposal site than in the experiment, which
is likely related to residuals from explosives in the disposed tunnel debris (Fjermestad et
al,, 2018). As NOs- is an important electron acceptor, the high levels could contribute to
pyrite oxidation (Appelo & Postma, 2010) and delay the onset of anoxic or reducing

conditions in the disposal site.

Several of the elements (Mo, Mn, Ni, Zn, Cd and U) that are expected to be high in alum
shale was much higher in the leachate from the experiment than in the disposal site
water. This might reflect that the experiment used pure alum shale and the disposal site
was filled with tunnel blast having > 10 % black shales, and thus contains substantial
amounts of other rocks (Fjermestad et al., 2018). Ni, Zn and Cd were more than 100 times
higher in the experiment than in the disposal site water, while Mn and Co were more than

10 times higher. Mo and U were also several times higher in the experiment leachates.

One the other hand, the alkali metals where generally higher in the disposal site water
compared to both treatments, except Li that was quite similar. High Na concentrations

likely originate from salting of roads in the area, which is reflected in the high Cl-
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concentration. The elements V, As and Sb, which all showed limited solubility in the AOC-
LOC leaching experiment, were present in higher concentration in the disposal site.
Furthermore, exchange of water seemed to increase the solubility and thus mobility of V,
As and Sb in the cyclic experiments, which can be important if there is extensive water

exchange in the disposal site.

Table 13: Water quality and element concentrations in water collected at the disposal site at Gran (average
+one standard deviation) and concentration ratios to the measurements obtained for experiment leachates
from atmospheric (AOC) and low (LOC) oxygen conditions. For the disposal site, n=1 for pH and
conductivity and 3 for the rest of the measurements. For the AOC treatment, n=3 for all measurements, and
for the LOC treatment n=2. Element concentrations were measured in samples filtered through 0.45 pm*.
The table is modified from Weersted et al. (in prep.-a) (Paper II).

Disposal site AOC (52w)/ LOC (52w)/
disposal site  disposal site
Water quality pH 7.65 1.0 1.0
Conductivity 1236 uS cm-! 0.55 0.48
S04 * 340 mg L 0.94 0.71
NOsz * 186 mg L <0.0005 <0.0005
cr* 23 mg L’ 0.043 0.026
Group 1 Li 20+0.2 pgL-! 1.0 0.71
(Alkali metals) Na 99 +1 mg L 0.035 0.033
K 13+ 0.1 mg L’ 0.43 0.43
Group 2 Mg 12+ 0.4 mg L 0.70 0.63
(Alkaline earth metals) Ca 110+ 4 mg L 1.1 1.1
Sr 140+0.03 mglL’ 1.6 1.5
Transition metals Y 2.4 +0.06 pg L 0.76 0.25
Cr 0.14+0.03 gL 0.14 0.11
Mo 850+ 0.4 pg L 5.9 1.9
Mn 97 +£2 pg L7 18 16
Fe 44107 pg L 0.64 1.0
Co 0.48+0.07 gL 38 16
Ni 43+0.2 pg L 117 140
Cu 0.26+0.02 gL 3.8 1.9
Group 12 Zn <2.6 pg L >354 285
Cd 0.13+0.006 gL 226 70
Group 13 Al 7.8+04 pg L 0.091 0.26
Group 14 Sn 0.12+0.002 pglL" 0.058 0.025
Pb 0.042 + 0.0007 g L-! 0.48 0.40
Group 15 As 3.7+£007 puglL! 0.21 0.071
Sb 90+ 0.4 pg L 0.15 0.22
Rare earth elements La 0.0087 +£0.002 gL 1.1 1.3
Actinides Th <0.004 ug L T >0.8
U 73+0.4 pg Lt 5.9 7.2

* Anions were measured in unfiltered water from the disposal site, but in filtered (0.45 pm) experiment
leachates.
T For Th, concentrations in AOC and the disposal site could not be compared as both measurements were
below QL.
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Ba and 226Ra were not measured in water from the disposal site, but as SO42- levels in the
disposal site water were similar to the experiment leachates, we expect low release and
mobility of these elements. However, the cyclic experiment demonstrated that exchange

of water in the disposal site can significantly increase the solubility of Ba and 226Ra.

Overall, it seemed like the AOC and LOC treatments were more similar to each other than
either of them were to the disposal site water. The most important reason for this can be
that the disposed rock masses has a great variation in composition, while the debris used
for the experiment was part of one tunnel blast crushed down and thoroughly mixed
before the experiment, and the two treatments therefore had a shared starting point that
was not shared by the disposal site. Also, the debris-to-water relationship was lower in
the experiments than in the disposal site, where the ratio would change as the pond was
gradually filled with debris. Furthermore, in addition to natural drainage, water was
pumped out from the disposal site during the disposal period, which could lead to a
situation similar to later cycles of the WET treatment. Another important factor can be
the presence of organic matter in the disposal site, which is important for speciation and

mobility of e.g. Ni, Zn, Cd and U (Appelo & Postma, 2010; Moulin et al., 2004).

When sampling the disposal site, fractionation by size and charge was made.
Fractionation results for selected elements are presented in Table 14. Note that the
results for the anionic and cationic LMM fractions are given as relative fraction (%) of the
LMM, not of the total. In some cases these two fraction added up to more than a 100 %
because the in situ fractionation was performed on water continuously pumped from the
disposal site and the incoming water quality could thus vary with time during the

sampling process.

The colloidal fraction was small for all tested elements, while several elements had a
considerable particulate fraction. Fractionation of the water in the disposal site showed
that S, Ca, Mo, Sb and U mainly were present in the LMM fraction, while Fe and Th were
present as particles. This fits with the results from the leaching experiment where Fe and
Th were very low in the dissolved fraction, and the other mentioned elements mainly

were in the LMM fraction.

Sulphur was almost exclusively present in the anionic LMM fraction, as expected, and Ca

was mainly in the cation LMM fraction. Only minor fractions of Sb was measured to be in
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the anionic or the cationic LMM fraction, meaning that it was mainly present as neutral
LMM. Mo was mainly present as anions, while U was divided between the anionic and
cationic fractions. Cd had close to 60 % particular fraction, a minor colloidal fraction and

the rest LMM. Of the Cd present as LMM, almost 90 % was anionic.

Table 14: Fractionation results for the water in the disposal site at Gran. Anionic and cationic low molecular
mass (LMM) fractions are as % of the LMM, not of the total. For all measured fractions, n=3.

S Ca Fe Mo Cd Sb Th U
% % % % % % % %

Total 100 100 100 100 100 100 100 100
Particles 0 8 100 0 59 0.0 98 5
Colloidal 3 0 0 5 3 0 0 1
Low molecular mass (LMM) 97 92 0 95 38 100 2 94
Anionic LMM 100 0 0 100 89 1 0 100
Cationic LMM 4 100 0 7 17 2 0 60

In the leaching experiments, the unfiltered samples were not measured. The amount of
particles would mainly reflect the time since the last agitation of the sample, and was thus

not considered interesting.

4.3 Implications for storage of acid-producing rock in water

4.3.1 Mobility of NORM and stable elements from alum shale

Several elements in the alum shale were relatively mobile even at neutral pH, and greater
leaching would be expected if a pH drop occurs. The elements that were mobile at
circumneutral pH in the leaching experiments included Mo, Mn, Ni, Zn, Cd and U. Also,
high leaching of Ca, SO42-, K and Mg was seen, which is important for the water quality. In
the disposal site water at Gran, high concentrations were also seen for Ca, SO42;, K, Mg,

Mo and U.

This mix of elements, stable and radioactive, is expected to give a multiple stressor

scenario if leached into downstream waterbodies in sufficient amounts.

4.3.2 Bioavailability and effects of NORM and toxic elements in alum shale

In Paper II, concentrations in the leachates from the AOC-LOC experiment at 52 weeks are
compared with environmental quality standards (see Table 3 in Paper II). Mo, Ni, Zn, Cd and
U are 22-322 times higher than the limits, and can be expected to pose a serious

environmental risk at such concentrations.
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Bioavailability of several elements in the alum shale from Gran has been demonstrated in
several laboratory experiments in related projects. Uptake and effect have also been

observed in the field in the vicinity to the disposal site.

Field investigations in the area around Gran revealed a negative effect from the
construction work on the benthic macroinvertebrate communities in the downstream
affected streams and brooks compared to unaffected sites (Engelstad, 2016). The effect
could also be linked to element levels in mayflies, especially Al, Ni, Cd, Mn, Co and As, but

was also correlated to Ca, Fe, Cr, Th, Pb, S, Zn and U.

Brown trout was sampled in the Vigga River before (2013) and during (2015) the
construction work at Gran (Skipperud et al., 2016a). No effect on the fish could be seen,
as both element concentrations in measured organs (gills, kidney and liver) and condition
factor! (Ricker, 1975) were unchanged. Normal physiological values were observed in
blood, and the concentrations levels of Cd, Mo and U in the sampled organs were lower
than what would expectedly give a negative effect (Skipperud et al., 2016a). There was,
however, higher Cd and Mo concentrations in gills of fish further downstream Vigga River
compared to the upstream control site, but this was ascribed to existing conditions and

did not seem to be related to the tunnel construction work.

Two experiments exposing brown trout (Salma trutta) to leachate from alum shale
collected during the tunnel construction at Gran were performed in the laboratory to
investigate uptake of leached elements and effects on the fish from the leachate
(Skipperud et al,, 2016a). One experiment investigated uptake with time (Hjulstad, 2015).
There was clear uptake of U in both gills and liver, and well as Cd, Mo and Ni in gills. Most
of the uptake was seen during the first 96 h, and the difference from 96 h to 264 h was
small. Other elements were not found to be taken up in the 264 h experiment. The
leachate pH was about 7.8 and Ca?* concentrations about 38 mg L-1. In the other fish
experiment, the dose-response with different dilutions of alum shale leachate was
investigated (Skipperud et al., 2016a). Leachate prepared by contact with alum shale was
diluted with varying amounts of control water with the same pH and major ion
concentrations, and the brown trout was exposed to the leachates for 192 h. U, Mo and

Cd were again taken up by the fish, and other elements not. Increasing concentrations of

100 X w
13

! The condition factor is K = where w is the weight of the fish and I is the length.
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U and Mo were identified in gills, liver and kidney with increasing leachate
concentrations, while for Cd this was only seen in gill. Bioconcentration factors
(concentration in organ divided by concentration in water) in the dose-response
experiment in gills were 0.7-0.8 for Mo, 4-7 for U and 1,000-2,800 for Cd. For Cd and U,
the experimental bioconcentration factors were quite similar to observations in the field,
while for Mo the bioconcentration factor was 1-2 orders of magnitude higher in the field
(Skipperud et al,, 2016a). In this experiment, pH was about 7.4 and Ca concentrations
about 32 mg L-1. The pH and Ca levels in the leachates of both experiments will have had
a protective effect on the fish, and have likely contributed to the limited uptake of many
of the elements in solution. Negative effects on the fish where not seen in either
experiment. Higher uptake of several elements and pronounced effect on fish would be

expected by a lower pH (Lydersen et al., 2002; Rosseland et al., 1992).

Laboratory experiments with the earthworm Eisenia hortensis were performed with 0, 5
and 25 % alum shale from Gran mixed into the soil (Schopke, 2017). The alum shale
debris used in the experiments was from the same batch as the debris used for the
leaching experiments in this work. Uptake from the added alum shale was seen for
several elements, and was especially clear for Cd with concentration ratios (CR)Z above
10. Other elements that were taken up included V, Ni, Mo, Zn, Sb and U. The worms in the
25 % alum shale treatment had lower reproduction than both the 0 and 5 % treatments,
and 16 % mortality was also observed in this treatment. Both the mortality and
reproduction results indicated that the levels of NORM and/or stable elements reached
toxic levels in the treatment with 25 % alum shale. Schopke (2017) also investigated the
transfer of elements from adult worms to cocoons, and saw that especially Zn, Sb, Cu, Mn

and U were transferred in substantial amounts (CR 0.7-1.5).

Soils developed on black shales have been shown to have elevated concentrations of
several trace elements, and crops grown on such soils have been found to have elevated

levels of Cd and Mo (Alloway, 2013).

The major part of the elements determined in the aqueous phase of the leaching

experiments were assumed to be bioavailable, as they were present as low molecular

concentration in organism

2CR = — — where media is the exposure media the organism is in, e.g.
concentration in media

soil or water.
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mass species. As mentioned, pH and Ca2* concentrations are also important for the
toxicity of the leachate to biota (Lydersen et al., 2002; Rosseland et al., 1992). Dilution of
leachate from the disposal site with water having neutral pH and high concentration of
base cations like Ca?* will thus reduce the toxicity, while dilution with, e.g., rainwater
might not have the same effect on toxicity as the protection from base cations is reduced.
Surface water sampled in the Gran area had Ca2* concentrations of 40-130 mg L1 and a
pH of 7.5-8.8 (Skipperud et al., 2016a), which can reduce the uptake in biota - a protection
that cannot be expected everywhere. pH in lakes in Norway is commonly as low as 5.0,
and Ca?* concentrations in some regions are on average below 0.6 mg L1 (Skjelkvale et

al,, 2012). The protection from high Ca%* and pH values can be reduced if ARD starts.

For effects on the downstream environment, the volume of contaminated water leaching
from the disposal site and the downstream dilution factor are important, in addition to
the water quality. As water exchange in the disposal site is sought to be minimized, the
dilution factor is expected to be high. So far, Vigga River seems to be only marginally

affected by the leaching from the disposal site (Greipsland et al., 2019).

The abovementioned field and laboratory investigations have demonstrated potential
bioavailability of both stable and radioactive elements in the alum shale, both for soil-
dwelling organisms and aquatic organisms exposed to leached elements. Furthermore, a
potential multiple stressor scenario is identified. Based on concentrations measured in
the field, a cumulative risk assessment for the trace elements at Gran was performed.
Depending on which field station data were used and the organism in focus, U, Ni, Al and

Zn were identified as main risk drivers (Skipperud et al., 2016a; Skipperud et al., 2016b).

At Gran and in similar cases, adaptation of the local life can be of importance. The
potential effects on the local ecosystems from the disposal of alum shale can be lower
than expected because the area is naturally rich in these contaminants and the local life
has had time to adapt to somewhat elevated levels of contaminants (Skipperud et al.,

2016a; Walker et al.,, 2012).

70



4.3.3 Storage of alum shale and other acid producing rock — reflections about the
storage site at Gran

4.3.3.1 Selecting rock masses for storage

The guidelines from the Norwegian Environmental Agency for storage of acid producing
rock states that if the NP to AP ratio is in the uncertainty zone, i.e., between 1 and 3,
further investigations should be done (Endre & Sgrmo, 2015). At Gran, several criteria
were used for deciding which rock masses should go into the disposal site and which
masses should be considered safe (Fjermestad et al., 2018). Firstly, all alum shale and
other black shales that had a similar composition (determined by XRF) were put in the
disposal site independent of other criteria, and tunnel blasts with down to 10 % alum
shale were treated accordingly. For other rock masses, a limit of 10 g S kg-1 was used as a
minimum limit for (estimated) sulphide content making disposal necessary.
Furthermore, if the rock masses had a Ca:S ratio above 2, they were not considered acid
producing. Assuming that all Ca is originating from calcite and all S is from pyrite, this
translates to a NP:AP of 1. Furthermore, to be required for disposal, the rock masses
should have a combined content of Mo, Pb, As, Zn, U and Cu above 320 mg kg1. See

Fjermestad et al. (2018) for a more detailed overview of the requirements.

The criteria from Gran cannot be generally applied, and decisions to make such criteria
have to be based on a good knowledge regarding local conditions and the geology of the
material to be disposed of - not only on the total element concentrations, but on the
mineral composition (Dold, 2017; Fjermestad et al, 2018). In mining situations, the
geology will often be thoroughly investigated for exploitation purposes, and this
knowledge should be used also in the work with classifying the masses for disposal (Dold,
2017). In construction work, separate investigations regarding mineralogy will often
have to be made. In the case at Gran, the local geology was quite well investigated and
acid tests were made to justify the assumption that the Ca in the rocks represented calcite,
in addition to some XRD analyses and leaching tests (Fjermestad et al., 2018).
Furthermore, the rock masses that were considered safe were reused locally in the
construction of the road (pers. comm. Halldis Fjermestad, 2019), and as the area is
naturally rich in chalk, minor acid production is not expected to be a problem (pers.

comm. Per Hagelia, 2019).
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As mentioned, rock masses at Gran that did not have a high content of trace elements
were considered safe even if they were acid producing. While leaking of potentially
harmful trace elements is one of the important aspects of acid rock drainage (ARD),
leaking of acid water with high content of Al and Fe would be detrimental for downstream
aquatic life (Hindar, 2010; Rosseland et al., 1992). The Pollution Control Act (2004) also
specifically states that acid-producing masses are considered contaminated ground.
Using the assumptions of Dold (2017) (discussed in section 4.2.2.1), the ratio Ca:S of 2
used at Gran translates to a NP:AP ratio of 0.5. Furthermore, one cannot be certain that
all Ca is from calcite, or that all S is from sulphides. Most of the excavated rock masses
that were not alum shale had however a Ca:S ratio far above 2 and were from horizons
not expected to produce acid (Fjermestad et al, 2018; Owen et al.,, 1990), such as
limestone. Thus, most of the rock masses that were considered safe, likely had a high
neutralizing capacity, and this can likely make up for small amounts of excavated masses

with some acid-producing capacity.

Detailed knowledge about local conditions and geology leads to greater certainty when
determining which rock masses need special handling and storage to avoid acid-
production and leaching of stable and radioactive elements. In turn, this means that safety
margins could be smaller, and likely that a smaller amount of rock masses have to be
stored under special conditions. Thus, a greater amount of excavated rock masses could
be disposed of freely. This has practical and economical benefits, but also environmental,
as less rock masses have to be transported and less resources have to be put into
treatment and storage strategies. However, some results from this work should be taken
into consideration for assessing rock masses as safe. Firstly, the potential for acid
production is not the only criteria that should be considered, as leaching of many
elements reach potentially harmful levels even without a pH drop. Secondly, wash-out of
buffer capacity can potentially transform net neutralizing rocks into net acid-producing
rocks. The potential for wash-out of buffer capacity under different conditions and for

different rock types should therefore be further investigated.

4.3.3.2 Storage of acid producing rock in water
Earlier leaching experiments (for up to 1 year and 2 months) with alum shale from this
area have not shown any reduction in pH in oxidizing conditions (Fjermestad etal., 2017;

Helmers, 2013; Hjulstad, 2015) due to inherent carbonates providing buffering, and slow
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Kinetics. The same was observed in the present work. However, development of ARD can
take many years, and whether and when such development will happen can be difficult
to predict correctly (Dold, 2017; Endre & Sgrmo, 2015; Parbhakar-Fox & Lottermoser,
2015). Results in this work for NP:AP ratios and changes in carbonate content after
leaching experiments clearly indicate that ARD will develop at Gran unless the conditions
in the disposal site are strictly controlled. To avoid ARD, the exchange of water and

intrusion of air in the disposal site must be minimal.

At Gran, the disposal site was thought to have a slow exchange of water and to drain
mainly to the small Vigga River (Fjermestad et al.,, 2018). Measures were taken to keep
the debris submerged in water, and the disposal site was covered with a surface coating
to reduce access to air. Crushed rock was used for surface coating (Fjermestad et al,,
2018), while ideally clay should have been used to minimize permeability (Appelo &
Postma, 2010; Sgrmo et al., 2015). If the disposal site has not been completely sealed,
oxygenated water will enter and contaminated water will leach out into the downstream
river Vigga, with potential effects on the local environment. As discussed above, another
effect of exchange of water is the loss of carbonate buffer capacity, which can speed up
the onset of ARD. Alkalinity measurements in the storage site at Gran were several times
higher than in the leaching experiments (Fjermestad et al., 2018; Greipsland et al.,, 2019),
likely due to higher pH and/or higher Pcoz. Thus, exchange of water in the disposal site
can remove even more buffer capacity than demonstrated in the cyclic leaching

experiment.

Storage in a bog means that the alum shale is stored below the groundwater table,
reducing access to oxygen. During a drought, the groundwater level can decline, and the
disposed masses can be exposed to air. This can give a cyclic oxidation and leaching
scenario for the stored masses. At Gran, acid producing rock was stored 1 m below what
was considered natural fluctuations in the groundwater level, and the higher levels of the
disposal site was filled with rock that is not acid producing (Fjermestad et al., 2018). In
the unusually dry summer of 2018, the water levels in the storage site were still
sufficiently high to cover the alum shale (Greipsland et al., 2019). During snow melt and
high precipitation, the upper part of the storage site have shown increased exchange of
water, while the deeper parts of the storage site seem to be less vulnerable and more

stable (Fjermestad et al., 2018). Thus, the results from the WET treatment could possibly
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be illustrative for processes in the upper part of the storage site, while the lower masses
could be more like the AOC or LOC treatments. The DRY treatment could illustrate what
happens in the top part of the disposal site, where rock masses considered not to be acid
producing are stored. In Norway, climate change is expected to increase the frequency of
both severe droughts and heavy rainfalls (Andreassen et al., 2016) both of which can
make the safe storage of acid-producing rock more challenging. At Gran, zones were
established around the disposal site where special considerations are required to avoid
unintentional lowering of the groundwater level from construction work etc. (Fjermestad

etal,, 2018).

At Gran, a surveillance program monitoring the conditions in the disposal site,
movements of water (both via wells) and conditions in downstream water bodies
(surface water sampling) is planned until 2020 (Fjermestad et al., 2018). A gradual
decrease in pH in the disposal site has been seen from the disposal site was established,
but as of November 2018, almost all pH measurements so far are above pH 7 (Fjermestad
etal, 2018; Greipsland et al., 2019). Elevated levels of SO42- in the disposal site indicates
ongoing sulphide oxidation. Satisfyingly reducing conditions in the disposal site have not
yet been established. Enh values measured in the wells have been measured down to about
-300 mV, which is satisfying (see Figure 22), but most measurements have been higher
and indicated conditions allowing for pyrite oxidation (Greipsland et al, 2019).
Concentrations of nitrate were 0.6 mg L1 or lower in the wells in measurements from
2017-2018 (Greipsland et al.,, 2019), thus the high amounts of NO3 measured in 2016 (see
section 4.2.4) are likely either consumed (by biological processes or oxidation reactions)

or washed out, and NOs- is likely not important for pyrite oxidation anymore.

Wells downstream the disposal site showed elevated concentrations of SO42-, Ni, Zn and
U compared to upstream, indicating pyrite oxidation in the disposal site and leaking of
contaminated water (Greipsland et al, 2019). Looking at the downstream recipient
waterbodies, concentrations of Ni and U have shown a slight increasing tendency from
2014 to 2018, while Zn seem to have decreased the last years (Greipsland et al., 2019).
The water quality in these water bodies with regard to As, Cd, Cr, Cu, Ni, Pb, Zn and U is
good, according to classifications from the Norwegian Environmental Agency (2016), for
the stable elements, and Canadian water quality guidelines for protection of aquatic life,

for U (Canadian Council of Ministers of the Environment, 2018).
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Results so far indicate that storage conditions in the disposal site are stable and according
to plan (Greipsland et al, 2019). Measurements of the groundwater level and
temperature in the disposal site indicate nevertheless that water exchange increases
during heavy precipitation events and snowmelt (Fjermestad et al., 2018; Greipsland et
al,, 2019). This showed that a scenario as tested in the WET treatment of the leaching
experiment should be realistic, and the experiment results indicated that exchange of
water in the disposal site could cause depletion of the buffer capacity, in addition to

increased oxygen availability and leaking of contaminated water.

The alum shale at Gran has been found to have a lower concentration of sulphides
compared to alum shales further south in the Oslo Region (Endre, 2013). This, together
with the inherent buffer capacity from carbonates, has likely limited the short-term
potential for leaching, and has probably been important in keeping the pH circumneutral
and minimizing the leaching from the disposal site during construction and in the time

after.

Of special interest in alum shale is the presence of NORM. In the leaching experiments,
solubility of U was demonstrated, implying that U was oxidized to UV either during
excavation, storage or experiment. While some of the U on the surface of the debris is
likely to be oxidized to soluble UV! during excavation of rock masses, the main part of U in
the rock would likely be present as U'V. Thus, keeping anoxic or reducing conditions in a
disposal site is expected keep the main part of U immobile, and reducing conditions can
also reduce UV back to UV (Alloway, 2013). Other factors of importance for U mobility is
sorption to organic matter, and increased solubility in water with high carbonate
concentrations (Seder-Colomina et al., 2018; Sheppard et al.,, 2006; Stanley & Wilkin,
2019; Vandenhove et al., 2009). In the conditions tested in the cyclic leaching experiment,

exchange of water seemed to have no effect on leaching of U.

On the other hand, 226Ra could become more mobile in anoxic or reducing conditions as
the sulphate concentrations would be reduced. Groundwater low in sulphate, with high
ionic strength and high contents of Ca?* and Ba?*, are conducive to the transport of Ra
(Landa, 2007). The cyclic leaching experiments demonstrated increased solubility of
226Ra when water was exchanged. Other studies have investigated the release of Ba and
226Ra from BaSO04 by sulphate-reducing bacteria. Phillips et al. (2001) measured release

of Ba and 226Ra from an oil-field sample containing barite scale, but the release was not
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stoichiometric with the production of sulphide, and >99.9 % of Ba and 226Ra was retained
in the solids. On the other hand, Landa et al. (1986) measured release of 20 % of the 226Ra
inventory in U mill tailings when exposed to sulphate-reducing bacteria. Thus, there is

likely a considerable potential for remobilization of 226Ra if the conditions are favourable.
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5 Uncertainties

Essentially, all models are wrong, but some are useful, George Box (1987)

In environmental sciences, we are trying to understand processes in nature. As most
ecosystems are immensely complex with a multitude of chemical, biological, physical and
geological processes going on intertwined, one approach is simplification and simulation
of a certain process in the laboratory - a model. For example, this work set out to
investigate the effect of varying oxygen conditions, exchange of water and drying of
debris on the leaching from alum shale through laboratory leaching experiments. While
simplification is useful or even necessary to isolate the effects of a single parameter or
process, translation of the results into implications in “the real world” is often a challenge.

This contributes to conceptual uncertainty (Salbu, 2016).

The environmental systems are always more complex than our models, and there may be
factors that are equally or more important for determining processes than the factors
investigated in the laboratory. In the leaching experiments, the goal was not to exactly
mimic the conditions in the disposal site at Gran, but rather to investigate the effect of
certain parameters of relevance to leaching. Greater variation in En values were observed
in the disposal site than was investigated in the experiments. Other potentially important
factors that were not investigated includes the presence of organic matter (which affects
the speciation and mobility of a range of elements) and biological activity in the disposal
site. Biological activity can catalyse the pyrite oxidation, and the high methane and CO2
concentrations observed in the LOC samples of the cyclic experiment (Paper II) could
indicate such activity. Furthermore, water quality can change dramatically when
percolating through the ground from the disposal site until entering the downstream
water bodies. Sorption to soils, sediments and other materials can reduce the levels of
contaminants before and after the water reaches Vigga River. While protecting the
aquatic life, this can have adverse effects on soil and sediment fauna. As the water move
downstream, the pH and redox is likely to change, which means possible changes in

speciation and mobility of the leached elements.

Input uncertainty includes uncertainty in laboratory measurements as well as
representativeness of sampling (Salbu, 2016). In this work, the measurement

uncertainties associated with determination of element concentrations in samples were
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assumed to be rather low. Of greater importance is the chosen sampling strategy:
Collection of alum shale for leaching experiments was performed to get a sample with
high content of uranium, not to get a representative sample of the rock masses stored in
the disposal site. Thus, the sampling was biased. Furthermore, when comparing the
results from the laboratory experiments to the disposal site water, it is important to
remember that the measurements from the disposal site represent a snapshot of the

conditions.

When generalizing findings in this work to other situations in other places, even greater
uncertainties arise. Most importantly, it must be kept in mind that local variations in
mineralogy could drastically change the outcome of the experiments. Thus, detailed
information aboutlocal conditions and geology is crucial when applying the results of this

work in a different context.
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6 Conclusions

The newly developed method for measuring 226Ra was rapid and simple, and allowed for
direct determination in water and digested geological samples. The method allowed for
collection of detailed information of the behaviour of 226Ra in the leaching experiments,
and is a useful tool for determining 226Ra in elevated soil samples as well as for assessing

drinking water quality.

In the leaching experiments with alum shale from Gran, pyrite oxidation with
concomitant acid production was expected by the given conditions, and sulphate
concentrations indicated that it occurred. However, the buffer capacity of the debris was
not exceeded in either of the treatments, and this was reflected in a leachate pH of 7.6-7.7
at the end of the experiment for all treatments. The debris content of calcite was,
however, reduced by two thirds in the experiment with cyclic exchange of water, and the
experiment illustrated how the buffer capacity of the rock can be washed out without

contributing to neutralizing acid.

High mobility of several elements in alum shale, including Mo, Mn, Ni, Zn, Cd and U, was
observed in the leaching experiments. Mo and U also showed high concentrations in the
disposal site, and Ni, Zn and U have been measured in elevated concentrations in
downstream wells. Unless exchange of water in the disposal site is kept at a minimum,
these elements can likely leach in significant amounts to downstream water bodies. If
acid rock drainage develops in the disposal site, higher mobility of also other elements

can be expected.

Of the measured radionuclides in the experiments, 238U was clearly the most mobile, and
2-5 % of the debris content leached in the different treatments. The highest mobility was
seen in the treatment with low oxygen conditions. 232Th generally had very low solubility
by the given conditions, while solubility of 226Ra increased markedly with exchange of

water, but still <1 % of the debris content leached.

The results underline the importance of minimizing water exchange if alum shale or other

acid producing rock are stored submerged in water.

6.1 Evaluation of hypotheses

The following hypotheses where formulated (see the introduction, section 1.1):
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1. Even without a pH drop, there will be considerable leaching of elements that are
soluble at a circumneutral pH, resulting in potentially harmful water

concentrations

The concentrations in the leachates were high for many elements, and greatly exceeded
environmental quality standards for several elements. Thus, for organisms directly
exposed to these leachates, adverse effects can be expected. However, downstream the
disposal site at Gran there will likely be substantial dilution, which reduces the chances

of environmental effects.

2. Drying of the debris between periods of submersion will lead to greater pyrite

oxidation and increased leaching of a range of elements

Based on higher sulphate concentrations in the DRY treatment, the drying periods can be
assumed to have increased pyrite oxidation. However, there were no measureable
changes in pyrite concentrations of the tested rock debris. The leaching of many elements
in the DRY treatment was statistically significantly higher than in the WET treatment, but
the actual differences were rather small for most of them. Thus, there was no great
increase in leaching after drying periods. However, if the experiment had been continued
until the buffer capacity was depleted, and there was a pH drop, this hypothesis might

have been supported.
3. Exchange of water will lead to faster depletion of the buffer capacity of the debris

More than half of the calcite and carbonates in the alum shale debris was dissolved at the
end of the cyclic leaching experiment, in both treatments. The alkalinity measurements
indicated that a significant part of the dissolved carbonates have been removed without
contributing to acid neutralization when the water was exchanged. Thus, this hypothesis
seemed to be supported. Furthermore, this result should be seen in combination with
results from the LOC treatment, where increased Pcoz likely caused increased solubility
of calcite. Thus, by high Pcoz (as can be expected in an underground storage site),

exchange of water will deplete the buffer capacity even faster.

4. Rawill follow Ba and be limited by BaSO4 solubility, and thus have lower mobility

as pyrite oxidation increases
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The general trends for Ba and 226Ra were similar in both experiment, and when the Ksp
for BaSO4 was exceeded, leachate concentrations of both elements decreased, indicating
co-precipitation of 226Ra. However, when the Ksp for BaSO4 was not exceeded, the leaching
rate of 226Ra was higher in the DRY treatment with assumed greater (pyrite) oxidation
than the WET treatment. This indicates that 226Ra was leaching from a phase that was

sensitive to oxidation.

5. Exchange of water will increase the mobility of elements that are limited by

solubility constraints, like 226Ra and Ba

This hypothesis was supported by the results. Higher release of elements like V, As, Ba,

and 226Ra was seen in the cyclic experiment compared to the AOC-LOC experiment.

6.2 Further work

The experimental work included only some important factors that would influence
leaching of NORM and stable elements from alum shale. Other factors that could be
investigated to shed further light on important processes include a greater variation in
pH and En values, where the mobility of 226Ra by strictly anoxic or reducing conditions
would be especially interesting, as well as continuation of oxic leaching experiments in
the time after a pH drop has occurred. The effect of the variation in pH and En on the
speciation of the elements should also be investigated. A more thorough characterization
of the alum shale using advanced technology such as synchrotron-radiation based
techniques could identify the source phases of the trace elements in the rock, making
prediction of behaviour easier. Investigations of the microbial community in the disposal
site at Gran could provide useful information about the effect of these on the leaching.
Furthermore, as none of the abovementioned fieldwork or investigations of
bioavailability and effect included any measurements for 226Ra, this would be a very
interesting step in continuation of this work. The potential for wash-out of carbonate
buffer capacity for different kinds of rock under different conditions should be

investigated.
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Side | Line | Original text Corrected text
xi 6-7 | Folgelig er riktig lagring av alunskifermasser og Moved to end of p. xiii
andre syredannende bergarter avgjgrende for a
unnga negative effekter pa miljget.
xii 4 svovel sulfat
xiii 5 og samt
3 10 1Bqg? 1Bq#8U gt
7 28 relative to for example calcite relative to neutralization by for example
calcite
9 14 cause create
27 20 The experiment was kept dark The samples were kept dark
30 17 samples. samples (see Table 2).
32 5 , thus the ,and the
32 24 | the atmospheric concentration was used. the atmospheric concentration of 390
ppm was used (Hartmann, 2013).
48 8 Figure 22 was changed for the same figure with
better resolution
50 16 | (6.47-9.16) (6.5-9.2)
52 3 to be calcite to behave like calcite
71 4 (Walker etal. 2012). (Skipperud et al. 2016a; Walker et al.

2012)
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ABSTRACT: A method was developed for direct measurements
of *Ra in water samples with triple quadrupole inductively
coupled plasma mass spectrometry (ICP-QQQ). The limit of
detection was 0.42 pg L™ **Ra (15 mBq L™, 042 pCi L),
which is compliant with the specifications for methods used for
routine analysis of drinking water quality according to European
and U.S. regulations. The use of N,O as reaction gas ensured that
no separation before analysis was necessary. Water samples with
high total dissolved solids (conductivity >100 mS cm™") were also
successfully analyzed after a simple dilution, yet the associated
detection limit was higher (17 pg L™, 0.61 Bq L™}, 16 pCi L™").
226Ra content in soil and rock samples was determined with the
same method after acid (HNO; + H;PO,) digestion and dilution,
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resulting in a limit of detection of 0.75 ng kg™' (27 Bq kg™’,

0.74nCiL™). Analysis of water samples was achieved within 2 min on a running instrument, while the preparation and analysis
of 15 geological samples can be completed in 3 h. The key advantages of this direct analysis method are short preparation time,
low labor intensity, low sample input (2 mL for water samples, 0.2 g for geological material), high sample throughput (2 min
sample to sample, >150 samples measured in 8 h), and use of standard ICP-QQQ hardware. Overall, the proposed method
offers a new opportunity for measuring a large number of samples with minimal effort and, in turn, for improving emergency
preparedness, environmental monitoring, and data collection for environmental modeling.

Radium-226 (**Ra, t,,, = 1600 a), a radionuclide in the
uranium-238 (**U) decay chain, can be found in
terrestrial, freshwater, and marine environments all over the
world. Spreading of **Ra can be augmented by human
activities like uranium mining, phosphate industry, and oil, gas,
and coal production.' As a heavy calcium homologue with high
mobility in the environment and accumulation in bone in
vertebrates, *°Ra is one of the most radiotoxic naturally
occurring radionuclides and is of relevance from both an
environmental and a human radiation protection perspective.'
The drinking water limit for **Ra set by the U.S. Environ-
mental Protection Agency (USEPA) is § Pg L' (02 Bq LS
pCi L™Y),* and in the EU, the Euratom Drinking Water
Directive indicates a value of 14 pg L™" (0.5 Bq L™, 14 pCi
L™").? In both cases, the required limit of detection (LOD) for
the analysis of *Ra in drinking water is 1 pg L™ (0.04 Bq L™,
1 pCi L™1).>* In emergency situations, the need for rapid
analyses of drinking water and other sample matrices is even
more pronounced.’

Measurements of *Ra in environmental samples usually
involves lengthy, work-intensive procedures before measure-
ment by liquid scintillation counting or alpha or gamma
spectrometry.6_8 Counting time in these common radio-
analytical techniques is typically hours to days for one sample,
which together with the potential need for prior concentration,

<7 ACS Publications  © 2018 American Chemical Society 12246

radiochemical separation, and/or waiting for equilibration with
daughter nuclides for up to 30 days notoriously impedes rapid
processing of samples. Accelerator mass spectrometry (AMS),
thermal ionization mass spectrometry (TIMS), and inductively
coupled plasma mass spectrometry (ICPMS) have also been
used for **Ra determination and offer faster analysis time than
radioanalytical techniques. However, the developed methods
still require tedious concentration and separation procedures
prior to analysis in order to increase the Ra concentration and/
or remove interferences.”*””*~'3 For measurements of **Ra
by ICPMS, spectral interferences at m/z 226 can be caused by
polyatomic ions like *Sr'3*Ba*, 'SSW*Ar*, 27pblPE*,
28pb'80* and combinations of Mo and Xe isotopes.”**™*¢
Direct measurements of ***Ra have to date been limited to
methods with insufficient detection limits. For example, van Es
et al."” analyzed groundwater samples directly by ICPMS using
He as an unreactive collision gas for removal of interferences
by kinetic energy differentiation (KED). The detection limit
was 1 BqL™! (~27 pg L™"), which is insufficient for evaluating
drinking water quality in the US or EU. Evans et al.'® did an
online matrix removal with column chromatography before
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analysis with ICPMS, achieving a LOD of 0.05 pg L™ for
treated mine effluent samples in a 10 min procedure, but
preparations and troubleshooting are normally more time-
consuming for such a system than for direct measurements
with ICPMS.

Another option for online removal of interferences with
ICPMS is the use of a reaction gas such as O,, NH;, or N,O.
Gas reaction is generally more efficient than He-KED for
removing interferences, as either the analyte or the interference
is displaced to a different mass and better sensitivity is
achieved."* However, in a single quadrupole ICPMS, there will
be a variety of masses introduced into the reaction cell, giving a
high number of polyatomic products which can potentially
create new interferences. Triple quadrupole ICPMS (ICP-
QQQ) eliminates this problem as only the selected mass enters
the reaction cell, drastically reducing the possible formed
interferences and unwanted side-reactions from lower and
higher mass elements.

For geological samples such as soils and rocks, there is an
additional challenge for Ra determination by ICPMS, which is
to achieve complete recovery of the element from the sample
matrix. Sulfates of Sr, Ba, and rare earth elements (REE) are
very difficult to dissolve, and Ra can be present as inclusions in
such minerals.'®'® For Ra determination, digestion with
HNO,, HF, HCl, or combinations of these are commonly
used; however, this may not necessarily result in a complete
recovery of Ra from the sample** and consequently lead to
underestimation of the Ra content.

In order to overcome the current limitations of work-
intensive, time-consuming, and inaccurate measurement
procedures for environmental samples, the main aim of this
work was to develop a method for the direct measurement of
6Ra in water samples by ICP-QQQ. Solutions containing
common matrix elements were tested to evaluate potential
spectral interferences, and more complex waters were analyzed
to study the effect of high total dissolved solids on the
instrument response. Geological materials were analyzed after a
straightforward acid digestion, including certified reference
materials to assess the accuracy of the method.

Bl EXPERIMENTAL SECTION

Sample Preparation. Water. Water samples containing
26Ra were prepared by leaching of alum shale with synthetic
rainwater. Alum shale is a black mudrock with a high natural
content of **U and its daughters, including **Ra.”*" Alum
shale was collected in May 2015 from a tunnel blast during
construction work in the alum shale formation in Gran,
Hadeland, Norway. It was crushed with a jaw crusher and
sieved through a 2 mm mesh to remove bigger particles.
Synthetic rainwater was prepared with the same quality as rain
commonly falling in the sampling area.”” Leaching experiments
were performed with a 1:10 (w/w) crushed rock to synthetic
rainwater ratio for up to 1 year. The conductivity of the
leachates ranged between 0.02 and 0.7 mS cm™. The water
samples were acidified with 5% (V/V) concentrated, ultrapure
HNO; prior to ICP-QQQ analysis, and representative samples
of environmentally relevant characteristics were used for the
evaluation of the method’s precision and repeatability.

High-TDS Water. In order to study the effect of high total
dissolved solids (TDS) on the sensitivity of the ICP-QQQ
measurements, formation water from a Silesian underground
coal mine was tested. This formation water was used in an

interlaboratory comparison conducted in 2015 by the Silesian
Centre for Environmental Radioactivity, Central Mining
Institute (GIG) (Poland), which reported a **Ra content of
0.101 + 0.026 ng L' (3.70 + 095 Bq L7').”> The
conductivity of this formation water is 115 mS cm™, about
twice that of seawater and 3 orders of magnitude higher than
the alum shale leachates.

Formation water samples were prepared by diluting a total of
eight subsamples from three intercomparison study bottles 30
times with type I water (ASTM D1193-91 standard
specifications) followed by acidification (5% V/V HNO,)
and ICP-QQQ analysis. This dilution reduced the TDS of the
samples, but it was still 5—200 times higher than the alum
shale water leachates.

Geological Material. Three replicates of 0.2—0.3 g of alum
shale were weighed into Teflon tubes and digested with a
mixture of 2.0 mL of concentrated, ultrapure HNO; and 4.0
mL of H;PO, (BioUltra >85%, Sigma) at 260 °C for 40 min in
a Milestone UltraWAVE. This acid mixture was chosen
because heating of phosphoric acid above its boiling point
(158 °C) causes formation of pyrophosphate ion, which acts as
an excellent complexing agent,”* enhancing the extraction of
matrix elements. Indeed, Melgzurd20 demonstrated that this
digestion method gives a complete recovery of Ba and REE in
various soil reference materials, and a similar recovery was
expected for Ra. Digested samples were diluted to 50 mL with
type I water, followed by a further 15-fold dilution of a
subsample on the analysis day. Concentrated, ultrapure HNO;
was added to the samples to a final concentration of 5% (V/V).
The extra dilution was necessary to reduce the amount of TDS
introduced into the instrument. Additionally, triplicates of
certified reference material IAEA-448 (Radium-226 in soil
from oil field) and reference material IAEA-314 (**Ra, Th and
U in stream sediment) were prepared in the same manner as
the samples to check the accuracy of the method.

To correct for water content in the geological samples, dry
matter was determined by heating 2 g of material at 105 °C
overnight. Characterization analyses (see the Supporting
Information for details) showed that the alum shale contained
31 gkg™ S, 0.12 g kg' Sr, and 0.43 g kg™ Ba, which could
pose a problem if Ra is present in MSO, minerals.
Furthermore, 2*U activity in this alum shale was 1.34 +
0.02 kBq kg™ Alum shale was formed more than 450 million
years ago,Zl and secular equilibrium is expected; ie., the
activity of 2*U and its daughter *°Ra should be the same.

During this method development, the digested geological
samples (S0 mL) were left to settle overnight before
measurements to prevent undigested particles from clogging
the nebulizer. However, if there is an urgent need for results,
the samples can be centrifuged or filtered and measured on the
same day.

Measurements with ICP-QQQ. Instrument Settings.
Analyses were performed with an Agilent 8900 triple
quadrupole ICPMS, which has an octopole collision-reaction
cell positioned between two quadrupole mass filters (Q1 and
Q2). The instrument was equipped with a MicroMist nebulizer
(0.4 mL min™") and standard lenses and sample introduction
system (x-lens, nickel sample and skimmer cones, and a Scott
double pass (quartz) spray chamber).

Nitrous oxide (N,O) was used as reaction gas. The first
quadrupole (Q1) of the instrument introduces only mass 226
into the collision-reaction cell, where an oxygen atom is
transferred from N,O to Ra*. The last quadrupole (Q2) then
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selects mass 242 (**°Ra'®0*). In this way, spectral interfer-
ences are excluded and the mass spectrum is free of noise. N,O
has an oxygen affinity (OA) of about 1.8 eV and readily
donates an oxygen atom.'* To check the probability of the
reaction to occur, a product ion scan (PIS) was performed by
setting QI to mass 226 and Q2 to scan all masses from 226 to
275 (instrument settings and PIS are provided in the
Supporting Information). The greatest part of *°Ra reacted
to mass 242 (***Ra'®0"), with only 0.6% left unreacted at mass
226. When O, (OA of 5.2 eV) was tested as reaction gas, the
reaction efficiency only reached approximately 10%.
Instrument settings are presented in Table 1. Variation in
parameters is due to manual optimization of sensitivity on

Table 1. Instrument Settings for ICP-QQQ_Analysis of
2Ra in Water, High-TDS Water, and Digested Geological
Samples”

parameter setting

MS/MS

169 — 185 ("*Tm* — 'Tm'°0")
226 — 242 (**Ra* — Ra'®0*)
10 s for Ra; 0.25 s for Tm

scan type
monitored mass pairs (Ql — Q2)

integration time

replicates N

RF power 1600 W
sample depth plasma 7.5 mm
nebulizer gas flow 0.75 L min™"
spray chamber temperature 2°C

makeup gas flow 0.32-0.38 L min™"

collision-reaction cell

N,O flow rate 0.45 mL min~"
octopole bias =30V

axial acceleration 1V

energy discrimination =70V

deflect lens 5.0-54V

“Q denotes quadrupole mass filter.

different analysis days. Gas flows were tuned for the highest
sensitivity, while plasma conditions were adapted to a
somewhat complex matrix. An integration time of 10 s gives
one replicate, and 5 replicates constitute one measurement.
Standard and Test Solutions. Standard solutions of *°Ra
(1-2000 pg L7') were prepared from a **Ra certified
standard solution purchased from National Physics Laboratory
(UK) in type I water and 5% (V/V) HNO,. In addition, Ca**
(2 mg L"), Sr** (100 pg L"), and Ba®* (20 pug L") were
added to all standard solutions. These elements are expected to
have similar adsorption behavior to Ra and thus minimize its
adsorption in the sample introduction system. The second

highest standard (500 pg L™') and the calibration blank were
measured every 10 samples during the run to correct for
instrument drift. Standard solutions were stored in the dark at
4 °C between analysis days and compared to freshly made
standards to exclude storage effects.

Thulium (Tm, mass 169) was used as online internal
standard. Tm was expected to correct well for physical
interferences due to a similar low ionization energy as Ra (6.18
and 5.28 eV, respectively) and the same reaction efficiency for
accepting an oxygen atom from N,O. Tm was therefore
measured on mass 185 (1*Tm!'¢0*). Solutions of 10 and 30 ug
L™' Tm were used for water samples and more complex
samples (formation water, and digested soil and rock),
respectively. The internal standard was introduced online
and mixed with the samples (ca. 17 times dilution) before
reaching the nebulizer.

To study possible spectral interferences, solutions containing
Sr + Ba (1, 10, and 100 mg L"), W (0.01, 0.1, 1, and 10 mg
L™"), Pb (0.01, 0.1, 1, and 10 mg L™"; with and without 0.1%
HF), or 61 different elements (200 pg L™'; prepared from 714,
71B, and 71D Inorganic Ventures stock solutions) were
prepared with type I water and $% (V/V) HNO; and
measured in the same manner as ***Ra standard solutions.
Moreover, these solutions were also measured with no gas and
He in the collision-reaction cell, in both single quadrupole
mode (equal to regular ICPMS) and triple quadrupole mode
(MS/MS), to compare with N,O in MS/MS mode (instru-
ment settings provided in the Supporting Information).

Limit of Detection and Quantification. Limits of detection
(LOD) and quantification (LOQ) were calculated as 3 and 10
times the standard deviation of the blank concentrations,
respectively. In order to assess the capability of the method for
use in samples of environmentally relevant matrices, different
blanks corresponding to each type of samples were prepared
and measured in the same manner and in parallel to the
samples. Water blanks (26 replicates) were prepared by
acidifying type I water. Formation water blanks (S replicates)
were prepared from type I water and diluted 30 times before
acidification, and LOD and LOQ were estimated by calculating
back to the original sample volume. Geological sample blanks
(8 replicates) were prepared by adding only the acid mixture to
empty Teflon vials and then digesting and diluting as carried
out with the geological samples. The average mass of the
measured samples was used to normalize the LOD and LOQ
to dry solid mass.

Additionally, LOD and LOQ for water were calculated from
140 experiment blanks generated during the alum shale
leaching experiments. These blanks were synthetic rainwater
that had been through the same treatment as the leachate but

Table 2. Background Equivalent Concentration (BEC, in pg L™' *’Ra) Obtained for Interferences When Analyzing Different
Test Solutions without ***Ra in No Gas, He, and N,0 Mode and in Single (MS) and Triple (MS/MS) Quadrupole Modes

test solution

100 mg L™" Sr; 100 mg L™ Ba  %%§r'*Ba*

suspected interferences

BEC (pg L™ *Ra)
no gas He N,O
MS MS/MS MS MS/MS  MS/MS
<LOD <LOD <LOD <LOD  <LOD

10 mg L™ W 18WHOAr 520 4 4 <LOD <LOD
10 mg L™ Pb 208pp1EO* 89 62 S1 22 <LOD
10 mg L™' Pb w/0.1% HF 27pp 1ot 208pplEQ* 130 81 99 49  <LOD
200 pg L™" of 61 elements above-mentioned, *Ar,"*Nd"*, ¥Sr'*La*, $6sr'*Ce*, 2Bi'*O'H*, 18 7 6 <LOD <LOD

92Mo'3*"Xe*, and more
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not been in contact with the alum shale and should thus not
contain any 226Ra.

B RESULTS AND DISCUSSION

Testing for Spectral Interferences. Samples containing
high concentrations of Ra can have high Sr and Ba
concentrations due to their similar chemical behavior; thus,
the formation of %Sr'*Ba* was tested with solutions
containing up to 100 mg L. A further increase in
concentrations would likely affect the plasma and reduce the
signal causing a physical, not spectral, interference. Other
elements, such W and Pb, may not commonly be present in
high concentrations in water but can be elevated in digested
geological samples. Here, solutions containing up to 10 mg Lt
W and Pb were tested. However, if this method is to be used
on, for example, Pb or W ore samples, interferences at even
higher concentrations should be tested. The background
equivalent concentration (BEC) was measured for these and
other suspected spectral interferences in no gas, He, and N,0
mode, and the results for the highest tested concentrations are
presented in Table 2. The BEC is the level of interference that
would be caused by the element(s) at a given concentration,
i.e,, the apparent concentration of 226Ra.

Despite being mentioned as an important interference in
several studies,'”"® *8Sr'*Ba* did not cause an interference in
any of the gas modes tested here. Interferences from W and Pb
caused relatively high BEC for **Ra (up to 520 pg L™") in
both no gas and He mode, as seen by others,">'® but were
below the limit of detection in N,O mode. Similar interference
effects were observed for the solution with 61 different
elements, i.e., measurable BEC (6—18 pg L™!) in no gas and
He mode (MS) but below detection in N,O mode.

A peculiar note is the higher BEC for some solutions in
single quadrupole mode compared to MS/MS mode, especially
for the W solution. This indicates that some of the
interferences are largely formed after the plasma. If they
were formed in the plasma, the BEC should be the same for
both single quadrupole and MS/MS as the interference would
pass through both quadrupoles in the MS/MS mode. The
186W*Ar* interference is assumed to be formed from Ar gas
and W*. There will always be some neutral Ar gas present in
the vacuum system, and in single MS mode, W* will pass the
QI and react with Ar in the Q1, in the reaction cell, or in both.
In MS/MS mode, W* will not pass the Q1; thus, the reaction
can only happen in the plasma or in the ion path of the lenses
before Q1. This seems to happen to some extent in our system,
as there is a small interference also in no gas MS/MS mode (4
pg L' ?%Ra), but the higher interference level in no gas single
MS mode (520 pg L™! ?*Ra) implies that the reaction happens
to a greater extent in the QI and/or reaction cell.

Overall, these results demonstrate the advantage of using
N,O as a reaction gas for measuring *°Ra. The counts per
second measured for interference test solutions were no higher
than for the calibration blank; thus, using N,O as a reaction gas
efficiently removed all the tested polyatomic interferences that
caused a problem in no gas or He mode. This is because it was
not thermodynamically favorable for the interferences to
perform the same mass shift as Ra.

Linearity, Precision, and Repeatability. The response of
the method on a 3 orders of magnitude 226Ra concentration
range (Table 3) was linear (R* = 1), even when only the lowest
standards (1 and S pg L™") were considered (R* = 0.9996).
The high relative standard deviation (RSD; 32%) of repeated

Table 3. Concentrations of Standard Solutions and
Instrument Response for Measurements of **’Ra by ICP-

QQQ”*

prepared standard concentrations measurements
activity concentration concentration RSD
(Bq L) (pg L) n (pg L7 (%)
0.037 1 7 1.1 +04 32
0.18 N 6 4.6 +03 7
0.73 20 13 204 £ 1.5 7
3.7 100 14 104 £ 8 8
18 500 98 497 + 16 3
73 2000 9 2058 + 85 4

“The results are an average of measured concentrations from different
analysis days, some of which were months apart, with errors
representing one standard deviation of the measurements (1), and
RSD is the relative standard deviation.

measurements of the lowest standard (1 pg L™") reflects that it
is just below the quantification limit of 1.4 pg L™" for water
(see Overview of the Method).

The repeatability of the method was investigated with
repeated measurements of the same vials of two water, one
formation water, and two digested reference material samples
(Table 4). The vials were chosen to represent the range of

Table 4. Average of **Ra Concentrations for Repeated
Measurements (1) of Selected Vials with Representative
Water, High-TDS Formation Water, and Digested
Reference Material Soil Samples”

226Ra concentration in solution

sample matrix n average (pg LY RSD (%)
water (sample A) 3 6.5+ 0.8 12
water (sample B) 3 6.0 £ 0.5 8.4
diluted formation water N 4.0 + 1.0 25
digested soil (IAEA-314) 10 5.0 £ 04 8.3
digested soil (IAEA-448) 10 108 + 4 3.6

“The errors represent one standard deviation, and RSD is the relative
standard deviation.

sample matrices but otherwise randomly. The two water
samples (A and B) were taken at the same time point from two
different containers of the leaching experiments; thus, similar
matrix and **°Ra content were expected. At concentrations of
5—7 pg L7, the RSDs of the water and digested soil were
about 10%, which is acceptable for such low concentrations.
The RSD decreased to 3.6% for the 108 pg L™" digested soil.
The high RSD obtained for the formation water (25%)
demonstrates the challenges associated with high TDS content,
even after 30 times dilution. Lower RSD could be achieved by
diluting the samples further or by including a simple separation
step before analysis to reduce TDS.

Accuracy. The **°Ra concentrations measured in the
formation water and digested alum shale samples were 0.12
+002ng L™ (45 +06BqL™", n=8)and 35 + 2 ng kg™’
(1.28 £ 0.07 kBq kg™, n = 3), respectively. These values are in
good agreement with the interlaboratory comparison results
for the formation water (0.101 + 0.026 ng L™'; 3.70 + 0.95 Bq
L") and the alum shale ?*°Ra activity concentration estimated
from secular equilibrium with >*U (1.34 + 0.02 kBq kg™").
The reference activity concentrations of the IAEA materials are
within the 95% confidence interval of the measured activity
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concentrations for ***Ra (Table §). All together, these results
demonstrate that the chosen microwave-assisted digestion

Table 5. Reference and Measured (n = 3) *?Ra Activity
Concentrations (kBq kg™') of Two IAEA Reference
Materials

measured values (kBq kg™')

95%
reference reference activity activity confidence
material concentration (kBq kg™')  concentration interval
TAEA-314 0.732 0.63 + 0.07 0.47—0.79
TAEA-448 19.05 + 0.26 18.3 £ 0.7 16.6—19.9

conditions (40 min, 260 °C, HNO; + H;PO,) and ***Ra
determination methodology are suitable for determining
accurate **’Ra concentrations in water as well as in geological
materials.

Overview of the Method. A summary of the methods for
the different sample matrices is presented in Table 6. The
resulting method is fast, with 2 min of analysis time sample to
sample, and gives the opportunity for analyzing more than 150
samples in an 8 h working day. In fact, more than 250 samples
from the alum shale leaching experiment were measured in 12
h.

For geological samples, the limiting step is the digestion.
The UltraWAVE has capacity for 15 samples at a time, and the
total runtime of the digestion is about 1.5 h including cooling
down; thus, digestion and analysis of these samples can be
completed in about 3 h if they are filtered or centrifuged before
analysis instead of waiting for remaining undigested particles to
settle.

The samples size needed for analysis is small compared to
most radiochemical methods: 2 mL of the sample solution was
used for one measurement. For water samples, collection of a
larger sample volume (e.g, 8 mL) should however be
considered to allow for retesting. If the sample solution is
limited, using a total consumption nebulizer would reduce the
sample volume required for analysis to 0.2 mL or lower.'"'**°
For water with high TDS (e.g., seawater, produced water, or
formation water), <1 mL is sufficient as the sample must be
diluted. For geological samples with limited available sample
size, less than 0.2 g can be used with correspondingly lower
acid and dilution volumes. The proposed method for
geological samples can be applied to biological samples, but
HNO; would suffice for the digestion as sulfate minerals are

not present. Furthermore, LOD and LOQ are expected to be
lower for biological samples due to lower TDS in the digested
sample solution, allowing for about 15 times lower dilution.

The detection limit for the water samples in Table 6
corresponds to the instrumental detection limit. Higher
instrument sensitivity and thus lower instrumental LOD
could be achieved with other plasma settings and a more
efficient sample introduction system'**® but only for samples
with lower TDS.

Evaluating the Limits of Detection. Detection Limits
for Water. The achieved limit of detection for water samples at
0.42 pg L' (15 mBq L™") is complying with the requirements
for methods used for analysis of drinking water established by
the USEPA* and the EU® at 1 pg L' (0.04 Bq L™!). The
detection and quantification limits (Table 6) were calculated
using 26 acidification blanks, ie., a rather simple matrix.
Nonetheless, when using experimental blanks (n = 140) with
properties closer to real environmental sample matrices, the
LOD and LOQ were about the same at 0.55 and 1.8 pg
L~ 226R,, respectively.

These low detection limits mean that water can be evaluated
for drinking water quality for ***Ra with direct measurements,
with no concentration or separation methods, and with the
possibility for measuring several hundred samples per day. For
investigations that require even lower detection limits, the
sample can be concentrated and/or purified in a separation
step prior to analysis.

Several methods have been developed for concentration and
separation of 2%Ra in samples before analysis by ICPMS,
online or offline.”'*'*7'7?% These methods are often more
complicated than what is necessary before our detection
method, as the reaction with N,O in the ICP-QQQ means that
specific interferences, such as Sr and Ba that chemically follow
Ra, do not need to be removed. To lower the detection limit of
water samples with the presented method, a simple separation
or concentration procedure, e.g, cation exchange separating
monovalent from divalent cations, is thus expected to be
sufficient. The method of Kim et al.*® was successfully applied
to water samples in our laboratory.”” However, this method
was not specific enough to eliminate other divalent cations,
which can become a problem for more complex samples like
formation water where concentrations can be high enough to
cause physical interferences like ionization suppression in the
plasma. In this case, more sophisticated separation and
concentration methods would be needed. For example, both

Table 6. Overview of the Proposed Methods for Water, High-TDS Water, and Geological Samples®

water
sample size needed 2 mL (8 mL)
sample preparation acidification

2 min
>150 samples/8 h
>400 samples/24 h

analysis time (sample to sample)

sample throughput

limit of detection 0.42 pg L™
15 mBq L™!

limit of quantification 14 pgL7!
S1 mBqL™"

high-TDS water geological material

<1 mL 02¢g

acidification acid digestion (1.5 h/1S samples)
dilution (30%) dilution

2 min 2 min

>150 samples/8 h
>400 samples/24 h

for digested samples:
>150 samples/8 h
>400 samples/24 h

17 pg L™ 0.75 ng kg™
0.61 Bq L™ 27 Bq kg™!
S6 pg L' 2.5 ng kg™
2.1BqL™! 91 Bq kg™"

“Limits of detection (LOD) and quantification (LOQ) are calculated as 3 and 10 times the standard deviation of the blank concentrations,

respectively.
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Lagacé et al’ and Zhang et al.'’> present methods that
effectively removed divalent cations (except Ra) from seawater
and high salinity wastewater, respectively, and should hence
work for more complex samples before analysis with the
suggested method.

The International Atomic Energy Agency (IAEA) lists
absolute detection limits for different methods for determining
26Ra.! The absolute LOD for water obtained with the method
described in this work is 0.84 fg (equal to 2.2 X 10° atoms or
31 uBq), which is as low as the listed LOD for the most
sensitive method (TIMS, 37 uBq). This absolute LOD was
calculated using the sample volume (2 mL). With a total
consumption nebulizer, the volume consumed for analysis
could easily be lowered to 0.2 mL or lower,"""*** giving
correspondingly lower absolute LOD. Combined with
concentration or separation procedures, as described above,
the absolute detection limits could be further reduced.

Detection Limits for Formation Water. Formation water,
seawater, or other samples with high content of total dissolved
solids (TDS) must be diluted before measurements to avoid
physical interferences in the plasma, but as a consequence, the
concentration of ?*Ra may be reduced to below the
instrumental LOD. In our study, 30 times dilution was used
and the achieved limit of detection was 17 pg L™' (0.61 Bq
L") for the original sample, which is ca. 40 times higher than
for water that does not need dilution. The method for high-
TDS samples is hence only sufficiently sensitive for samples
with high content of *°Ra, like Marcellus Shale Wastewater,"
the formation water measured in this work, or similar. The
formation water had about twice the salinity of seawater; thus,
seawater samples could be diluted only 1S5 times before
measurements, meaning that lower concentrations can be
detected. Methods for concentration and separation of Ra in
samples for ICPMS measurements have been developed for
high-TDS samples”'* and could be applied before measure-
ments with the proposed method to reduce detection limits.

Detection Limits for Geological Samples. The achieved
limit of detection of 0.75 ng kg™' (27 Bq kg™') for geological
samples is higher than in several other methods used for the
determination of ***Ra, such as liquid scintillation counting
and alpha and gamma spectrometry,®’ yet the proposed
method is well suited for evaluation of environmental quality.
The estimated average of *Ra in the continental crust is
~0.90 ng kg™ (33 Bq kg™'), and soil concentrations in areas
with normal background (i.e, not areas with high natural
background) vary from 0.10 to 3.44 ng kg™ (3.7 to 126 Bq
kg™!)." Therefore, the proposed method is sensitive enough to
detect any elevated concentration of **Ra in soil and rock and,
being significantly quicker and simpler than other methods
commonly used,"”*” is excellent for emergency preparedness
where the goal is to quickly identify contaminated samples. It is
also suitable for determining whether a material should be
treated as radioactive waste, e.g, in Norway the limit for 226Ra
is 27 ng kg™ (1000 Bq kg™'). Nonetheless, as the sample size
in this method is relatively small, care must be taken to ensure
that the determined concentration is representative of the
larger sample, e.g., by running replicates. Alternatively, larger
sample containers can be used in the Milestone UltraWAVE,
allowing for larger sample size, however, at the expense of
sample throughput as fewer containers can be run simulta-
neously.

As mentioned, if a limited amount of sample is available, less
than 0.2 g of material can be used with correspondingly lower
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acid and dilution volumes, without affecting the detection
limits. Table 6 reports LOD for samples diluted 15 times more
after digestion to a total volume of 750 mL. A lower dilution
(10 times, SO0 mL final volume) gave the same RSD for
repeated measurements (data not shown), which would have
lowered the LOD. Nonetheless, the higher dilution was chosen
for these specific samples to reduce instrument drift. As for
formation water, methods for separation and concentration of
Ra from high-TDS samples can be applied after digestion to
lower the limit of detection.

Bl CONCLUSIONS

The proposed method using N,O as a reaction gas in an ICP-
QQQ can be used for environmental and public health related
monitoring of 226Ra, and the short analysis time enables a
quicker response to unexpected high levels in, e.g, drinking
water. To the authors’ knowledge, no other methods provide
results for 2*°Ra as fast and simple as the proposed method, for
neither water nor geological samples.

The use of microwave-assisted digestion with phosphoric
acid in combination with nitric acid resulted in a complete
recovery of **Ra from the tested geological matrices, and the
achieved limit of detection was sufficiently low to detect any
226Ra concentrations above background levels. The method for
geological materials could be easily adapted to biological
samples with an expected lower limit of detection.

The absence of concentration or separation steps eliminates
a source of uncertainty in the results that is associated with
most methods for ***Ra determination. In case of unexpected
instrumental problems, the small sample volume needed (ca. 2
mL) usually allows for reanalysis of a sample, something that is
often not possible when using techniques that require the
concentration of a large sample volume. Moreover, as the
method is rapid and requires low sample volume, it can be
used for screening a large number of samples and identifying
which are below the detection limit and need to be reanalyzed
after concentration and/or separation or, alternatively, using
radiochemical methods.

Additionally, the proposed method is expected to work for
228Ra with a similar limit of detection when measured in mass
concentration (pg L™'). Nevertheless, because of the shorter
halflife of **Ra (5.6 a), the detection limit in activity
concentration (Bq L7') will be considerably higher, and
interferences including **Th reacting to *2*Th'°O* will have to
be investigated.
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Alum shale characterisation analysis

The concentration of S, Sr, Ba and 2*U were determined in the alum shale samples used in the
method development. For determining total element concentrations in alum shale, ca. 0.25 g of the
debris were weighed into Teflon tubes and 5 mL of concentrated, ultrapure HNO; (when measuring
S and Sr) or a mixture of 5 mL HNO3; + 1 mL HF (when measuring Ba and U) were added. At this stage,
an aliquot of an internal standard solution (Rh) was also added. Samples were digested at 260 °C for
40 minutes in a Milestone UltraCLAVE and diluted to 50 mL with type | waters.

The digested samples were analysed with an Agilent 8800 Triple Quadrupole ICP-MS, switching
between He, O, and no gas in the reaction chamber to remove different interferences and
determine content of S, Sr, Ba and *®U (Table 5-1).

Table S-1: Elemental composition of the alum shale used in the leaching experiments. Concentrations represent average

measurements + one standard deviation.

Element Sample concentration

S 31+3 gkg!
Sr 0.12 +0.01 gkg®
Ba 0.43 +0.02 g kg®
=8y 1.34 +0.02 Bq kg™

Instrument settings for product ion scans
Product ion scans (PIS) were performed with N,O as reaction gas with the settings presented in

Table S-2.

Table S-2: Instrument settings when performing product ion scans (PIS) by ICP-QQQ.

Parameter Setting
Scan type MS/MS
Monitored mass pairs 226 - 226
226 - 227
226 - 275
Q2 peak pattern 20 points
Integration time 0.3s
Replicates 3
RF Power 1600 W
Sample depth plasma 7.5 mm
Nebulizer gas flow 0.75 Lmin™
Spray chamber temperature 2 °C
Makeup gas flow 0.39 Lmin™
Collision-reaction cell:
N,O flow rate 0.45 mL min™
Octopole bias -3.0V
Axial acceleration 1V
Energy discrimination -7.0V
Deflect lens 5.0-54V




Product ion scans (PIS)

Product ion scans (PIS) were performed in N,0 gas mode from mass 226 to 275 for the following
solutions: 10 ng L™* *°Ra, 100 mg L™ Sr + 100 mg L™ Ba (testing for interference from #sr'*Ba"), 10
mg L W (***W*°Ar*), 10 mg L™ Pb (*®®*Pb’®0") and 10 mg L™ Pb + 0.1 % HF (**’Pb*°F).

T Vit = 00 OO DCK

10 ng L'1226Ra

Figure S-1: Product ion scan for a solution with 10 ng L™ *°Ra. The main peak is found at mass 242 (ZZERGIEO*). A smaller

peak appears at 243 (possibly *°Ra™0'H") and 0.6 % of the signal is left at mass 226.

o Vit =0 TR

100 mg L't Sr+ 100 mg L1 Ba
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mesz]

Figure S-2: Product ion scan for a solution with 100 mg L% sr+100 mg L  Ba. Noise seen at mass 254 was considered
insignificant, otherwise no signal is observed between mass 226 and 275.
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Figure S-3: Product ion scan for a solution with 10 mg L™ W. Insignificant noise is seen at masses 242 and 262, otherwise no
signal is observed at other masses.
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Figure S-4: Product ion scan for a solution with 10 mg L Pb. The peak at mass 226 would cause interferences if 2Ra was

measured without mass displacement. No interference is observed at mass 242. A minor peak is seen at mass 227, and
noise seen at mass 243, 244 and 269 is considered insignificant.
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10 mg L' Pb w/ 0.1 % HF

Figure S-5: Product ion scan for a solution with 10 mg L' Pb with 0.1 % HF. The peak at mass 226 would cause interferences
ifzzsRa was measured without mass displacement. Noise seen at masses 242, 244 and 270 is considered insignificant, while

a few more counts are seen at mass 227.

Instrument settings for testing of interferences in no gas and He

mode

ICP-QQQ instrument settings used for testing spectral interferences on ***Ra* with He as a collision
gas and with no gas added in the collision-reaction chamber, in single quadrupole (MS) and triple
quadrupole (MS/MS) mode, are presented in Table S-3.

226

Table S-3: Instrument settings for no gas and He mode ICP-QQQ analyses used with test solutions containing suspected
spectral interferences.

Parameter No gas No gas He He
Scan type MS MS/MS MS MS/MS
Monitored mass pairs 169 - 169

226 - 226
Integration time 4 s for Ra; 0.25 s for Tm
Replicates 3
RF Power 1600 W
Sample depth plasma 7.5 mm
Nebulizer gas flow 0.75 L min™
Spray chamber temperature 2°C
Makeup gas flow 0.38 Lmin™
Collision-reaction cell:
He flow rate - - 55mLmin®  5.5mLmin"
Octopole bias -8.0V -8.0V -18.0V -18.0V
Axial acceleration ov oV 1V 1V
Energy discrimination 50V 50V 50V 50V
Deflect lens 16.2V 15.2V -1V -0.8V
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Abstract

When construction works are performed in alum shale areas, potentially acid-producing
debris will be exposed to rainwater and air. To investigate the leaching potential of alum
shale debris with respect to trace metals and radionuclides, one-year batch leaching
experiments were performed using rock material obtained from tunnel construction and
synthetic rainwater under atmospheric oxygen conditions (AOC) and low oxygen
conditions (LOC). Measurements of pH, En and sulphate indicated pyrite oxidation,
especially in the AOC, but the buffer capacity of the rock was not surpassed after 52 weeks
and pH in both treatment leachates was ~7.7. The leaching of 38 stable elements and the
radionuclides 226Ra, 232Th and 238U varied with chemical and mineralogical properties,
from 0.000009 % of Al to 22 % of Mo with respect to initial alum shale content. In
particular, leached Mo, Ni, Zn, Cd and U raised an environmental concern, as the
concentrations were 20-322 times higher than environmental quality standards. The AOC
treatment increased the leaching of Co, Cd, Mo and Zn 2-4 times compared to LOC, while
the leaching of 238U was about 20 % higher in the LOC treatment with lower Oz. The 226Ra
and Ba concentrations peaked after one week followed by a decrease, likely due to
(co-)precipitation of BaSOa4 as the sulphate concentrations in the leachate increased. In
general, the leaching rates decreased with lower Oz concentrations (LOC storage
conditions). When comparing these results to concentrations measured in water samples
from the road construction disposal site, the concentrations of Mn, Co, Ni, Zn, Cd and U in

the experiment leachates were 1-2 orders of magnitude higher, while the concentrations
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of NOs;, Cl, Na, As and Sb were 1-3 orders of magnitude lower. Nevertheless, these
findings confirm the importance of a proper waste disposal planning and managing of
alum shale and other acid-producing rock masses at construction sites. From this work,
we recommend to minimize oxygen access when storing such debris in water, and
monitoring pH, En, alkalinity and SO4?- and Ca levels for detecting changes in the storage
conditions that could lead to increased acid production and leaching of trace metals and

radionuclides.

Keywords

Alum shale, black shale, NORM, trace elements, acid rock drainage, neutral rock drainage

1 Introduction

Crushed rock produced in mining and construction work is a potential source to harmful
levels of naturally occurring radioactive materials (NORM) and stable trace elements to
the environment. Processing and storage of the rock alter its chemical and physical
properties, potentially increasing mobility, runoff and, ultimately, bioavailability of
harmful elements. Proper storage of acid-producing rock can be difficult and expensive
to achieve, and consequences of improper storage can be detrimental for the local
environment (Pipkin et al,, 2008). Local storage is preferable in order to avoid large
transportation costs and oxidation of debris during transit. At Gran, Hadeland, Norway,
alum shale from tunnel construction was re-used locally to fill an excavated bog
(Fjermestad et al., 2018). Measures were taken to keep the debris submerged in water,
and the disposal site was covered with a surface coating to reduce access to air. However,
if the disposal site has not been completely sealed, oxygenated water will enter and
contaminated water will leach out into the downstream river (Vigga), with potentially

large effects on the local environment.

Alum shale is a Cambro-Ordovician black mudrock (sedimentary rock) formed under
reducing conditions, which contains silicate minerals, organic matter (kerogen),
sulphides (such as pyrite, FeSz, and pyrrhotite, FeS) and carbonates (Falk et al., 2006;
Owen et al., 1990; Pabst et al., 2016). Alum shale is enriched in several trace elements
including Cd, Co, Cu, As, Ni, Zn, V, Mo, Ba and U. Uranium in unweathered alum shale is in
secular equilibrium with its daughter nuclides, and 226Ra (a highly radiotoxic

radionuclide) is thus present in the same activity concentrations as 238U (IAEA, 2014).
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Alum shales are typically acid-generating rocks, i.e., its neutralization potential (NP) to
acidification potential (AP) ratio is lower than 1 (Pabst et al., 2016). The NP is mainly
provided by carbonates, while the AP is normally originating from sulphide-containing
minerals like pyrite and pyrrhotite (Lawrence & Scheske, 1997). When alum shale is
exposed to air and water, oxidation of sulphide minerals will produce acid that can attack
the rock, resulting in acid rock drainage (ARD) with elevated levels of trace elements and
NORM. Therefore, the weathering of alum shale will depend on the storage conditions,
where higher release of harmful elements to water is expected to occur under
atmospheric oxygen conditions compared to when limited oxygen is available. Presence
of carbonates can buffer acid production from pyrite oxidation, but the pH will drop if all
the carbonate is consumed. Nevertheless, even without a pH drop, radionuclides and
metals incorporated in alum shale can be released during oxidation, leading to neutral

rock drainage (NRD) (Alloway, 2013; Appelo & Postma, 2010; Bierens de Haan, 1991).

This study aimed to investigate potential releases of relevance to man and the
environment from the reuse of alum shale in road construction, by assessing the leaching
potential of alum shale under different storage conditions. Unweathered, crushed alum
shale from Gran was leached with synthetic rainwater under atmospheric oxygen
conditions (AOC) and low oxygen conditions (LOC), and the leaching behaviour of 41
elements was investigated. Furthermore, leachate results from the two treatments were

compared to measured concentrations in the disposal site at Gran.

2 Materials and methods

2.1 Site description and sampling

At Gran, Hadeland, Norway, alum shale from tunnel construction was disposed of by use
as filling material under the planned road at the southern entrance of the tunnel
(Fjermestad et al, 2018). The disposal site is an excavated bog and thus below
groundwater level, chosen to ensure continuous submerging of the disposed alum shale.
The disposal site is thought to have a slow exchange of water and to drain mainly to the
small river Vigga. Tunnel blasts with >10 % alum shale were stored in the disposal site.
In total, about 66 500 m3 of alum shale and 10 500 m3 of other black shale were placed in
the bog.
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Alum shale debris was collected on 19/05/2015 from a tunnel blast in the alum shale
formation executed on the same day. Handheld XRF (Niton™ XL3t GOLDD+, Thermo
Scientific) was used to ensure that U-rich material was collected. The material was stored
for 6 months before the leaching experiments. Moreover, for comparison with laboratory
experiments, water from the disposal site was also sampled. At this time, i.e., 1 year and
2 months after the tunnel construction and storage of masses started, disposal of masses
was still ongoing and the site was an open pond. Conductivity and pH were measured
directly in the pond with a handheld multi-meter (Multi series, WTW). Unfiltered samples
were taken for analysis of anions, and for elemental analysis with inductively coupled
plasma mass spectrometry (ICP-MS), water was filtered in situ with 0.45 um membrane
filters (Millipore) and acidified to 5 % (V/V) with ultrapure HNOs. All water samples were

stored in the dark at 4 °C until analysis.

2.2 Chemicals

All chemicals used were analytical grade unless otherwise noted. Type I water (ASTM
D1193-91 standard specifications) was used for all applications. Synthetic rainwater was
prepared with the same quality as rain falling in Hurdal, 27 km in straight line from the
alum shale sampling point (Aas et al.,, 2015). The average ion concentrations and pH

(4.93) of the rainwater from 2010-2014 were used (Table S-1 in supporting information).

2.3 Experimental set-up

Alum shale pieces greater than 2 cm were selected and crushed with a jaw crusher to get
fresh rock surface, sieved through a 2 mm mesh, and stored in nitrogen over the weekend
before the start of the experiment. The debris was crushed in air, as this best simulates

what happens during construction works.

Batch experiments were performed with 150 g crushed rock to 1.5 L synthetic rainwater.
Three samples were kept open to the atmosphere (atmospheric oxygen conditions, AOC)
in 2 L Nalgene polypropylene bottles (Thermo Scientific). Another three were kept under
a nitrogen atmosphere (low oxygen conditions, LOC) in heavy-duty vacuum bottles of the
same size and material (Thermo Scientific) inside bags of oxygen-excluding material
(FireDebris Tubular Rollstock from Ampac). Septa were installed in the lids for sampling
of the LOC gas phase. The leachant for the LOC treatment was flushed with nitrogen for

about 1.5 hours before use, and the Oz concentration was measured (0.01 mg L1).
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Start-up of the experiment and sampling of water was performed in a nitrogen tent. The
setup did not completely exclude oxygen; thus, measurements of oxygen in both water
and gas phase are presented in section 3.2. One sample consisting of only artificial
rainwater (no debris) was prepared in parallel to each treatment, and treated, sampled
and analysed in the exact same way. These served as experiment blanks to monitor

contamination and other unintended effects in the experiment.

The samples were kept in the dark at 10 °C for 52 weeks and shaken by hand 2-3 times
per week to get all of the debris in suspension, i.e., in contact with the leachant. Water
aliquots for leachate quality analyses were taken out at 1 h, 24 h and at 1, 4, 12, 28 and
52 weeks after first mixing of water and rock, and the sampled volume was replaced with
synthetic rainwater. In the duration of the experiment, a total of 20 % of the leachant was
sampled and replaced. The gas phase of the LOC-samples was sampled before water
sampling and at additional time points using a syringe through the septum installed in
the bottle lids. Subsamples of the starting material (crushed alum shale) and leached
debris (air-dried at the end of the experiment) were characterized as described in

section 2.4.

2.4 Chemical analysis

2.4.1 Alum shale characterization

Total element concentrations were determined by ICP-MS after digesting (260 °C, 40 min,
Milestone UltraCLAVE) 0.25 g of debris in triplicate, with Rh added as internal standard.
The following acid mixtures were used: 5 mL HNOs (for Li, P, S, Ca and Fe), 5 mL HNOs +
1 mL HF (Mn, Cu, Zn, As, Mo, Cd, Sn, Sb and U), and 2 mL HNOs + 4 mL H3PO4 (Be, Na, Mg,
Al K, V, Cr, Co, Nj, Sr, Ba, La, Ce, Pr, Nd, Sm, Eu, Gd, Dy, Ho, Er, Tm, Yb, Lu, Pb, Ra and Th).
Digested samples were diluted to 50 mL with ultrapure water. Certified reference
materials NIST 2709a San Joaquin Soil and NSC ZC 73007 soil (all three digestions), NIST
2710a Montana I soil (only HNOs digestion), and NSC DC 73325 soil (only HF digestion)
were digested and measured in parallel to the alum shale. When determining 22¢Ra,
reference materials [AEA-314 (sediment) and IAEA-448 (soil) were used. Results for all

reference materials where within the uncertainties of certified values.

pH was measured in a 1+2 V/V mix of debris and water left overnight (handheld multi-
meter, Multi series, WTW). Organic matter (OM) was estimated from loss on ignition (LOI,

550 °C, overnight). Total organic (TOC) and inorganic (TIC) carbon in the debris were
5
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measured by coulometry. The TOC was only measured in the starting material and used
for geochemical characterization (see section 2.5). Particle size distribution was
determined for a 10 g sample, where organic matter had been removed by heating with
H202, by wet sieving through 0.06 mm (sand fraction) and separating silt and clay by
sedimentation according to Stokes’ law. Mineral composition was determined by powder
X-ray diffraction (XRD) on a D8 Discover (Bruker). The XRD diffractograms were
analysed for peak identification with TOPAS software using a reference spectra library

and quantified by the Rietveld refinement technique.

2.4.2 Leachate analysis

Leachate aliquots were collected using a syringe and divided into different subsamples.
Oxygen concentrations (FDO® 925 Optical Dissolved Oxygen Sensor), conductivity,
oxidation-reduction potential (ORP) and pH were measured immediately after sampling
on untreated aliquots (handheld multi-meter, Multi series, WTW). En was calculated from
ORP according to instructions from producer. Samples for ICP-MS, alkalinity, dissolved
organic carbon (DOC) and anion chromatography were immediately filtered using
0.45 pm polyethersulfone membrane syringe filters (VWR). Subsamples from 1 h and 4,
12, 28 and 52 weeks were also filtered through 10 kDa Amicon® Ultra-15 centrifugal
filters (Merck Millipore) for analysis of low molecular mass components by ICP-MS.
Samples for ICP-MS were acidified to 5 % (V/V) ultrapure HNOs, and all samples were
stored in the dark at 4 °C until analysis. Alkalinity was measured by colorimetry by
titration to pH 4.5 (ISO 9963-1:1994). Anions were quantified by ion chromatography
(Lachat IC5000 system, Dionex™ lonPac™ AS22-Fast IC column, Dionex AMMS™ 300 ion
suppressor, Thermo Scientific). DOC was determined with a TOC-VCPN analyser
(Shimadzu), but all samples were below the detection limit (DL) (1.8 mg L1).

2.4.3 ICP-MS analysis

Water samples from the disposal site, synthetic rainwater, alum shale leachates and
digested alum shale were analysed for Li, Be, Na, Mg, Al, P, S, K, Ca, V, Cr, Mn, Fe, Co, Ni,
Cu, Zn, As, Sr, Mo, Cd, Sn, Sb, Ba, La, Ce, Pr, Nd, Sm, Eu, Gd, Dy, Ho, Er, Tm, Yb, Lu, Pb, 232Th
and 238U using an Agilent 8800 Triple Quadrupole ICP-MS. Ge, In, Ir and Bi were added
online as internal standards. The instrument was switched between He, Oz and no gas in
the collision/reaction chamber to remove interferences. On each analysis day, an in-

house standard covering all analysed elements except Sn was analysed to check the
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accuracy of the analysis method. 226Ra was measured in the leachates and digested alum
shale with an Agilent 8900 Triple Quadrupole ICP-MS using N20 as reaction gas to

eliminate interferences. Full method details are described in Weersted et al. (2018).

2.4.4 Gas-phase measurements
Gas phase samples were analysed with an Agilent 7890A Network Gas Chromatograph to
determine the levels of Oz, N2, CHsand COz2. Results are only semi-quantitatively described

since the gas phase was exchanged with N2 during each water sampling.

2.5 Data treatment

Element concentrations of the starting material and 52-weeks leachate were used to
calculate the leached mass percentage of each element. For comparison with measured
alkalinity, the solubility of calcite (Ksp = 5x10-9) and measured (LOC samples) or
atmospheric (AOC samples) COz concentrations were used to estimate the alkalinity at
the experimental conditions (vanLoon & Duffy, 2011). The acidification and
neutralization potentials (AP and NP) of the debris were estimated by assuming that all
Sin the rock comes from sulphides behaving like pyrite, that the carbonates measured as
TIC behave like calcite, and that each mole of calcite can neutralize two moles of protons
(Lawrence & Wang, 1996; Pabst et al., 2016). Geochemical characterization of the alum
shale was performed by comparing AP, NP and whole-rock analysis data (elemental
composition, TIC and TOC) with an existing database of Cambro-Ordovician black

mudrocks from the Oslo region (Norway) (Pabst et al.,, 2016).

Analyses of experiment blank samples showed a contamination of Zn, V and Ba; therefore,
the average concentrations of the blanks were subtracted from the concentration of the
samples of the corresponding treatment. Moreover, one of the LOC samples showed an
unexpectedly high level of oxygen in both water and gas phases at 28 weeks. This was
associated with high concentrations of several elements, similar to the AOC samples.
Thus, data for this replicate was omitted for the two last sampling points, i.e., LOC data

for 28 and 52 weeks is the average of only two replicate samples.

Significant differences between treatments were evaluated by t-tests performed in excel.
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3 Results and discussion

3.1 Alum shale characterization

The organic matter (OM) concentration of the alum shale debris did not change during
the experiments (Table 1). Measured TOC of the starting material was 8.9 %, somewhat
higher than estimated from LOI (7.5 %). Measured TIC levels were similar to other acid-
production black shales in Norway (Pabst et al., 2016), and decreased from 0.29 % to
~0.25% after both leaching treatments. Since TIC represent the main part of the buffer
capacity of the debris, this slight concentration change reflects carbonate dissolution
and/or consumption by acid production. The pH rose from 7.31 in the starting material
to 7.48 inthe AOC and 7.36 in the LOC, thus increasing with the exposure to oxygen. While

the change was rather small, it was the opposite of what was expected.

Table 1: Loss on ignition (LOI), total inorganic carbon (TIC) and pH in the alum shale before (untreated)
and after 52 weeks leaching (AOC and LOC). Average *+ one standard deviation of replicate samples is
shown.

Treatment n LOI (%) TIC (%) pH
Untreated 13.0 0.29 7.31
AOC 3 131:03 0.25+0.06 7.48+0.01
LoC 3 131%01 0.25+0.01 7.36+0.03

Measured elemental composition of the alum shale (Table 2) generally falls within the
rather wide range of concentrations found in other Scandinavian locations (Falk et al,,
2006; Jeng, 1991, 1992; Lavergren et al., 2009; Pabst et al.,, 2016). The high standard
deviation for Ca (36 %) can be caused by the presence of carbonate nodules in the rock
(Pabst et al., 2016). The concentrations of Cr, Ni, Cu, Zn, As and Cd exceeded the
Norwegian limits for contaminated ground (Pollution Control Act, 2004), and since the U
concentration is above the 81 mg kg1 (1 Bq g1) limit, the alum shale is considered low-
level radioactive waste (Radiation Protection Act, 2016). The measured activity
concentration of 226Ra in the debris (1.28 * 0.08 kBq kg) corresponds well to the

estimate obtained assuming secular equilibrium with 238U (1.34 + 0.02 kBq kg1).
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Table 2 : Elemental composition (average + one standard deviation) of the untreated alum shale used in
the leaching experiments, percentage of the elements leached from the alum shale into solution under
atmospheric (AOC) and low (LOC) oxygen conditions after 52 weeks reaction, and concentration ratio of
AOC and LOC treatments at 52 weeks. For all analyses, n = 3.

AOC LOC
Alum shale leachate leachate
total concentration % of rock % of rock AOC/LOC?
Group 1 Li 31.3+£0.3 mgkg"’ 0.66 0.45 1.5%*
Alkali metals Na 3.23+0.03 gkg™ 11 1.0 11
K 42 £1 g kg 0.13 0.13 1.0
Group 2 Be 6.7+0.2 mg kg’ <0.0007 0.0008 T
Alkaline earth metals Mg 9.0+0.3 g kg™’ 0.94 0.85 11
Ca 13+5 g kg’ 9.5 8.8 1.1*
Sr 0.146 + 0.007 g kg’ 16 15 1.1
Ba 0.8+0.1 g kg™ 0.02 0.03 0.73***
226Ra 35+2 ng kg 0.12 0.09 1.3
1.28+0.07 kBqgkg"
Group 4-11 \Y 3.08+0.08 gkg 0.0006 0.0002 3.0
Transition metals Cr 0.14£0.03 gkg'’ 0.0001 0.0001 1.1
Mo 0.226 + 0.004 g kg’ 22 71 3.1
Mn 0.27+0.05 gkg'’ 6.3 5.6 1.1*
Fe 32+3 g kg’ 0.00009 0.0001 0.62*
Co 23.4+01 mgkg! 0.78 0.33 2.4%*
Ni 0.44£0.03 gkg'’ 1.2 14 0.84*
Cu 0.141 £ 0.005 g kg’ 0.007 0.004 2.0%*
Group 12 Zn 0.51+0.04 gkg"’ 1.8 0.43 4.2%*
Cd 11.2+0.8  mgkg™! 2.6 0.82 3.2
Group 13 Al 791 g kg’ 0.000009 0.00003 0.35™*
Group 14 Sn 3.67+0.06 mgkg"’ 0.002 0.0008 2.2t
Pb 47 £1 mg kg’ 0.0004 0.0004 1.0
Group 15 P 0.81+0.05 gkg"’ 0.0003 0.0009 0.311
As 88+4 mg kg™’ 0.009 0.003 2.9%*
Sb 19.1+0.8 mgkg' 0.70 1.0 0.68***
Group 16 S 31+£3 g kg™ 3.3 2.5 1.3**
Rare earth elements La 50+ 1 mg kg™’ 0.0001 0.0002 0.57*
Lanthanides and group 3 Ce 92+2 mg kg™’ 0.00007 0.0002 0.36*
Pr 129+04 mgkg’ 0.00009 0.0002 0.48**
Nd 47+ 2 mg kg™’ 0.0001 0.0002 0.58
Sm 94+0.2 mg kg 0.0003 0.0004 0.79
Eu 1.8+0.1 mg kg’ 0.001 0.001 111
Gd 9.1+0.3 mg kg 0.0007 0.0007 0.94
Dy 85+0.3 mg kg 0.001 0.002 0.87
Ho 1.88+0.05 mgkg"’ 0.002 0.002 1.1
Er 5.0+0.2 mg kg 0.002 0.002 1.1
Tm 0.75+0.01 mgkg"’ 0.002 0.003 0.83
Yb 435+0.04 mgkg"’ 0.002 0.002 1.2
Lu 0.66 +0.01  mg kg’ 0.002 0.002 0.99
Actinides 232Th 148+0.7 mgkg" <0.00004 0.0002 T
0.060 + 0.002 kBq kg
238y 107 £ 2 mg kg™’ 4.0 4.9 0.82***
1.34+0.02 kBqgkg"

aSignificance levels for t-test between AOC and LOC concentrations: *p < 0.1, **p < 0.05, ***p < 0.01, 1 t-test
not performed as at least one replicate was below the detection limit
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Geochemical characterization (see supporting information) places the sampled debris in
the 3alayer of the alum shale formation (Owen etal.,, 1990; Pabst et al., 2016), a layer that
is expected to be acid producing and have high concentrations of several trace elements
and NORM (U-series). Estimated NP and AP were 24 and 97 kg CaCOs eq t'1, respectively,
resulting in a NP to AP ratio of 0.25. This means that if the debris is stored in contact with
air and water, a pH drop is expected to occur when oxidation of sulphides have consumed

all the carbonates.

Particle size distribution analysis revealed that 86.6 % of the starting material was sand,
12.2 % was silt and 1.2 % was clay. Mineral composition derived from XRD analyses
showed no significant changes before and after leaching. Muscovite
(KAI2(AlSi3010)(F,0H)2, 43.7 %), quartz (SiOz, 19.2 %), pyrite (FeSz, 3.5 %) and calcite
(CaCOs, 2.4 %) were the main mineral phases. Amorphous material (30.9 %) was also
detected, and about half of it is accounted for by OM. The content of muscovite
corresponds to the measured K and Al in the debris, while the calcite accounts for the TIC
and 3% of the Ca. The pyrite concentration (3.5 %) is somewhat lower than what Jeng
(1991) measured in three unweathered, Norwegian alum shales (4.3-13.3 %), but higher
than the weathered sample they measured (0.8 %). Pyrite accounts for 50 and 60 % of
the Fe and S found in the alum shale. The molar relationship between Fe and S was close
to 1:2, confirming that pyrite (FeSz) is more dominant than pyrrhotite (FeS). The
remaining S can be present as sulphates and/or other sulphides (e.g., pyrrhotite,

sulphides with other cations than Fe).

3.2 Changes in physical-chemical variables

In the LOC samples, addition of the alum shale increased dissolved oxygen levels from
0.01to0 0.20 £ 0.07 mg L1 in the first 1 hour, likely caused by oxygen bound to the surface
of the crushed alum shale (Figure 1 a). Thereafter, the oxygen levels fluctuated between
0.3 and 0.9 mg L1, with the highest levels observed at 52 weeks. This was also seen for
the gas phase 02z (data not shown), which increased from about 0.4 % in the first week to
~3.5 % by the end of the experiment. Yet, it is still substantially below atmospheric levels
(21 %). For the AOC treatment, the initial leachant concentration was 8.4 mg L-1 Oz, which
increased to 9.00 + 0.02 mg L' at 1 hour due to surface-bound oxygen release and
equilibration with air. After this, the Oz concentrations varied between 9.5 and

10.1 mg L%

10
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Within the first hour, the leachate pH increased from 4.97 in the synthetic rainwater to
8.4 and 9.0 in the AOC and LOC treatments, respectively (Figure 1 b). The pH in the AOC
treatment dropped suddenly to 7.0 at 24 hours, followed by an increase to 8.0 at 4 weeks
before slowly decreasing to 7.7 at 52 weeks. The early pH drop can be due to precipitation
of Fe released from pyrite oxidation as (oxy)hydroxides, removing OH- from solution.
This early pH drop was also observed by Weersted et al. (in prep.) in other oxic leaching
experiments with the same alum shale batch, but was not seen in the LOC treatment
samples, possibly due to less Fe release from pyrite oxidation. Yet, the two leaching
treatments had similar pH from 4 weeks onwards, since the LOC treatment also showed

a slow decrease from pH 8.2 to 7.7 between 1 and 52 weeks.

Together with the measured pH, calculated En (ranging from 246 to 497 mV) placed all
leaching systems in the stability range of Fe(Ill) (Grundl et al., 2011), thus pyrite
oxidation was expected. In the duration of this experiment, calcite provided sufficient
buffering to keep pH circumneutral, and similar pH values have been observed in other
leaching experiments with alum shale from Gran (Fjermestad etal., 2017; Hjulstad, 2015;
Weersted et al., in prep.). Based on the low NP to AP ratio for this alum shale, we would
expect a pH drop in the long term, but these results demonstrated that it could be
postponed, or even avoided, by minimizing access to air and exchange of water in the
disposal site. Leaching experiments with other Scandinavian alum shales have resulted
in pH levels down to 2-3 (Falk et al,, 2006; Jeng, 1991; Yu et al,, 2014). In a 14 weeks batch
experiment, Jeng (1991) measured decreasing pyrite content of a calcareous alum shale
together with increased leaching of SO4%- and Ca during weathering experiments, but no

change in pH because of neutralization of the acid, as we see here.

The alkalinity of the leachate likely reflects dissolution of calcite (CaCOs) in the debris.
The alkalinity was similar for the two treatments at 1 hour and 4 weeks after initial
mixing, followed by a steady increase to 1.9 mmol L-! in the LOC samples during 52 weeks,
while the AOC samples stabilized at ~1.1 mmol L1 (Figure 1 c). This difference may
indicate a greater production of acid in the AOC samples due to pyrite oxidation.
However, the Pcoz in the gas phase of the LOC treatment also increased with time (data
not shown). At the end of the experiment, when the bottles had been closed for 24 weeks
(i.e, no gas phase exchange), measured Pcoz was about 5 times higher than the 390 ppm

atmospheric COz (Hartmann et al., 2013). Solubility calculations indicate that dissolved

11



309
310
311
312
313
314
315
316
317
318
319
320

321
322
323
324

HCO3" concentrations in both treatments were limited by solubility of calcite. Therefore,
the higher alkalinity in the LOC samples was likely due to the Pcoz increase, which
increases the solubility of calcite (vanLoon & Duffy, 2011), while the COz2 produced in the
open AOC samples equilibrated with air. Besides carbonate dissolution, increasing Pcoz
can indicate chemical or biological oxidation of organic matter in the presence of oxygen
(vanLoon & Duffy, 2011). Since the samples were not sterilized, biological activity could
have occurred in these systems, as also suggested by the elevated methane
concentrations measured in the gas phase (data not shown) (vanLoon & Duffy, 2011).
The highest methane concentrations (~1000 ppm) appeared between 4 and 28 weeks,
and were substantially higher than the ~2 ppm atmospheric Pcus (Hartmann et al., 2013).
After 28 weeks, methane concentrations were lower despite longer periods between

sampling points and thus exchange of the gas phase.

The conductivity reflects the total amount of ions in solution, and thus gives an indication
of the total leaching into the water under different oxygen conditions. From 4 weeks, the
conductivity in the AOC treatment was about 15 % higher than in the LOC treatment,

indicating greater leaching with higher access to oxygen (Figure 1d), as expected.

12
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Figure 1: Water quality parameters (a-d) and anions (e-h) in alum shale leachates of atmospheric oxygen
conditions (AOC) and low oxygen conditions (LOC) over time. Full (AOC) and dashed (LOC) lines are
connecting average concentrations, and the error bars represent one standard deviation of replicate
samples. For all data points, n = 3, except 28 and 52 weeks for the LOC treatment where n =2. The inset
graph in b) shows the pH in the first week.

Sulphate was, together with carbonates, the dominating anion in the leachate (Figure 1 e).
Leaching of sulphate is expected from both dissolution of sulphates and oxidation of
sulphides present in the debris. Sulphate increased greatly in both treatments up to four
weeks, then continued increasing at a slower rate. Concentrations were about 30 %
greater in the AOC than in the LOC experiments, indicating higher oxidation rates of
sulphides with greater access to oxygen. At 52 weeks, 3.3 % of the total S in the debris
had leached in the AOC treatment and 2.5 % in the LOC (Table 2).

A slight nitrate reduction from 1.3 to ~1.2 mg L -1 was observed already after 1 hour in
both treatments (Figure 1 f), and after 4 weeks concentrations were below or within

error of the detection limit (0.09 mg L -1). Nitrate was likely used by microorganisms, as

13
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it is an important nutrient, or consumed by reactions such as pyrite oxidation (Appelo &
Postma, 2010; vanLoon & Duffy, 2011). Chloride in the AOC treatment decreased to about
0.3 mg L -1 from the starting concentration of 0.46 mg L1, while the LOC treatment
concentrations were within error of 0.5 mg L1 (Figure 1 g). Fluoride increased from
<0.04 mg L1 in the starting water to about 0.30-0.35 mg L-! in both treatments (Figure

1 h). One possible source of F- is the muscovite.

3.3 Leaching of elements under different oxygen conditions

In general, the leachate concentrations of most elements increased abruptly in the first
hour after mixing, independently of the treatment. This can be an artefact of the crushing
of the alum shale, creating very reactive, fresh surfaces. At 52 weeks, more than 1 % of
the total debris content of Na, Ca, Sr, Mo, Mn, Ni, Zn, Cd, S and U had been released to the
aqueous phase (Table 2). Other elements, such as K, leached a smaller percentage of the
debris content, but still reached high concentrations in the leachate due to high rock
concentration. Elemental S concentrations in the leachate matched well the sulphate
concentrations (Figure 1) at all time-points, suggesting that all S in the leachates was

present as sulphate.

Leaching over time for selected elements is presented in Figure 2 and discussed in the
next sections. Measurements of the < 10 kDa fraction at 1 hour, 4, 12, 28 and 52 weeks
showed that > 90 % of these selected elements were present as low molecular mass
species in the leachate. Be, Cr, Fe, Cu, P and 232Th together with group 13, 14 and rare
earth elements (Table 2) leached in concentrations close to detection limits, resulting in
fractionation measurements associated with high uncertainties, and these results are

thus not presented.

14
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Figure 2: Dissolved (<0.45 pm) concentrations of selected elements leached from alum shale over time,
under atmospheric (AOC) and low (LOC) oxygen conditions. Full (AOC) and dashed (LOC) lines connect
average concentrations, and error bars represent one standard deviation of replicate samples (n = 3, except
28and 52 weeks of LOC treatment where n = 2). For the radionuclides (h and r), the secondary y-axis shows
activity concentrations (Bq L-1).
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3.3.1 Group 1 (Alkali metals)

Leached Li concentrations (Figure 2 a) were similar in the two treatments until 4 weeks,
and then the concentrations stabilized in the LOC and continued to increase in the AOC
treatment. At 52 weeks, Li was 46 % higher in the AOC than the LOC (p = 0.0002).
Comparing the aqueous concentration at 52 weeks to the elemental composition of the

debris, less than 1 % of Li leached in both treatments (Table 2).

The concentrations of Na and K (Figure 2 b and c) increased greatly the first week, then
stabilized or even slightly declined. Leaching of Na seemed to be unaffected by oxygen
access, while for K there were only small differences between treatments. K
concentrations (5-6 mg L'1) were almost twice as high as Na concentrations (3-4 mg L1).
K in the debris is likely exclusively contributed by muscovite, and is thus not readily
available for dissolution, reflected in that only 0.13 % of the K in the debris was released
in either treatment. The quick release in the first week can be an artefact from the
crushing of the debris causing damages to the clay structure. More K will be released in
the event of a pH drop, because the acid attacks the clay minerals, as seen by (Yu et al,

2014).

3.3.2 Group 2 (Alkaline earth metals)

The concentrations of Mg, Ca and Sr increased quickly the first week, and then continued
to increase at a slower rate (Figure 2 d-f). Leaching curves of Mg and Ca (Figure 2 d and
e) resembled that of SO42- (Figure 1 e), likely due to calcite dissolution. Mg, Sr and Ba can
be expected as impurities in calcite (Appelo & Postma, 2010; Gabitov et al., 2013), but can
also originate in other phases in the debris. The differences between the two treatments
were smaller for Mg and Ca than what was seen for sulphate, probably because the
solubility of calcite was higher in the LOC treatment due to the higher Pcoz. At 52 weeks,
almost 10 % of the Ca debris content had dissolved, but less than 1 % of the Mg (Table 2).
This, and the very similar leaching curves of the two elements, could indicate that the
fraction of Mg that has dissolved comes from Mg substituting Ca in calcite, while the

greater fraction of Mg in the debris is in another, less soluble, phase.

Leaching of Sr was a bit slower in the LOC compared to the AOC treatment, but the
concentrations in both treatments were about 2200 pg L1 in the last sampling point. The
solubility product of SrSO04 is 3.44 x 10-7 (25 °C) (CRC Handbook of Chemistry and Physics,

1993) which was not exceeded for either treatments in the duration of the experiment.
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At 52 weeks, the aqueous concentration of Srin the AOC treatment corresponded to 16 %
of the total Sr in the debris and in the LOC treatment 15 %, and Sr was after Mo the

element that leached the greatest fraction of the debris content.

Concentrations of Ba and 226Ra peaked at 1 week before decreasing, likely due to
precipitation of BaS04 and co-precipitation of 226Ra (Figure 2 g and h). The concentration
of Ba decreased somewhat slower in the LOC treatment - likely due to the slower release
of SO42-. The solubility product Ksp (BaSO4) = 1.07 x 10-10 (25 °C) (CRC Handbook of
Chemistry and Physics, 1993) was exceeded at every time point in both treatments. 226Ra
followed a very similar trend to Ba, but bigger standard deviations make it difficult to say
anything about differences of the two treatments beyond assuming that the true curves
may be similar to those of Ba. At 52 weeks, Ba was 27 % lower in the AOC compared to
the LOC (p = 0.003). Of the total debris content, 226Ra leached a higher percentage than
Ba (Table 2), but still only 0.12 % and 0.09 % in the AOC and LOC treatment, respectively.

3.3.3 Transition metals

The transition metals V (Figure 2 i), Cr, Fe and Cu showed very limited solubility with
<0.01 % leached at 52 weeks, while Co, Ni, Mn and Mo (Figure 2 j-m) leached 0.33 - 22 %.
Jeng (1992) observed very limited leaching of Cu and Fe from different alum shales when
pH was > 3. Fe3* is produced in the pyrite oxidation, but will precipitate as Fe
(oxy)hydroxides by the prevailing pH and En. Amorphous iron (oxy)hydroxides have a
great potential for scavenging a variety of other elements (Appelo & Postma, 2010;
Braunschweig et al., 2013), thus Fe is likely very important for the processes in the

leaching experiments even if dissolved concentrations are low.

Concentrations of V peaked early in the experiment and decreased quickly, potentially
linked to scavenging by iron (oxy)hydroxides (Braunschweig et al., 2013). The decrease
was quickest in the AOC treatment, but after 12 weeks the concentrations started
increasing again and at the 52 weeks sampling, the V concentration in the AOC was three

times that of the LOC (p = 5e-5).

Concentrations of Mo increased almost linearly in the AOC treatment, while the
concentrations in the LOC treatment stabilized at about 1600 pg L -1. At 52 weeks the
concentrations of Mo in the AOC was 3 times that of the LOC (p = 4e-5). Of the total Mo in
the debris, 22 % leached in the AOC treatment and 7.1 % in the LOC treatment. The
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approximately linear curve for the AOC treatment indicates that the leaching could
continue at the same rate for a prolonged time, and given that the greatest part of the
element is still in the rock, concentrations in a prolonged experiment would be expected

to be considerably higher.

Mn had very similar leaching curves to Ca and Mg, likely because it is often present as a
doubly charged ion and is a common impurity in calcite (Appelo & Postma, 2010; Rayner-
Canham & Overton, 2006). From 4 weeks onwards, leached Mn concentrations were
between 68 % (p = 6e-6) and 14 % (p = 0.07) higher in the AOC treatment than under
LOC. Concentrations increased logarithmically in both treatments following a similar
trend. At 52 weeks, 6.3 % of the total Mn in the debris had leached out in the AOC
treatment, and 5.6 % in the LOC.

There was a faster increase of Co in the AOC than the LOC treatment, but neither of the
treatments seemed to reach a stable concentration level in the duration of the
experiment. At 52 weeks, concentrations in the AOC treatment was 140 % higher than in
the LOC treatment (p = 0.001), and the aqueous concentrations corresponded to 0.78 %

and 0.33 % of the total Co concentration in the debris, respectively.

In the AOC treatment, Ni concentrations increased quickly in the beginning and stopped
abruptly at 12 weeks, where AOC concentrations were 160 % greater than LOC
concentrations (p = 9e-7). The concentrations in the LOC treatment increased slower, but
were 16 % higher than the AOC at 52 weeks (p = 0.08). At 52 weeks, 1.2 % of the Ni had
leached to the aqueous phase of the AOC treatment, and 1.4 % to the LOC.

3.3.4 Group 12

Zn and Cd exhibited similar behaviour to Mo (group 6), and the release rates were much
higher in the AOC compared to the LOC treatment (Figure 2 n and o). Indeed, these
elements exhibited the greatest concentration difference between the two treatments. At
52 weeks, the concentrations of Zn and Cd were, respectively, more than 4 (p = 7e-5) and
3 (p = 0.0007) times higher in the AOC than in the LOC leachate. The total Zn and Cd
leached was, respectively, 1.8 % and 2.6 % (AOC) and 0.4 % and 0.8 % (LOC).

3.3.5 Group 15
The group 15 elements P, As (Figure 2 p) and Sb (Figure 2 q) were behaving similarly by

having limited solubility or decreasing concentrations as a main characteristic of the time
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trend, possibly caused by scavenging by iron (oxy)hydroxides formed during pyrite
oxidation (Braunschweig et al,, 2013; Okkenhaug, 2012). The solubility of the elements
increased with mass, and for Sb up to 1 % of the total element concentration in the debris
was in the aqueous phase at 52 weeks. The solubility of the group 15 elements in the
disposal site might increase if pH decreases and scavenging by Fe ceases. The group 5
element V, which have a similar electron configuration, was also characterized by limited

solubility and decreasing concentrations.

3.3.6 Actinides

Activity concentrations of 238U (Figure 2 r) in the leachates reached much higher than
those of its daughter 226Ra (Figure 2 h), except at 1 and 24 hours where the activity
concentration of 226Ra in the leachate was higher than the one of 238U. After 4 weeks, the
rate of U release decreased, but concentrations were still increasing at the end of the
experiment and seemed to increase faster in the LOC samples. One explanation can be
less scavenging by Fe (oxy)hydroxides due to less pyrite oxidation, or increased solubility
because of the higher carbonate concentrations in the LOC treatment (Seder-Colomina et
al,, 2018; Stanley & Wilkin, 2019). The concentration at 52 weeks was 22 % higher in the
LOC treatment (p = 0.001). 3.7 % and 4.5 % of the total U in the debris had leached to the

aqueous phase at 52 weeks, in the AOC and LOC treatment, respectively.

3.4 Environmental relevance of results

The leaching experiment demonstrated neutral rock drainage (NRD). Even with a neutral
pH, several elements were leaching to concentration levels of concern, but if the debris is
oxidized to the point of a pH drop, the leaching of several elements is expected to
accelerate (Falk et al,, 2006; Jeng, 1992). Falk et al. (2006) collected weathered and
unweathered alum shale in the field in Oland, Sweden. They found substantially higher
concentrations of Cd, Cu, Ni, Zn and As in the unweathered rock compared to the
weathered, indicating that a great part of these elements has been released to the
environment. The greatest difference was found for Zn and Cd, where 80-85 % was
presumably lost. A leaching experiment with the unweathered rock, including a pH drop
to about 3, gave 10 times higher Ni, Zn and Cd concentrations than found in the present
work and 1000 times higher Cu. The concentrations especially increased after the pH
dropped below ~5. Solubility of Th is also greatly enhanced when pH falls below 2-3, and

substantial leaching from U tailings can occur due to acid rock drainage (Landa, 2007).
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The slower release of elements in calcareous alum shales is largely caused by less
weathering, and this will accelerate when the pH drops and acid attacks the rock and the
ferric ion (Fe3*) propagates the pyrite oxidation (Jeng, 1992; Singer & Stumm, 1970).
Furthermore, scavenging effects of Fe (oxy)hydroxides will cease, and elements that have
precipitated or been scavenged may become soluble as the pH decreases, causing a
sudden release of contaminants. When pH drops below about 5, Al becomes soluble, and
a possible major environmental problem (Endre, 2013; Rayner-Canham & Overton,
2006). An estimated 18 tons of dissolved Al leaches yearly into the fjord Kaldvellfjorden,
Southern Norway, from an upstream disposal site of acid-producing rock (Hindar, 2013).
Al can have a detrimental impact on aquatic life (Lydersen et al., 2002; Rosseland et al.,

1992)

Concentrations in the leachates at 52 weeks are compared with environmental quality
standards in Table 3. Mo, Ni, Zn, Cd and U are all much higher than the limits, and can be
expected to pose a serious environmental risk in such concentrations. These elements
were also still increasing in concentrations at the end of the experiment, except Mo in the
LOC treatment and Ni in the AOC treatment. While the increasing concentration curves
can indicate that concentrations will continue to increase for a long time, this also
depends on the binding of the elements in the rock minerals: if the remaining part of the
element is bound in minerals with lower reactivity or solubility, the leaching will slow
down. At some point, high concentrations in the aqueous phase might also slow down the
release rate, but exchange of water in the disposal site or decreasing pH can contribute

to keeping the rate of release high.
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Table 3: Environmental quality standards for selected elements and ratio of the leachate concentrations of
52 weeks for the atmospheric (AOC) and low (LOC) oxygen conditions to the standard. For leachate
concentrations exceeding the environmental quality standard, the ratio is emphasized in bold.

Element Limit Unit AOC/Limit LOC/Limit Country® Reference
Cr 34 ug L 0.006 0.005 NO b

Mo 73 ug L 68 22 CA c

Ni 4 ug L 126 150 NO+EU b.d

Cu 7.8 ug L 0.1 0.1 NO b

Zn 11 ug L 83 20 NO b

Cde 0.09 gLt 322 102 NO+EU b.d

Pb 1.2 ug L 0.02 0.01 NO b

As 0.5 ug L 1.6 0.5 NO b

238Y 15 yg L 29 35 CA °

a For the limits for Norway (NO) and EU, the annual average environmental quality standard (AA-EQS)
values are used. For the Canadian (CA) limits, the long-term concentration from the water quality
guidelines for protection of aquatic life is used.

b (Norwegian Environmental Agency, 2016)

¢ (Canadian Council of Ministers of the Environment, 2018)

4(EU, 2013)

e Limits for Cd depends on measured CaCOs concentrations

Concentrations of Cr, Cu and Pb were all below what is of environmental concern. For As,
it could be assumed that dilution downstream of the disposal site would make the As
concentrations of no concern outside the disposal site. While the AOC treatment seemed
to be the better choice regarding leaching of U, a strictly anoxic or reducing environment
keeping U in the IV oxidation state would severely limit solubility and mobility of U
(Lieser, 1995).

At Gran and similar sites, it can be assumed that water draining from the disposal site will
be diluted quite quickly downstream. Even so, concentrations after a 10 times dilution
would still raise concern for Mo, Ni, Zn, Cd and U, and even a 100 times dilution might not
be enough to mitigate the situation for Cd and Ni. Combined with already elevated
concentrations of these elements in the area of the disposal site (Skipperud et al., 2016),
the effect of dilution might not be enough to avoid environmental consequences

downstream of the disposal site.

The major part of the measured elements are assumed bioavailable, as they were present
as low molecular mass species. Bioavailability of several elements also greatly depends
on pH and ionic strength, and the effects on biota are often greater as pH and ionic
strength are reduced (Lydersen et al., 2002; Rosseland et al., 1992). Thus, dilution of the

leachate with water having neutral pH and high concentration of base cations like Ca is
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expected to decrease the toxicity, while dilution with e.g. rainwater might not have a
considerable effect. The water sampled in streams and lakes around the disposal site at
Gran has Ca concentrations of 40-130 mg L1 and pH of 7.9-8.7 (Skipperud et al.,, 2016).
This is high compared to many places in Norway as pH is often down to 5.0 and Ca
concentrations in lakes in some regions are on average below 0.6 mg L-! (Skjelkvéle et al.,
2012). Thus, the Gran area is likely less vulnerable to biological effects of alum shale
disposal than other regions with different conditions. Even so, if ARD develops, the
toxicity of the leachate can be greatly increased due to both increased leaching and the

lower pH.

3.4.1 Comparison with disposal site

Comparing concentrations at 52 weeks in the leaching experiment with water in the
disposal site gives some interesting results (Table 4). Measurements of pH, sulphate, Mg
and Ca were quite similar, indicating a similar overall water quality. The higher
conductivity in the disposal site is likely explained mainly by the higher concentrations

of NOs-, Cl- and Na and the somewhat higher concentration of SO4%-.

Nitrate was at least 2000 times higher in the disposal site than in the experiment, which
is likely related to residuals from explosives in the disposed tunnel debris (Fjermestad et
al,, 2018). As NOs- is an important electron acceptor, the high levels can contribute to
pyrite oxidation (Appelo & Postma, 2010) and delay the onset of anoxic or reducing

conditions in the disposal site.
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Table 4: Water quality and element concentrations measured in water collected at the disposal site at Gran
(average * one standard deviation; n = 1 for pH and conductivity, n = 3 for the rest of the measurements).
Concentration ratios to experimental measurements obtained under atmospheric (AOC, n=3) and low (LOC,
n=2) oxygen conditions are also presented. Concentrations were measured in samples filtered through 0.45
um, except for anions in disposal site water that were measured in unfiltered samples.

Disposal site AOC (52 w)/ LOC (52 w) /
disposal site disposal site
Water quality pH 7.65 1.0 1.0
Conductivity 1236 uS cm-! 0.55 0.48
SO4* 340 mg L 0.94 0.71
NOs 186 mg L <0.0005 <0.0005
Cr 23 mg L 0.043 0.026
Group 1 Li 20+0.2 pgL- 1.0 0.71
Alkali metals Na 99 +1 mg L 0.035 0.033
K 13+0.1 mg L 0.43 0.43
Group 2 Mg 12+0.4 mg L™’ 0.70 0.63
Alkaline earth metals  Ca 110+ 4 mg L’ 1.1 1.1
Sr 140+003 mglL" 1.6 1.5
Group 4-11 \ 2.4 +0.06 pg L 0.76 0.25
Transition metals Cr 0.14+0.03 gL 0.14 0.11
Mo 850+ 0.4 pg L 5.9 1.9
Mn 97 +2 pg L 18 16
Fe 44+07 ug L 0.64 1.0
Co 0.48+0.07 pglL" 38 16
Ni 43+0.2 pg L 117 140
Cu 0.26+0.02 gl 3.8 1.9
Group 12 Zn <2.6 pg L =354 285
Cd 0.13+0.006 gL’ 226 70
Group 13 Al 78+04 pg L 0.091 0.26
Group 14 Sn 0.12+0.002 pglL" 0.058 0.025
Pb 0.042 £ 0.0007 g L’ 0.48 0.40
Group 15 As 3.7+£0.07 pg L 0.21 0.071
Sb 90+ 0.4 pg L 0.15 0.22
Rare earth elements La 0.0087 £ 0.002 g L 1.1 1.3
Actinides u 73+04 pg L1 5.9 7.2

Several of the elements (Mo, Mn, Ni, Zn, Cd and U) that we expect to be high in alum shale
were much higher in the leachate from the experiment than in the disposal site. This
might be reflecting that the experiment had pure alum shale and the disposal site is filled
with tunnel blast having > 10 % black shales, and thus includes other rocks (Fjermestad
et al.,, 2018). Ni, Zn and Cd were more than 100 times higher in the experiment than in
the disposal site, while Mn and Co were more than 10 times higher. Mo and U were also

several times higher in the experiment leachates.

One the other hand, the alkali metals where generally higher in the disposal site

compared to both treatments, except Li that was quite similar. High Na concentrations
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likely originate from salting of roads in the area, which is reflected in the high Cl-
concentration. V, As and Sb, which all showed limited solubility in the AOC-LOC leaching
experiment, were present in higher concentrations in the disposal site. This might
indicate lower oxygen conditions leading to less pyrite oxidation and less scavenging by
Fe (oxy)hydroxides in the disposal site compared to the experiments, however, the high

sulphate concentrations indicate the opposite.

Be, Cr, Fe, Cu, Al, Sn, Pb, La and Th were all low in the disposal site, as also seen in the
laboratory experiment. Be and Th were around detection limits in both the disposal site
and in the experiment, and are not included in the table. Ba and 226Ra were not measured
in water from the disposal site, but as SO42- levels in the disposal site water were similar

to the experiment leachates, we expect low release and mobility of these elements.

Overall, it seems that the AOC and LOC treatments are more similar to each other than
either of them are to the disposal site. The most important reason for this can be that the
disposed rock masses has a great variation in content, while the debris used for the
experiment was part of one tunnel blast crushed down and thoroughly mixed before the
experiment, and the two treatments therefore had a shared starting point that was not
shared by the disposal site. Also, the debris-to-water relationship is higher in the disposal
site than in the experiments. Another important factor can be the presence of organic
matter in the disposal site, which is important for speciation and mobility of e.g. Ni, Zn,

Cd and U (Appelo & Postma, 2010; Moulin et al.,, 2004).

4 Conclusions

Improperly stored alum shale and other acid-producing rock can leach harmful amounts
of NORM and stable elements to the environment. The leaching experiments confirmed
the importance of storage under low oxygen conditions to protect the environment, as
the leaching of most elements was enhanced in atmospheric oxygen conditions. On the
other hand, Sb, Ba and U were released quicker in the low oxygen conditions, but for these
elements, the concentration differences were not so prominent. If sulphate
concentrations gets low, Ba and 226Ra mobility might increase due to reduced

precipitation of BaSOa.

Lower concentrations of sulphate under the low oxygen conditions (LOC) indicated less

oxidation of sulphides and thus lower production of acid compared to the atmospheric
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oxygen conditions (AOC). The buffering capacity of the tested alum shale prohibited a pH
drop over 52 weeks. As long as oxygen is available, acid rock drainage can however be
expected eventually, as the estimated neutralization potential of the debris was lower
than the acidification potential. This will in turn lead to substantially greater leaching of

several elements.

When choosing to store acid-producing rock submerged like in this case, careful
consideration of the specific site and rock is necessary to confirm the presence of desired
properties. The buffer capacity of the debris seen in this experiment can be crucial for
avoiding a pH drop in the disposal site while reducing conditions are establishing. Great
care should be made to avoid exchange of water in the Gran disposal site and similar sites,
both to reduce oxygen availability and to avoid spreading of contaminated water. Even if
the deposited alum shale is not kept absolutely oxygen free, the experiments with limited
access to oxygen demonstrated considerably slower leaching of several environmentally

important elements.
Supporting information
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1.1 Synthetic rainwater concentrations

Table S 1: Synthetic rainwater used for the leaching experiment, imitating rain in Hurdal 2010-2014 (Aas et
al, 2015)

S04~ NOs* NHst  Ca? Mg?* Na* CI- K* pH
mgL!' mgL'" mgL' mgL' mgL' mgL' mgL' mglL"
0.73 1.31 0.43 0.12 0.04 0.32 0.54 011 497

1.2 Geochemical characterization

The method of Pabst et al. (2016) for geochemical characterisation of Norwegian
Cambro-Ordovician black mudrocks is based on comparing whole rock analysis with a
database containing several hundred samples from the Cambro-Ordovician stratigraphy
collected in the Oslo area. Triangular plots as well as plots of acidification potential (AP)
vs. neutralization potential (NP) and Fe vs. S are used to see how the sample places itself

among the samples in the database.

The figures below show some examples of the plots used for geochemical
characterisation of the alum shale used for the experiment. The geochemical
characterization placed the collected alum shale batch in the 3a layer of the alum shale
formation, see Figure S 1 - Figure S 5. Though, for some parameters, the samples position
themselves in the 2 layer. In the figures, the bigger symbols represents the measured
replicates when characterizing the alum shale batch used in this experiment (AS1-AS6),
while the other points represent samples from the different horizons in the Cambro-
Ordovician stratigraphy, from a database collected by the Norwegian Geotechnical

Institute (NGI).
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Figure S 1: Selected triangular plots of samples from the Cambro-Ordovician stratigraphy in the Oslo area.
Black circles show the grouping of horizons. AS1-AS3 are replicate measurements of the debris used for the
AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic experiment. The arrow marks the
position of these samples. The other points represent samples from the different horizons in the Cambro-
Ordovician, from a database by the Norwegian Geotechnical Institute (NGI). Stot = total sulphur content.
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Figure S 2: Selected triangular plots of samples from the Cambro-Ordovician stratigraphy in the Oslo area.
Black circles show the grouping of the different horizons. AS1-AS3 are replicate measurements of the debris
used for the AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic experiment. The arrow
marks the position of these samples. The other points represent samples from the different horizons in the
Cambro-Ordovician, from a database by the Norwegian Geotechnical Institute (NGI). Stot = total sulphur
content.
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Figure S 3: Selected triangular plots of samples from the Cambro-Ordovician stratigraphy in the Oslo area.
Black circles show the grouping of the different horizons. AS1-AS3 are replicate measurements of the debris
used for the AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic experiment. The arrow
marks the position of these samples. The other points represent samples from the different horizons in the
Cambro-Ordovician, from a database by the Norwegian Geotechnical Institute (NGI). Stot = total sulphur
content.
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Figure S 4: Neutralization potential (NP) vs. acidification potential (AP) in Norwegian Cambro-Ordovician
black mudrocks. AS1-AS3 are replicate measurements of the debris used for the AOC-LOC leaching experiment,
and AS4-AS6 of the debris used for the cyclic experiment. The arrow marks the position of these samples. The
other points represent samples from the different horizons in the Cambro-Ordovician, from a database by the
Norwegian Geotechnical Institute (NGI).
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Figure S 5: Ratio of Fe to S in Cambro-Ordovician black mudrocks. AS1-AS3 are replicate measurements of the
debris used for the AOC-LOC leaching experiment, and AS4-AS6 of the debris used for the cyclic experiment.
The arrow marks the position of these samples.other points represent samples from the different horizons in
the Cambro-Ordovician, from a database by the Norwegian Geotechnical Institute (NGI). Stot = total sulphur
content.



85 1.3 XRD results including X-ray diffractograms
86  Results below show the XRD spectrum (blue line) and the fitted line for quantification
87  (redline). Results are in % of crystalline material, and thus higher than the results in the

88 article that are in % of weight.

89  The results for takovite were excluded from the article, as the concentration was very
90 low, the mineral composition did not fit with the measured elemental composition of the

91  debris and the mineral was not expected to be found in this area (Mindat.org, 2019).

92 1.3.1 Starting material
93 R-Values

94

95 Rexp : 9.51 Rwp : 17.83 Ro : 13.79 GOF : 1.87
96 Rexp': 23.38 Rwp': 43.83 Rp' : 44.60 DW : 0.65
97

98 Quantitative Analysis - Rietveld

99 Phase 1 "Muscovite 2M1" 63.2(10) %
100 Phase 2 : Quartz 27.8(8) %
101 Phase 3 : Takovite 0.4(5) %
102 Phase 4 Pyrite 5.1(3) %
103 Phase 5 : Calcite 3.5(4) %
104

106 Figure S 6: XRD spectrum of the alum shale starting material used for the leaching experiment.

107

108 1.3.2 AOC replicate A
109 R-Values

110

111  Rexp : 8.58 Rwp : 18.07 Rp : 13.81 GOF : 2.11
112 Rexp': 21.73 Rwp': 45.77 Rp® : 46.96 DW : 0.52
113

114 Quantitative Analysis - Rietveld

115 Phase 1 "Muscovite 2M1" 63.8(10) %
116 Phase 2 : Quartz 27.9(8) %
117 Phase 3 : Pyrite 5.7(3) %
118 Phase 4 : Calcite 2.6(4) %
119
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Figure S 7: XRD spectrum of alum shale from one sample after AOC treatment.

1.3.3 AOC replicate B

R-Values
Rexp 9.35 Rwp 17.68 Rp 13.51 GOF 1.89
Rexp': 21.80 Rwp : 41.19 Rp" 40.19 DwW : 0.65

Quantitative Analysis - Rietveld

Phase 1 "Muscovite 2M1" 62.7(9) %

Phase 2 Quartz 26.6(7) %

Phase 3 Pyrite 5.3(3) %

Phase 4 Calcite 5.4(4) %
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Figure S 8: XRD spectrum of alum shale from one sample after AOC treatment.

1.3.4 AOC replicate C

R-Values
Rexp 9.30 Rwp 17.87 Rp 13.68 GOF 1.92
Rexp : 21.48 Rwp ™ : 41.27 Rp" 40.50 DwWw : 0.59

Quantitative Analysis - Rietveld

Phase 1 "Muscovite 2M1" 62.3(9) %
Phase 2 Quartz 27.3(7) %
Phase 3 Pyrite 5.4(3) %
Phase 4 Calcite 5.0(4) %
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151 Figure S 9: XRD spectrum of alum shale from one sample after AOC treatment.

152

153 1.3.5 LOC replicate A
154 R-Values

155

156 Rexp : 9.16 Rwp : 18.06 Rp : 13.69 GOF : 1.97

157 Rexp': 21.64 Rwp': 42.67 Rp® : 41.67 DW : 0.59

158

159 Quantitative Analysis - Rietveld

160 Phase 1 "Muscovite 2M1" 65.3(10) %

161 Phase 2 Quartz 26.5(7) %

162 Phase 3 Takovite 0.1(5) %

163 Phase 4 Pyrite 5.4(3) %

164 Phase 5 Calcite 2.7(5) %
;ZE\J_,-___/L_Nl ,JWM, TR TR YO S TR TS S
- SR N ORI - ST, S S S
= I T e L e AU T

165 T o TEarias e R e

166 Figure S 10: XRD spectrum of alum shale from one sample after LOC treatment.
167

168 1.3.6 LOC replicate B
169 R-Values

170

171 Rexp : 10.17 Rwp : 17.48 Rp : 13.54 GOF : 1.72
172 Rexp': 24.01 Rwp': 41.28 Rp™ : 41.13 DWw : 0.77
173

174 Quantitative Analysis - Rietveld

175 Phase 1 : "Muscovite 2M1" 64.5(9) %
176 Phase 2 Quartz 27.8(7) %
177 Phase 3 : Pyrite 5.6(3) %
178 Phase 4 Calcite 2.1(4) %
179
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Figure S 11: XRD spectrum of alum shale from one sample after LOC treatment.

1.3.7 LOC replicate C

R-Values
Rexp : 9.65 Rwp : 17.36 Rp : 13.47 GOF : 1.80
Rexp': 23.78 Rwp : 42.80 Rp™ : 43.92 DWw : 0.69

Quantitative Analysis - Rietveld

Phase 1 : "Muscovite 2M1" 63.8(9) %
Phase 2 : Quartz 28.5(7) %
Phase 3 : Pyrite 5.4(3) %
Phase 4 : Calcite 2.3(4) %
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Figure S 12: XRD spectrum of alum shale from one sample after LOC treatment.
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Abstract

In recent years, there has been an increasing focus on the adverse environmental effects
from natural occurring radioactive materials (NORM). Acid rock drainage (ARD)
produced by debris from mining and construction work is a major environmental issue.
ARD can lead to release of both NORM and unwanted stable elements. Batch leaching
experiments with alum shale demonstrated that exchange of water will increase leaching
of elements whose mobility is limited by concentration effects, such as Ba and the
extremely radiotoxic, naturally occurring uranium daughter 226Ra. Periods of drying the
alum shale in air increased leaching of Li, V, Mo and 226Ra, increasing their mobility in the
environment. Acid production from sulphide oxidation did not cause pH values below 6.4
in the 28 weeks experiment. However, exchange of water lead to depletion of inherent
buffer capacity of the alum shale, which will increase the risk of ARD as well as likely

reduce the time before onset of ARD.

Keywords: Alum shale, black shale, leaching, acid/neutral rock drainage
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1 Introduction

The global population growth and rate of consumption in today’s society causes
increasing demand for raw materials, leading to extensive mining activity with
concomitant environmental issues. Rock debris from mining or construction work can be
a major source of naturally occurring radioactive material (NORM) and stable trace
elements. Storage conditions for debris from mining or construction work are critical for
weathering rates and consequently influence the release of contaminants into the
environment. Certain types of rock produce acid when exposed to air and water, which
greatly enhances release and mobility of a range of elements in a phenomenon termed

acid rock drainage (ARD) (Appelo & Postma, 2010; vanLoon & Duffy, 2011).

Alum shale is a sedimentary, Cambro-Ordovician black shale (black mudrock) formed
under reducing conditions. Black shales are found throughout the world, with
particularly large deposits in Northern Europe as well as Russia, North America,
Australia, China and Brazil (Alloway, 2013). Alum shale contains silicate minerals,
sulphides, carbonates and organic matter (kerogen), and is enriched with several trace
elements including Ba, V, Mo, Co, Ni, Cu, Zn, Cd, and As, as well as the uranium-series (Falk
et al, 2006; Owen et al, 1990; Pabst et al., 2016). The primordial NORM 238U in
unweathered alum shale is in secular equilibrium with highly radiotoxic daughter
nuclides such as 226Ra. As alum shale is excavated and weathering processes start,
sulphide minerals (like pyrite and pyrrhotite) in the alum shale can be oxidized, causing
production of acid. Carbonates in the rock (such as calcite) can neutralize the acid.
Consequently, the ratio of the (acid) neutralization potential (NP) to the acidification
potential (AP) is a very important property of rock masses to consider when choosing
conditions for storage (Lawrence & Scheske, 1997). Rock masses are considered
neutralizing when NP:AP is above 3 and acid-producing when the ratio is below 1, while

masses with ratio between 1 and 3 fall into the uncertainty zone (Pabst et al., 2016).

Improper storage of acid-producing rock debris can be detrimental for the local
environment (Pipkin et al., 2008). Different approaches can be used for storage to avoid
negative effects on the environment, and measures can be divided into active and passive
categories (Hindar, 2010). Passive measures are often taken to avoid or reduce
weathering of the material, and as such eliminate the generation of ARD. To reduce or

avoid weathering of the debris, passive measures will have to strictly limit the availability

2
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of water and/or oxygen as both are needed for the oxidation of sulphides (Appelo &
Postma, 2010). In contrast, active measures, such as water treatment, may become
necessary when passive measures have failed. Active measures are generally more costly

and require a long-term commitment.

One passive option is to store the masses in water, and cover the site with a tight top layer
to avoid the intrusion of air (Sgrmo, Breedveld, & Pabst, 2015). The water should not be
exchanged as that leads to oxygenated water coming in and contaminated water moving
out. This requires a completely sealed disposal site. Another passive storage option is to
add neutralizing material like shell sand or another source of carbonates to the disposal
site (Hindar, 2010). While weathering will occur, this material will neutralize the
produced acid and reduce mobility of several trace elements that are more soluble at
lower pH (Sgrmo et al,, 2015). However, even at neutral pH, NORM and stable elements
incorporated in the alum shale can be released during oxidation, in a process termed

neutral rock drainage (NRD) (Alloway, 2013; Appelo & Postma, 2010).

Avoiding exchange of water and intrusion of air can be difficult when storing rock masses
submerged in water, both in short and long term perspectives, and even carefully planned
disposal sites might not fulfil these criteria. Groundwater levels can fluctuate, and in dry
periods masses normally below the groundwater table can be exposed to air.
Additionally, debris from older mining and construction work has often been stored
without consideration of these issues, and continues to be at multiple sites around the

world today (see e.g. Dold, 2017; Falk et al., 2006; Stegnar et al., 2013).

This study investigates effects from improper storage of acid-producing alum shale using
batch leaching experiments with debris from construction work. The effect of exchange
of water on the leaching of the contaminants was investigated by cyclic exchange of the
leachant. Furthermore, the effect of fluctuating water levels in a disposal site was

simulated with cyclic drying and submerging of the debris.

2 Materials and methods

2.1 Materials
2.1.1 Sample description and handling

In 2013-2015 a road tunnel was constructed at Gran, Hadeland, Norway, cutting through

the alum shale formation (Fjermestad et al., 2018). Alum shale debris used in this study

3



90
91
92
93

94
95
96
97
98

99
100
101
102
103

104
105
106

107
108
109
110

111
112

113

114
115
116

originates from a tunnel blast in the alum shale formation performed on the 19/05/2015,
and was collected on the same day. A handheld XRF instrument (Niton™ XL3t GOLDD+,
Thermo Scientific) was used during sampling to ensure that alum shale with high content

of U was collected.

The alum shale debris was stored for 18 months before starting the experiment. The day
before the beginning of the experiment, approximately 1-2 cm big pieces were selected,
crushed with a jaw crusher, sieved (2 mm mesh size), and the finer fraction was collected.
The crushed debris was stored under nitrogen overnight until the initiation of the

experiment. This was done to obtain fresh rock surface for the experiment.

Geochemical characterization of this alum shale batch was performed earlier (Wersted
et al,, in prep.), by comparing whole-rock analysis data (elemental composition, total
inorganic carbon (TIC) and total organic carbon (TOC)) as well as calculated acidification
and neutralization potentials with an existing database of mudrocks from the Oslo region

(Norway), as described by Pabst et al. (2016).

2.1.2 Chemicals
All chemicals used throughout the work were analytical grade unless otherwise noted.

Type I water (ASTM D1193-91 standard specifications) was used for all applications.

Synthetic rainwater was prepared to match the specifications of rain falling in Hurdal, a
meteorological site within a 27 km radius of the alum shale sampling point (Aas et al,,
2015). The average ion concentrations and pH of the rainwater in 2010-2014 was used

(Table 1).

Table 1: Synthetic rainwater used for the leaching experiment, modelling rain in Hurdal 2010-2014 (Aas et
al, 2015).

SO.* NO;* NH4* Ca* Mg?* Na* Cr K* pH
mgL" mgL' mgL' mgL' mgL' mgL' mgL' mglL’
0.73 1.31 0.43 0.12 0.04 0.32 0.54 0.11 4.97

2.2 Experimental setup
Crushed alum shale (180 g) was mixed with synthetic rainwater (1.8 L) in batch

experiments. Four replicates were made for each treatment:
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Wet-dry cycles (DRY): Samples were exposed to wet and dry periods where the debris
was kept alternately in water (3 weeks) and air (2 weeks). The wet period was repeated
six times with dry periods in between (Table 2). During the dry periods, the debris dried
completely in about 10 days.

Wet-wet cycles (WET): The water of each sample was exchanged every five weeks

without drying the debris.

Samples were kept in the dark at 10 °C in open 2 L polypropylene bottles (Nalgene,
Thermo Scientific), covered loosely with plastic foil to reduce evaporation and risk of
contamination. All samples were mixed by shaking by hand 2-3 times per week. When
sampling intervals allowed it, bottles were shaken 48 h before sampling and left standing
to let the debris settle. At the end of each wet period, water was carefully lifted off the
solids using a peristaltic pump to minimize loss of particles. One sample consisting of
pure artificial rainwater (no debris) kept in parallel to each treatment was treated,
sampled and analysed in the exact same way to monitor contamination and other

unintended effects in the experiment.

Aliquots for analysis of the leachate were withdrawn at 1 h, 24 h, 1 and 3 weeks after
starting a cycle (i.e. after mixing debris with fresh synthetic rainwater) for both
treatments, and additionally at 5 weeks for the WET samples. The volume withdrawn
during sampling accounted for < 15 % of the total volume in each cycle, and was replaced
by synthetic rainwater. Subsamples of the starting material (crushed alum shale) and
leached debris (air-dried at the end of the experiment) were characterized as described
in section 2.3.

Table 2: Overview of treatment periods. Vertical lines marks the end of a cycle and addition of new leachant.

Grey areas represents the dry periods, and white areas the wet periods. Sampling points are approximately
marked by crosses.

Cycle 1 Cycle 2 Cycle 3 Cycle 4 Cycle 5 Cycle 6

Week| 1 2 3 4 5|6 7 8 9 10|11 12 13 14 15|16 17 18 19 20|21 22 23 24 25|26 27 28

WET | xxx X X | xxx X X | xxx X X | xxx X X | xxx X X | xxx X

DRY | xxx X XXX X XXX X XXX X XXX X XXX X
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2.3 Chemical analysis

2.3.1 Alum shale analysis

Total element concentrations were determined by inductively coupled plasma mass
spectrometry (ICP-MS) after digesting (260 °C, 40 min, Milestone UltraCLAVE) 0.25 g of
debris in triplicate with the following acid mixtures: 5 mL HNOs (for Li, S, Caand Fe), 5 mL
HNOs + 1 mL HF (Mn, Zn, As, Mo, Cd, Sb and U), and 2 mL HNO3 + 4 mL H3PO4 (Na, Mg, Al,
K, V, Co, Ni, Sr, Ba and 226Ra). Rh was added as internal standard. Digested samples were
diluted to 50 mL. Certified reference materials were digested and measured in parallel to
the samples: NIST 2709a San Joaquin Soil and NSC ZC 73007 soil (all three digestions),
NIST 2710a Montana [ soil (only HNOs digestion), and NSC DC 73325 soil (only HF
digestion). When determining 226Ra content, reference materials IAEA-314 (sediment)
and IAEA-448 (soil) were used. Results for all reference materials were within the

specifications.

The pH (handheld multi-meter, Multi series, WTW) was measured in a 1+2 V/V mix of
debris and water left overnight. Organic matter (OM) was estimated from loss on ignition
(LOI, 550 °C, overnight). Total inorganic (TIC) and organic (TOC) carbon contents in the
debris were determined by coulometry. TOC was only measured in the starting material.
Particle size distribution was determined for a 10 g sample, where OM had been removed
by heating with H202, by wet sieving through 0.06 mm (sand fraction) and separating silt
and clay (<0.002 mm) by sedimentation according to Stokes’ law. Mineral composition
was determined by powder X-ray diffraction (XRD) on a D8 Discover (Bruker). The XRD
diffractograms were analysed with TOPAS software to identify the peaks using a

reference spectra library, and quantified by the Rietveld refinement technique.

2.3.2 Leachate analysis

Leachate aliquots were collected using a syringe, and divided into different subsamples.
Conductivity, pH and oxidation-reduction potential (ORP) were measured immediately
after sampling on untreated aliquots (handheld multi-meter, Multi series, WTW). En was
calculated from ORP according to instructions from the manufacturer. Samples for
alkalinity, ICP-MS, dissolved organic carbon (DOC) and anion chromatography were
immediately filtered through 0.45 um polyethersulfone membrane syringe filters (VWR),

and subsamples for analysis of low molecular mass (LMM) components by ICP-MS were
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also filtered through 10 kDa Amicon® Ultra-15 centrifugal filters (Merck Millipore). The
samples were stored in the dark at 4 °C. Alkalinity was measured by colorimetry by
titration to pH 4.5 (ISO 9963-1:1994). Samples for ICP-MS were acidified with 5 % (V/V)
ultrapure HNOs. Anions were quantified by ion chromatography (Lachat IC5000 system,
Dionex™ IonPac™ AS22-Fast IC column, Dionex AMMS™ 300 ion suppressor, Thermo
Scientific). DOC was determined with a TOC-VCPN analyser (Shimadzu), but all samples
were below the detection limit (DL) (1.8 mg L-1).

2.3.3 ICP-MS analysis

Li, Na, Mg, Al, S, K, Ca, V, Mn, Fe, Co, Ni, Zn, As, Sr, Mo, Cd, Sb, Ba and 238U were determined
in synthetic rainwater, leachate and digested alum shale with an Agilent 8800 Triple
Quadrupole ICP-MS instrument. Ge, In, Ir and Bi were added online as internal standards
within the instrument. Alternately, He, Oz and no gas were used in the collision/reaction
chamber to remove interferences. To check the accuracy of the method, an in-house

standard covering all measured elements was analysed on each day of analysis.

Leachate and digested alum shale were analysed for 226Ra with an Agilent 8900 Triple
Quadrupole ICP-MS (Agilent Technologies), using the method of Weersted et al. (2018)

that utilizes N20 as reaction gas to eliminate interferences.

2.3.4 Data treatment
To estimate the total leached mass of each element, the masses in solution at the end of
each wet period were summed for each sample individually. This mass was used with the

concentration in the starting material to calculate the percentage leached of an element.

The acidification potential (AP) of the debris was estimated by assuming that all S in the
rock comes from sulphides behaving like pyrite, and the neutralization potential (NP)
was estimated from the TIC, assuming these carbonates behave like calcite (Pabst et al.,

2016).

As mentioned, one blank was kept in parallel to each treatment and treated in the same
way. There were detectable levels of Zn and Ba in these blanks, but the sample
concentrations were well above the detection limit (DL, 3x standard deviation of blank)

calculated from these blanks.

All figures and tables show average + one standard deviation of replicate samples. T-tests

were used for finding significant differences between treatments (Miller & Miller, 2005).
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3 Results and discussion

3.1 Alum shale characterization

Previous geochemical characterization placed the alum shale batch in the 3a layer of the
alum shale formation (Wersted et al., in prep.). This layer is expected to be acid
producing and have a high content of both NORM (U-series) and several stable trace
elements of concern (Owen et al., 1990; Pabst et al., 2016).

The minerals muscovite (KAlz(AlISi3010)(F, OH)z2), quartz (SiOz2), pyrite (FeSz) and calcite
(CaCOs3) were detected in the debris by XRD measurements (Table 3), and 31 % of the
material (by weight) was amorphous. The pyrite concentration is in the low range of what
Jeng (1991) found in three unweathered, Norwegian alum shales (4.3-13.3 %). The calcite
content of the rock decreased to about a third of the starting value in both treatments. No
change of the content of the other minerals was observed; also not pyrite despite
expected sulphide oxidation. The debris (crushed, as described in section 2.1.1) consisted

mainly of sand-sized particles (90.4 %), some silt (8.5 %) and very little clay (1.1 %).

Table 3: Mineral content of alum shale debris before and after leaching. All results are in percent of weight.

Treatment n Muscovite Quartz Pyrite Calcite Amorphous material
% % % % %

Untreated 1 42.2 20.8 4.3 1.7 31

WET 4 43+5 220+12 42+01 0.5+0.3 31+4

DRY 4 45+1 21.7+02 42+01 06+04 29+ 1

The measured TIC (Table 4) corresponded well with carbonate content calculated from
calcite content. TIC was reduced to less than half of the original value in both treatments
(p < 0.0009), supporting the observation of reduced calcite content. The content of TIC
and calcite represents the main buffer capacity of the debris, and is reduced by
dissolution and consumption by acid. TIC concentrations of both the untreated and
treated samples were similar to levels found in other alum shales in Norway, and in the

lower range of other Cambro-Ordovician black shales in Norway (Pabst et al., 2016).

The pH of the debris decreased by almost one unit from the starting material to the
leached debris for both treatments, likely reflecting acidification via oxidation of
sulphides and consumption of carbonate content during the experiment. Organic matter

(estimated by LOI) did not change in either treatment. It makes up less than half of the
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amorphous material in the sample, which also did not change. Measured TOC in the

starting material was 7.8 %, which is quite similar to the estimate from LOI (7.2 %).

Table 4: LOI, TIC and pH of alum shale debris used in the experiment.

Treatment n LOI (%) TIC (%) pH
Untreated 12 12.3 0.22 +0.02 7.53
WET 4 126+02 0.09+0.01 6.62 + 0.07
DRY 4 127+02 0.10%0.01 6.65 + 0.30

aFor the TIC analysis of the untreated alum shale, n=2

Estimated AP and NP for the untreated alum shale debris were 99.9 kg CaCOs eq t'! and
18.3 kg CaCOs eq t1, respectively. Thus, the NP to AP ratio is 0.18, and the debris is clearly

expected to be acid producing.

The concentration of 238U in the debris (Table 5) was higher than 1 kBq kg1, therefore,
the debris may be classified as (low-level) radioactive waste (in Norway)
(Stralevernsforskriften, 2016). Furthermore, the levels of Cr, Ni, Zn, As and Cd exceeded
the Norwegian limits for contaminated ground (Pollution Control Act, 2004).
Concentrations of the aforementioned elements and other important elements are
presented in Table 5, and fall within the rather wide range of concentrations measured
in Scandinavian alum shales (Falk et al., 2006; Jeng, 1991, 1992; Lavergren et al., 2009;
Pabst et al,, 2016). The measured muscovite content corresponds well with the K and Al
concentrations in the sample. Pyrite contributes 61 % of Fe and 72 % of S, while 76 % of
the Ca in the sample is from calcite. The S in the debris that is not accounted for by pyrite
can be present both as sulphates and as other sulphides (e.g. pyrrhotite or sulphides with
other cations than Fe), either in amorphous forms or in too low concentration to be
detected by the XRD measurements. There was a rapid release of SO42- in the beginning
(Figure 1 d), presumably indicating that at least some of the S was present as soluble
sulphates. As the calculations for estimating AP assume that all S in the debris is present
as sulphides behaving like pyrite, the presence of S as sulphates means that the AP has
been overestimated to some extent. However, as the environmental consequences of
underestimating the AP is greater than overestimating it, total S is commonly used for the
estimation (Dold, 2017). Using e.g. pyrite for the calculations could exclude other acid-
producing sulphides like pyrrhotite. The presence of pyrrhotite would imply a faster

reaction rate than for pyrite (Pratt et al., 1996).
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Activity concentration of 226Ra estimated from secular equilibrium with U
(1.37 £ 0.03 kBq kg1) was a bit higher than the measured activity concentration. This is
likely caused by one replicate for the 226Ra measurements being substantially lower than
the other two, reflecting the heterogeneity of the rock debris. The heterogeneity is also
reflected in the measured Ca concentration, with close to 30 % standard deviation, likely
due to presence of carbonate nodules in the rock (Pabst et al,, 2016).

Table 5: Total element concentrations of the alum shale debris before leaching, together with percent

leached in the two treatments and the ratio of the summed leached mass in the treatments. Data for samples
filtrated through 0.45 pum is used. For all measurements, n=3.

Alum shale WET DRY Ratio
total concentration % leached % leached DRY/WET
Group 1 Li 32+ 0.6 mg kg™ 0.98 1.2 1.24%%**
(Alkali metals) Na 3.3+0.2gkg" 23 24 1.03*
K 39+ 3 gkg 0.32 0.35 1.09***
Group 2 Mg 9.2+ 0.4 gkg™ 2.0 2.1 1.05%***
(Alkaline earth metals) Ca 8.8+23gkg"’ 26 25 0.96***
Sr 182 + 77 mg kg! 22 21 0.99
Ba 656 + 38 mg kg™'! 0.38 0.36 0.96**
226Ra 30 + 6 ng kg™ 0.63 0.76 1.22*
1.1+ 0.2 kBg kg™
Group 4-11 \Y, 29+0.2gkg"’ 0.00097 0.0013 1.38%***
(Transition metals) Mo 265 + 4 mg kg™ 14 18 1.28***
Mn 311+ 12 mg kg 8.9 8.6 0.96**
Fe 33+4 gkg <DL <DL
Co 22 + 2 mg kg™ 1.59 1.64 1.03*
Ni 366 + 27 mg kg’ 2.6 25 0.98
Group 12 Zn 564 + 112 mg kg™ 1.1 1.2 1.07*
Cd 12 + 2 mg kg™’ 4.0 4.4 1.10***
Group 13 Al 77 +4 gkg™ 0.00025 0.00026 1.06
Group 15 As 81+ 1 mg kg™ 0.018 0.019 1.02
Sb 20 + 0.4 mg kg 1.7 1.3 0.76****
Group 16 S 32+ 4 gkg' 4.4 5.0 1.14%**
Actinides 28y 110 + 3 mg kg’ 3.0 2.2 0.71%**

1.37 + 0.03 kBq kg’

Significance levels for t-test testing the difference between % leached in WET and DRY treatments: *p < 0.1,
**p < 0.05, **p < 0.01, ****p <0.001

3.2 Water quality parameters

Processes in the debris like pyrite oxidation and carbonate dissolution are expected to be
determining factors for a range of parameters in the leaching experiments, and are most
probably directly responsible for leachate pH. The lowest measured pH value in the

duration of the experiment was 6.5 (Figure 1 a), and pH was about 7.7 at the end of all
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cycles. This reflects that calcite was still available for acid neutralization at the end of the
last cycle. In the first cycle, pH increased from 4.97 in the artificial rainwater to about 8
at 1 h. Then, a sudden drop to 7.4 at 24 h was observed, before pH increased again to
7.8-7.9. This behaviour was also seen by Weersted et al. (in prep.), and might be caused
by precipitation of Fe (oxy)hydroxides from pyrite oxidation, removing OH- from
solution. Similar curves at somewhat lower pH values were seen for later cycles. The pH
in the DRY treatment seemed to be a bit lower than pH in the WET treatment, especially
at the beginning of the cycles. In the last cycle the pH values in the two treatments was

quite similar.

En values measured in the leachate varied from 360 to 490 mV, with no marked
differences between the two treatments. Together with the measured pH values, this
places the experiment conditions within the stability range of Fel and SVI0-142-, and
oxidation of pyrite (FellS2) was, thus, expected (Appelo & Postma, 2010; Grundl et al,,
2011).

Conductivity reflects the total amount of ions in the leachate, and, thus, gives an indication
about the total leaching from the debris to the aqueous phase for each treatment. The
increase in conductivity was faster in DRY than in WET for cycles 2-6 (Figure 1 b),
indicating that the drying period caused oxidation of the debris which lead to a higher
release rate of elements. However, due to the longer contact period in the WET treatment,
the difference between the two treatments were evened out and in total the DRY

treatment was just 2 % higher than the WET treatment (p = 0.03).

Alkalinity is a measure of the buffer capacity of aqueous solutions, and will, in this case,
mainly reflect dissolved carbonates from the calcite. Alkalinity gradually decreased from
cycle to cycle in the WET treatment, while for the DRY treatment, the alkalinity in cycle 2
was less than half of that in cycle 1, and leachates in following cycles all reached about
the same levels (~0.5 mmol L-1) (Figure 1 c). Similar trends were seen for pH. Summing
the measured alkalinity at the end of each cycle gives a total of 29 % less buffer capacity
in the DRY leachates compared to the WET (p = 2e-8). While the longer contact time in
the WET treatment gave more time for dissolution of calcite, the changes in calcite and
TIC content of the debris were about the same for both treatments, thus, the difference in
measured alkalinity was likely caused by greater sulphide oxidation in the DRY

treatment. When comparing TIC concentrations in the starting material with the debris

11
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after leaching, it was found that 19 mmol of carbonates were missing in the WET
treatment and 18 mmol in the DRY treatment. At the measured pH, aqueous carbonates
will mainly be present as HCO3-. Assuming that the measured alkalinity represents only
carbonates, the carbonates in the leachates at the end of each cycle added up to 9.0 mmol
in the WET treatment and 6.4 mmol in the DRY. Thus, a substantial amount of the buffer
capacity of the debris has simply been removed by changing the leachant, and has not
contributed to acid neutralization. This loss of buffer capacity was greater in the WET
treatment than in the DRY treatment, likely because of greater acid production and

carbonate consumption in the DRY treatment.

Sulphate concentrations increased more rapidly in the DRY compared to the WET
treatment in cycles 2-6 (Figure 1 d). In line with the alkalinity results, this suggests that
oxidation of sulphides happened to a larger extent in the DRY samples. This was also
expected from the greater oxygen access in the drying period. In cycles 2-6, sulphate was
about twice as high in the DRY treatment compared to the WET at the same time points.
The sum of leached sulphate in the whole experiment was 14 % higher in DRY compared

to WET (p = 5e-6).

Leachate concentrations of Cl-, NOs- and F- (Figures S1-S3) were negligible compared to
S04%. Cl- did not change much from the concentration of the synthetic rainwater (Table
1). Concentrations of NO3- decreased in each cycle from the concentration of the synthetic
rainwater (1.31 mg L-1), possibly indicating biological activity in the samples as NOs- is an
important nutrient. The reduction was greatest in the first cycles, and in the last cycles
there was about 0.5 mg L-! left at the end of the cycles. Concentrations of F- increased
from <DL (0.04 mg L-1) in the synthetic rainwater to about 0.3 mg L-! in the first cycle,
then lower concentrations were observed for each cycle and about 0.05 mg L-1 in the last

cycle. The F-might originate from the muscovite.

Overall, the measurements of pH, conductivity, alkalinity and sulphate in the leachate all
support the initial expectations of greater oxidation rate of sulphides in the DRY
treatment compared to the WET, but differences between the treatments seemed to be

greatest in cycle 2 and then get smaller for each cycle.

12
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Figure 1: Changes in water quality parameters with time in the cyclic leaching experiment. Each vertical
line represents the start of a new cycle. Full (WET) and dashed (DRY) lines are connecting average
concentrations of samples. The error bars represent one standard deviation of replicate samples. For all
sampling points, n=4.

3.3 Leaching of elements over time

All elements leached most rapidly in the first part of the first cycle, likely an artefact
resulting from crushing of the rock as hypothesized by Yu et al. (2014). Only for Ba similar
leaching rates were observed in later cycles. For most elements, there were statistically
significant differences between treatments (see Table 5), even where actual differences
were very small and not of any practical or environmental implications. Most elements
leached more in the DRY treatment despite shorter contact time with the leachant, thus
supporting the expectation of greater oxidation in the DRY treatment due to direct
contact with air. The higher release rate of an element in the DRY treatment indicates that
this element is released from a rock phase directly or indirectly affected by the drying
period, e.g., by increased oxidation. The only elements that leached considerably slower
in DRY compared to WET were U and Sb. The greatest leaching relative to debris content
over the course of the experiments was observed for alkaline earth metals Sr and Ca
(21-26 %), and transition metals Mn and Mo (8.6-18 %) (Table 5). Na, Mg, Co, Ni, Zn, Cd,

Sb, S and U leached a few percent of the debris content and the remaining elements < 1 %.

Results for selected elements are presented in more detail in the following sections.

13
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3.3.1 Alkali metals

The alkaline metals Li, Na and K were all released rapidly within the first week of the first
cycle, after which the release rate decreased. In the first cycle, K reached about 5.5 mg L1,
and then leached to lower and lower concentrations in the following cycles (Figure 2 a).
Leaching in cycles 2-6 was quicker in DRY than in WET, and in the end 9 % more leached
in the DRY treatment compared to the WET treatment (p = 6x10-7). Leaching behaviour
of Li (Figure S4) was very similar to K. Li concentrations reached almost 24 pg L-1 in the
first cycle, and in later cycles, 2-5 pg L1 in the DRY treatment and 0.7-3.5 pg L1 in the
WET treatment. Overall, 24 % more Li leached in the DRY treatment compared to the
WET (p = 10-¢). Thus, Li and K seem to originate from rock phases that are affected by the
increased oxidation in the drying period. All K in the debris can be accounted for by
muscovite, which is not expected to weather before pH drops considerably. However, as
only ~0.3 % of K was released in the experiment, it could also be originating from an

amorphous phase or a phase that was not sufficiently abundant for detection by XRD.

In the first cycle, Na (Figure S5) concentrations in both treatments reached about the
same concentrations as K. In the second cycle there was some release of Na
(0.8-0.9 mgL1), while in later cycles the concentrations barely exceeded the
concentration of the synthetic rainwater used as leachant (0.32 mg L-1). Over the course

of the experiment, 3 % more Na leached in the DRY than in the WET phase (p = 0.01).

3.3.2 Alkaline earth metals

The lighter alkaline earth metals Mg, Ca and Sr all exhibited similar leaching behaviour -
though at different concentrations levels - exemplified by Ca in Figure 2 b. Leaching was
quickest in the first cycle, but continued in the following cycles. Leaching was quicker in
the DRY treatment in cycles 2-6, but the longer contact time in the WET treatment made
the total % leached in both treatments quite similar for all three elements. Ca leached to
the highest concentrations of the three, with about 100 mg L1 in the first cycle and
19-38 mg L1 at the end of the following cycles. Mg reached just above 12 mg Lt in the
first cycle and about 1-3 mg L1 in the remaining cycles, while for Sr these numbers were
about 2 mg L't and 0.2 - 0.7 mg L1, respectively. Mg leached only about 2 % of the total
debris content while the other two more than 20 %. This could indicate that the fraction

of Mg that leached is associated with the same minerals as Ca and Sr, e.g. as replacement
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for Ca in calcite, which can also be the source of the Sr (Appelo & Postma, 2010; Gabitov

etal, 2013), while the main fraction of Mg is bound in a different phase.

Due to the high sulphate concentrations from the pyrite oxidation and dissolution of
sulphate minerals, leaching of the heavier alkaline earth metals Ba and 22°Ra was
expected to be limited by the solubility of BaSO4 and co-precipitation of 226Ra. The peak
concentrations of Ba were quite similar in all cycles and both treatments, but the peak
appeared at different time points, generally later in the WET compared to the DRY
treatment, and later in later cycles (Figure 2 c), as expected from the observed sulphate
concentrations. The points where the solubility product for BaSO4 (Ksp = 1.08 x 10-19,
25 °C) (CRC Handbook of Chemistry and Physics, 1993) is exceeded are marked with grey
(DRY) and orange (WET) circles in Figure 2 c. Ksp values can be slightly exceeded without
precipitation because the conditions in the leachate are different from standard
conditions; due to all the other ions in solution, the activity coefficient of Ba2+ and SO4*
can be below 1. Precipitation of BaSO4 was predicted at all sampling points in the first
cycle. For the DRY treatment, this was also the case for all of cycle 2 and the last part of
cycles 3-5. In the WET treatment, BaSO4 precipitation is expected in the last part of cycles
2 and 3, as well as in 2 out of 4 replicates at 5 weeks in cycle 4. In cycle 6, neither

treatments reached Ksp.

Leaching behaviour for 226Ra (Figure 2 d) was similar to what was observed for Ba, except
that 226Ra did not reach the same concentrations in later cycles as measured in cycle 1.
Furthermore, the total leached mass of 226Ra was 22 % higher in the DRY treatment
compared to WET (p = 0.01), while Ba leached 4 % less in DRY (p = 0.01). Almost half of
the difference between the total 226Ra leaching in the two treatments can be ascribed to
the steep decrease in concentrations in the first cycle, caused by increasing sulphate
concentrations and precipitation of BaSOs, resulting in lower concentrations at the end
of the first cycle of the WET treatment compared to the DRY treatment. At the same time,
a higher leaching rate of 226Ra in the DRY treatment in later cycles was observed, which
is likely an actual effect from the drying. The greater leaching of 226Ra in the DRY
treatment is opposite of what is expected from the sulphate concentrations. However,
this indicates that 226Ra is present in a phase that is sensitive to oxidation effects.

Differences in observed behaviour for 226Ra and Ba could be caused by different source
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phases in the alum shale or that they in fact are different elements. Both, leached Ba and

226Ra, amounted for less than 1 % of the total debris content.

3.3.3 Transition metals and group 12

While concentrations of Fe in solution were below DL (1 pg L1) for most of the time, Fe
was likely important for processes both in the debris and in the solution. As pyrite is
oxidized, Fe2* will be released to solution and oxidized to Fe3*, which has a low solubility
at circumneutral pH and precipitates as iron (oxy)hydroxides (Chandra & Gerson, 2010;
Singer & Stumm, 1970). Fe (oxy)hydroxides are important scavenging agents, and can

reduce leachate concentrations of a number of elements (Braunschweig et al.,, 2013).

Only about 0.001 % of V was released in both treatments, and aqueous concentrations
were below 2 pg L1 (Figure 2 e). In total, 38 % more leached in the DRY treatment
compared to the WET (p = 0.00002), making it one of the elements with the greatest
difference between treatments. Aqueous concentrations of V were clearly highest in the
first cycle, but for the DRY treatment the leaching seemed to speed up from cycle 2 to 6,
indicating that V was present in a phase sensitive to the drying period. V can occur as a
contaminant in pyrite (Mindat.org, 2019). Solubility of V can be limited by scavenging by
Fe (oxy)hydroxides, thus, pyrite oxidation can both increase and decrease V

concentrations.

For Mo, there was a clear difference between the two treatments (Figure 2 f). While
leaching slowed from cycle 2 to 6 in the WET treatment, it stayed the same in the DRY
treatment. In total 28 % more leached in that treatment (p = 3x10-¢). Thus, Mo is likely

also released from a phase that is sensitive to the drying period.

Leaching curves for Mn (Figure S8) were very similar to those for the lighter alkaline
earth metals (Mg, Ca and Sr, see Figure 2 b), likely because it is often present as a
bivalently charged ion and is a common impurity in calcite (Appelo & Postma, 2010;
Rayner-Canham & Overton, 2006). The concentrations reached about 1.5 mg L1 in the
first cycle, and 0.15 - 0.4 mg L1 in the rest of the cycles. As seen for Mg, Ca and Sr, Mn was
released quicker in the DRY than in the WET treatment in cycles 2-6, but the overall
difference between the treatments was rather small with 4 % greater release in the DRY

treatment (p = 0.01).
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Cd concentrations peaked after 1 week in the first cycle at close to 45 pg L1 in both
treatments (Figure 2 g) after which the concentrations decreased. In the following cycles,
the Cd concentrations reached about 3-7 pg L-1, with only small differences between the
two treatments and slightly lower concentrations for each cycle. Very similar leaching
behaviour was observed for Co, Ni and Zn (Figures S9-S11), though at much higher
concentrations of Ni and Zn, and lower of Co. Ni peaked at almost 800 pg L1 in the first
cycle, and in the following cycles the highest measured concentration decreased from
~110 pg L1 in cycle 2 to ~40 pg L1 in cycle 6. Zn peaked at about 500 pg L't in the first
cycle and reached 40-140 pg L1 in the following cycles, while for Co these numbers were
about 26 pg L1 and 2-5 pg L3, respectively. Of these four elements, Cd exhibited the
greatest difference between the treatments with totally 10 % greater leaching in the DRY
treatment. While this difference was significant (p = 0.002), it seemed to be unrelated to
the drying period of the rock, as most of it was caused by the shorter first cycle for the
DRY treatment, and, thus, less reduction in concentrations. Similar statements can be

made about the differences for Co, Ni and Zn displayed in Table 5.

3.3.4 Group 15

Concentrations of As were very low, with maximum concentrations below 0.6 pg L1 in
the first cycle and lower concentrations in the following cycles (Figure S12). While
leaching was quicker in the DRY treatment compared to the WET treatment for the last
three cycles, indicating that the drying period had an effect on the release of As, the total
mass leached in the two treatments was the same. When leaching black shale, Yu et al.
(2014) observed low leaching of As as long as pH was above 3, and up to 1000 ug L1 As
in the leachate atlower pH values. Thus, we could likely have expected increased leaching

of As if the system had reached low pH values.

The total mass of Sb that leached in the duration of the experiments was 24 % lower in
DRY compared to WET (p = 6x10-¢). In cycle 2 and 3, concentrations in WET increased
faster than in DRY, possibly because of limited scavenging by Fe (oxy)hydroxides due to
less pyrite oxidation. In the later cycles, the leaching rate was the same in the two
treatments, but the longer contact time caused higher leaching in WET compared to DRY

(Figure 2 h).
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3.3.5 Uranium

The total leached mass of U was 29 % lower in the DRY compared to the WET treatment
(p = 0.0001). This difference seemed to be caused only by the different contact time
between debris and leachant in the two treatments, as the leaching curves followed each
other in all cycles (Figure 2 i). Thus, leaching of U seemed to not at all be affected by the

drying periods.

3.3.6 Fractionation

From the measured dissolved (<0.45 pm) and low molecular mass (LMM, <10 kDa)
fractions, the colloidal fraction (= dissolved - LMM) can be calculated. Colloids in the
leachates can for example be finely crushed alum shale particles, newly formed
precipitation products or results from flocculation and scavenging by Fe. Of the elements
measured in the leachates, most were present as 95-100 % LMM species. S, K, Ca, As, Sr,
Mo, Cd and Ba seemed to have a minor colloidal fraction, sometimes up to 10 % of the
dissolved element concentration. The LMM fraction of 226Ra was only measured in a few
time points (end of cycles 3-6 for WET and 4-6 for DRY), but indicated that 226Ra as
expected mainly was present as LMM species. U, on the other hand, had up to 90 %
colloidal fraction at the beginning of the cycles, though < 10 % in the end of the cycles
(Figure 3). This cyclic variation can mainly be ascribed to lower dissolved concentrations
of 238U in the leachate in the beginning of the cycles, but there was also a decreasing trend
in colloidal concentrations in each cycle with 1-3 pg LI in the beginning of a cycle and
about 0.5 pg L1 later in the cycle - except in cycle 1, where calculated colloidal

concentrations were up to 18 pg L.
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Figure 3: Percentage colloidal fraction of 238U with time in the cyclic leaching experiment.

3.4 Implications for storage of acid-producing rock

The highest release rate of the measured elements occurred in the first cycle, while in
later cycles the release rate was slower. As already mentioned, this can be an artefact
caused by crushing of the rock that creates very reactive fresh surfaces. These findings
suggest that if rock masses are stored in water, there will be an initial release of a range
of elements in high concentrations. Then, slower release rates can be expected - at least

until the buffer capacity is exhausted and ARD develops.

No significant change in the pyrite content of the debris was observed in either treatment,
even though the water quality parameters quite clearly indicated pyrite oxidation, and
the prevailing conditions (i.e., measured pH and En values) also favoured oxidation of
pyrite. However, the leaching of S only accounted for 4.4 and 5.0 % of the total S in the
debris in the WET and DRY treatment, respectively, and a part of this is likely accounted
for by dissolution of sulphate minerals. Thus, only a small fraction of the pyrite may have
been oxidized, explaining the lack of significant change in measured mineral content.
Leaching experiments with other Scandinavian alum shales have resulted in pH levels
down to 2-3 (e.g. Falk et al,, 2006; Jeng, 1991; Yu et al., 2014). In the long term, a pH drop
is also expected for the alum shale from Gran in the conditions tested in this experiment,
as pyrite content was basically unchanged while the buffer capacity was > 50 % depleted.
The original AP to NP ratio of 0.18 also illustrates this. Based on the observed release of

S and measured TIC in the debris after treatments, new estimates for NP:AP are 0.08 and
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0.09 for the debris from the WET and DRY treatment, respectively. The slightly lower
estimate for WET reflects that while the pyrite oxidation (approximated by the S release)
seemed to be slower in this treatment, the reduction in buffer capacity was about the
same, due to the exchange of water. Thus, when the buffer capacity eventually is depleted,
more pyrite is expected to be leftin the WET treatment, giving a higher resulting potential

for acid production.

As mentioned, rock with NP:AP > 3 is considered neutralizing (Pabst et al., 2016).
However, depending on local practice and regulations, a smaller uncertainty zone can be
used, and some places rocks with NP:AP > 1.2 are considered safe (Dold, 2017). For
calculating the NP, the measured carbonates were all assumed to be calcite - which fits
well to the XRD results in this case - and each mole of calcite were expected to neutralize
two moles of protons (Lawrence & Wang, 1996; Pabst et al., 2016). However, because the
pKai for carbonic acid is 6.3, the pH will be below 6.3 when all carbonates are spent for
neutralization - which is often lower than the optimal pH in a disposal site (Dold, 2017).
Thus, Dold (2017) argues that when calculating NP, only one mole of protons should be
assumed neutralized per mole of calcite. Using this assumption, estimated NP to AP ratio
of the alum shale starting material used in this experiment is 0.092. This rock debris is
considered clearly acid-producing in either case, but if dealing with rock masses close to
being considered safe (and especially if 1.2 is used as the “safe” ratio for NP:AP), this
difference in calculations can be crucial. It should be noted that another consequence of
protonating HCOs3- at low pH is outgassing of the greenhouse gas COz from the disposal

site.

If there is any exchange of water in a disposal site, dissolved carbonates can be
transported out and buffer capacity is lost, as was seen when exchanging the water in
both treatments. This means that a large fraction of the assumed buffer capacity of calcite
can be lost without contributing to neutralization of acid. Thus, these results clearly show
that if a disposal site is not completely sealed, the effective NP of the rock masses can be
lower than expected, supporting Dold’s (2017) arguments for using one mole of H* per
mole of calcite for NP:AP calculations. The issues with washing out of buffer capacity
should also be kept in mind if a storage solution with addition of neutralizing material is

chosen: if the site is not properly sealed the added buffer capacity can be washed out.
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Fe and Al, major components of the debris, leached in very low concentrations. As
mentioned, Fe released in the pyrite oxidation will by the pH and redox conditions of the
experiment precipitate as Fe (oxy)hydroxides (Appelo & Postma, 2010; Chandra &
Gerson, 2010; Grundl et al, 2011). If pH is reduced, Fe3* becomes soluble and the
scavenging effect of the Fe (oxy)hydroxides ceases. Furthermore, elements previously
removed from solution can be released again causing a plume of contaminants, and the
presence of Fe3* in solution will accelerate the pyrite oxidation (Chandra & Gerson, 2010;
Singer & Stumm, 1970). Muscovite, which likely contains all of the Al in the sample, is
expected to be stable under the observed conditions, but weathering of this mineral and
concomitant great release of Al is expected at lower pH values (Appelo & Postma, 2010;
Hindar, 2010). Thus when a pH drop happens, considerably greater leaching of Al and Fe,
together with a range of trace elements, is expected, with potentially detrimental effects
on the local environment (Hindar, 2010; Rosseland et al., 1990). BaSO4, on the other hand,
has a low solubility also at lower pH values and Ba and 226Ra are not expected to be

released in case of a pH drop.

The results demonstrate that the alum shale from Gran is somewhat resistant towards a
pH drop, and even with drying periods and exchange of water the buffer capacity was not
depleted after 28 weeks. This was also observed in previous leaching results with alum
shale from this area (Fjermestad et al., 2017; Hjulstad, 2015; Weersted et al., in prep.), and
makes the establishment of a storage site easier as there is some time to establish desired
conditions before a pH drop. On the other hand, the results clearly show that a drop in pH
can be expected if oxygen is available and especially if water is exchanged, and rock debris
of this type should be properly stored and precautions for avoiding oxidation should be

made.

4 Conclusions

The effect of water exchange and drying periods on the leaching of alum shale was
investigated. Most measured elements leached the greatest amount in the first cycle - the
first contact with water - giving neutral rock drainage. Thus, when storing alum shale
debris in water, an initial high release of contaminants can be expected, then leaching
rates are expected to decrease for most elements until an eventual pH drop that is likely

to increase leaching and solubility for a range of elements. Some elements showed
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continued leaching in cycle after cycle, especially Ba, 226Ra, Sb, V and Mo, though Ba was

the only element that reached similar concentrations in later cycles as in the first.

Higher concentrations of SO42, conductivity and lower alkalinity indicated a greater
extent of oxidation of sulphides in debris that was allowed to dry in air between leaching
cycles (DRY) compared to the debris kept submerged in water at all times (WET).
However, the differences were rather small, and for some elements the quicker leaching
in DRY was compensated by the longer contact time with water in WET, and the resulting
total leached concentrations were the same. Increased leaching of several investigated
elements, most clearly for Li, V, Mo, SO4 and 226Ra, was observed after periods when the
rock debris was exposed directly to air and allowed to dry. Sb and U leached more in the
WET treatment compared to the DRY. For U, the only factor of importance for the leaching

seemed to be the contact time between debris and leachant.

The results from these experiments clearly demonstrate the challenges of storing alum
shale or other acid-producing rock in water that is not completely stagnant. Exchange of
water not only causes oxygenated water to enter and contaminated water to leach out,
but can also increase leaching of elements with limited by solubility (like Ba and 226Ra)
and wash out important buffer capacity in the form of dissolved carbonates. Washing out
of the inherent buffer capacity of the stored rock masses can increase risk of ARD and
reduce time before onset of ARD. Thus, exchange of the water in a storage site decreases
the buffer capacity of the debris (depletes the carbonates) - with or without oxygen
coming in. Ultimately, wash-out of buffer capacity could potentially transform net
neutralizing rocks (considered safe and not disposed of under special storage conditions)
into net acid-producing rocks. The potential for wash-out of buffer capacity under

different conditions and for different rock types should therefore be further investigated.

While the treatment with drying periods resulted in greater leaching in the duration of
the experiment, the treatment with exchange of water without drying seemed to result in
slightly lower NP:AP values at the end of the experiment, and, thus, in debris with an even
greater potential for ARD. Despite the slight differences, neither of the tested treatments
are recommended for storage of alum shale or other acid-producing rock: if such rock is
stored in water, exchange of water and intrusion of air should be kept at an absolute

minimum.
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Supporting information:

Leaching graphs for Cl-, NOs-, F-, Li, Na, Mg, Sr, Mn, Co, Zn, Ni and As. XRD results and X-ray

diffractograms for alum shale analyses.
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1.1 Leaching graphs

Leaching curves that are discussed but not presented in the article follows here.

1.1.1 Anions
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Figure S 1: Leaching of chloride over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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Figure S 2: Leaching of nitrate-N over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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Figure S 3: Leaching of fluoride over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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1.1.2 Alkali metals
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Figure S 4: Leaching of lithium over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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Figure S 5: Leaching of sodium over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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1.1.3 Alkaline earth metals

Figure S 6: Leaching of magnesium over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and

dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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Figure S 7: Leaching of strontium over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and

dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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1.1.4 Transition metals and group 12 elements
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Figure S 8: Leaching of manganese over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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Figure S 9: Leaching of cobalt over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.
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Figure S 10: Leaching of nickel over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard

deviation of replicate samples. For all sampling points, n=4.
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Figure S 11: Leaching of zinc over time in the cyclic leaching experiment. Results from samples filtered through
0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and dashed (DRY)
lines are connecting average concentrations of samples. The error bars represent one standard deviation of

replicate samples. For all sampling points, n=4.
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Figure S 12: Leaching of arsenic over time in the cyclic leaching experiment. Results from samples filtered
through 0.45 um membrane filters. Each vertical line represents the start of a new cycle. Full (WET) and
dashed (DRY) lines are connecting average concentrations of samples. The error bars represent one standard
deviation of replicate samples. For all sampling points, n=4.

1.2 XRD graphs
Results below show the XRD spectrum (blue line) and the fitted line for quantification
(red line). Results are in % of crystalline material, and thus higher than the results in the

article that are in % of weight.

The results for takovite were excluded from the article, as the concentration was very
low, the mineral composition did not fit with the measured elemental composition of the

debris and the mineral was not expected to be found in this area (Mindat.org, 2019).

1.2.1 Starting material

R-Values
Rexp : 9.52 Rwp : 16.98 Ro : 12.99 GOF : 1.78
Rexp': 23.25 Rwp : 41.48 Rp™ : 42.01 DwWw : 0.71

Quantitative Analysis - Rietveld

Phase 1 "Muscovite 2M1" 60.9(10) %
Phase 2 : Quartz 30.0(8) %
Phase 3 : Takovite 0.5(4) %
Phase 4 : Pyrite 6.2(3) %
Phase 5 : Calcite 2.4(4) %
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121 Figure S 13: XRD spectrum from analysis of the alum shale starting material used for the cyclic leaching
122 experiment.

123
124 1.2.2 WET replicate 1

125 R-Values

126

127 Rexp : 14.15 Rwp : 17.71 Rp : 13.68 GOF : 1.25
128 Rexp': 36.52 Rwp': 45.73 Rp' : 43.28 DW : 1.29

129

130 Quantitative Analysis - Rietveld

131 Phase 1 : "Muscovite 2M1" 55.3(10) %

132 Phase 2 : Quartz 37.4(10) %

133 Phase 3 : Pyrite 6.5(4) %

134 Phase 4 : Calcite 0.7(3) %
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137  Figure S 14: XRD spectrum from analysis of alum shale from one sample after WET treatment.

138

139 1.2.3 WET replicate 2
140 R-Values

141

142  Rexp : 9.01 Rwp : 16.80 Rp : 12.75 GOF : 1.86
143 Rexp': 22.79  Rwp': 42.47 Rp' : 43.16 DW : 0.64
144

145 Quantitative Analysis - Rietveld

146 Phase 1 : "Muscovite 2M1" 63.7(9) %
147 Phase 2 Quartz 29.8(8) ¢
148 Phase 3 : Pyrite 5.9(3) %
149 Phase 4 Calcite 0.6(4) %
150
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Figure S 15: XRD spectrum from analysis of alum shale from one sample after WET treatment.

1.2.4 WET replicate 3

R-Values
Rexp 9.33 Rwp 16.45 Rp 12.64 GOF : 1.76
Rexp': 23.79 Rwp' : 41.92 Rp" 43.16 DW : 0.70

Quantitative Analysis - Rietveld
Phase 1 "Muscovite 2M1"
Phase 2 Quartz
Phase 3 Pyrite
Phase 4 Calcite
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Figure S 16: XRD spectrum from analysis of alum shale from one sample after WET treatment.

1.2.5 WET replicate 4

R-Values
Rexp : 9.08 Rwp : 16.71 Rp 12.83 GOF : 1.84
Rexp': 23.26 Rwp' : 42.81 Rp" 44.48 DW : 0.64

Quantitative Analysis - Rietveld

10
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Figure S 17: XRD spectrum from analysis of alum shale from one sample after WET treatment.

1.2.6 DRY replicate 1

R-Values
Rexp 9.27 Rwp 16.88 Rp 13.09 GOF : 1.82
Rexp': 23.32 Rwp': 42.47 Rp" 43.96 DW : 0.66

Quantitative Analysis - Rietveld

Phase 1 "Muscovite 2M1" 62.6(9) %
Phase 2 Quartz 30.1(8) %
Phase 3 Pyrite 5.7(3) %
Phase 4 Calcite 1.5(4) %
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Figure S 18: XRD spectrum from analysis of alum shale from one sample after DRY treatment.

1.2.7 DRY replicate 2

R-Values
Rexp 8.80 Rwp 17.11 Rp 13.07 GOF : 1.94
Rexp': 22.46 Rwp ' : 43.66 Rp" 45.16 DW : 0.58

11



207 Quantitative Analysis - Rietveld

208 Phase 1 : "Muscovite 2M1" 64.1(9) %

209 Phase 2 Quartz 29.8(8) %

210 Phase 3 : Pyrite 5.7(3) %

211 Phase 4 Calcite 0.4(3) %
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213 Figure S 19: XRD spectrum from analysis of alum shale from one sample after DRY treatment.

214

215 128 DRY replicate 3

216 R-Values

217

218 Rexp : 9.82 Rwp : 16.66 Rp : 12.94 GOF : 1.70
219 Rexp': 24.94 Rwp : 42.33 Rp' : 43.86 DW : 0.79

220

221 Quantitative Analysis - Rietveld

222 Phase 1 "Muscovite 2M1" 62.1(9) %

223 Phase 2 Quartz 31.2(8) %

224 Phase 3 : Pyrite 6.2(3) %

225 Phase 4 Calcite 0.5(4) %
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227 Figure S 20: XRD spectrum from analysis of alum shale from one sample after DRY treatment.
228

229 1.2.9 DRY replicate 4
230 R-Values

231

232 Rexp : 9.45 Rwp : 17.07 Ro : 13.15 GOF : 1.81
233 Rexp': 23.62 Rwp ' : 42.64 Rp® : 43.83 DW : 0.71
234

235 Quantitative Analysis - Rietveld

236 Phase 1 : "Muscovite 2M1" 62.6(9) %
237 Phase 2 : Quartz 30.5(8) %
238 Phase 3 : Pyrite 5.9(3) %
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Figure S 21: XRD spectrum from analysis of alum shale from one sample after DRY treatment.
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